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 CHAPTER 1 
General introduction 
 
 
1.1 Plastic pollution 
Plastic has unquestionable benefits to modern society,1 however, its current 
use leads to pollution of the environment. In 2015 a total of 322 million tonnes 
was produced globally, and this yearly production is still increasing.2 
Although being a very versatile material which also is used in durable 
products, the present use of plastic is for a large part in single-use products. 
About 40% of the plastic production consists of packaging material,2 therewith 
making up the majority of the single use plastic products. For an important 
part of these single used products, emission of pollutants at the production site 
is prevented, consumers take care of proper discard and plastic waste gets a 
new life via down-cycling. In that way, about a fifth of the single use plastic 
reaches the official waste stream, of which about two-third is recovered by 
recycling or energy production and about one-third goes to landfills.2 
However, the other fraction, the fraction of plastic that initiated the necessity 
of this thesis, is the fraction that escapes the pathway from production towards 
recovery. During production, transport, consumption and discard, plastic is 
released to air, soil and water systems. This occurs due to accidents, non-
optimal treatment of waste streams and indifferent user behaviour, and 
happens to plastic of all sizes. The result of the growing plastic production and 
use is that the estimated worldwide emission of 45 thousand metric tonnes 
three decades ago3 has risen by at least two orders of magnitude, as 4.8 – 12.7 
million metric tonnes of plastic entered the ocean in 2010. If no measures are 
taken, this emission will even be increased by another order of magnitude by 
the year 2025.4 The emission of plastic leads to socio-economic and ecological 
harm, and is because of these negative consequences considered pollution. 
Socio-economic harm due to plastic comprises reduction of recreational and 
aesthetic attractiveness, possible human health risks and income loss in, 
amongst others, fisheries, tourism and shipping. Ecological harm includes 
potential negative effects of plastic on species and habitats.5 
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1.2 Plastic size classes 
Most visible are the large plastic items in which we still recognize their 
intended use, like bottles, plastic bags and fishing-nets. First concerns about 
this macroplastic being found on the ocean surface were raised in the scientific 
literature already four decades ago.6,7 However, the public debate about plastic 
in the environment became large during the last decade, when repeated 
discovery of garbage patches, also referred to as plastic islands, and suspended 
tiny plastic particles, in the Netherlands referred to as plastic soup, in 
respectively the ocean gyres and subsequently many seas took place.8,9 Les 
visible than this macroplastic are microplastic particles.10 This second size 
class consists of plastic particles smaller than 1 or than 5 mm.8,11 Although a 
definition ≤1 mm might be more intuitive as it really considers the micro size 
range, a definition of ≤5 mm presently is the most commonly accepted 
definition and will therefore be used in this thesis. Plastic is often transported 
in ≤5 mm pellet form. These microplastic particles are to be melted down and 
formed into products elsewhere.8 Microplastic pellets are known to be 
omnipresent on beaches, due to accidental spillage from ships. Smaller 
microplastic is present in a range of applications, from personal care products 
(PCPs) like scrubs and toothpaste to medicine and air-blasting media.11,12 
When wastewater treatment plants are unable to retain microplastic particles 
from PCPs, they reach surface water via effluent.13 Subsequently, retention in 
sewage sludge can via application on agricultural land cause presence in soils 
and via run-off in surface water.14 These forms of microplastic mentioned so 
far are intentionally fabricated small sized plastic particles, often called 
primary microplastic particles. Another group of microplastic particles is 
formed by unintended degradation from larger plastic items, usually referred 
to as secondary microplastic.11 As plastic is a resistant material, degradation 
is slow. Nevertheless, under harsh user conditions or prolonged exposure to 
sun, waves, wind or (micro)organisms, plastic wears out, becomes brittle and 
disintegrates from the outside. Examples are synthetic fibres released when 
washing clothes, and sheets, threads and fragments from degrading bags, ropes 
and other plastic items.8,13 Apart from macro- and microplastic, a third size 
class of plastic is made up by nanoplastic. A common definition of nanoplastic 
is lacking, from ≤100 nm to also ≤20 µm have been suggested.15,16 In this 
thesis the definition of nanoplastic being ≤100 nm in at least one of the 
particle’s dimensions is used, as this corresponds with the size definition of 
nanoparticles of other types of materials.17 With the latest techniques it is still 
not possible to detect these ≤100 nm particles in environmental samples. 
However, their intended use in consumer products, release by processing 
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plastic by f.e. 3D printing and cutting of styrene foam and expected creation 
by weathering, makes their presence in the environment highly likely.8,15,18 
The small size of micro- and nanoplastic has given rise to concerns about 
special characteristics and therewith size-specific behaviour and effects of 
these particles. This is why the focus of this thesis is on these size classes. 
1.3 Plastic composition 
Environmental plastic consists of different polymer types. Most found 
polymer types in the marine environment represent the globally most produced 
types: polyethylene (PE) in low- and high-density form (LDPE, HDPE), 
polypropylene (PP), polystyrene (PS), polyamide nylon (PA), polyethylene 
terephthalate (PET), polyvinyl chloride (PVC) and cellulose acetate (CA).8 All 
these polymer types are found as macroplastic items, f.e. bags are often made 
of LDPE, jugs of HDPE, rope of PP, foam of PS, netting of PA, PP or LDPE, 
bottles of PET or PVC and cigarette filters of CA. Degradation of these 
macroplastic items, together with intentionally produced microplastic, makes 
that also smaller plastic particles of all these polymer types are found in the 
environment. The different polymer types have different molecular and crystal 
structures and therewith different characteristics. The share of relatively open, 
amorphous versus dens, crystalline structures affects the polymer density: PE, 
PP, PS and PA have densities ≤1.05 kg/L while PET and PVC have densities 
≥1.37 kg/L.8 These different densities might influence the fate of the particles 
that are made of them, as it affects their tendency to either float, suspend or 
settle in water. Furthermore, plastic can contain additives to give it specific 
properties. Plasticizers, stabilizers and flame-retardants are well-known 
examples of additives. Whether environmental plastic still contains those 
additives depends on the diffusivity of the additives and on the time-span of 
the plastic in the environment. Apart from additives present in the plastic since 
manufacturing, plastic can also pick up chemicals during its use and route 
through the environment. As especially hydrophobic chemicals are likely to 
sorb to plastic, the transport of persistent organic pollutants (POPs) is a large 
concern related to plastic pollution.19–21 Ongoing debate on whether or not 
plastic particles will transport contaminants from the environment into 
organisms (vector effect) or out of organisms (cleaning effect) reveals that 
more research on this particular sub-topic is needed. 
1.4 Plastic fate and effects 
Relatively little was known about where in the environment plastic occurred, 
how it behaved and what effects it caused on organisms, until research on this 
topic boomed within the last decade. Macroplastic was found on the ocean 
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surface, seafloor or washed ashore,22 depending on the environment, polymer 
density and on whether it gained extra weight by coverage with marine 
organisms or not. Apparent effects of macroplastic were suffocation of 
organisms that tried to swallow plastic, and entanglement of organisms in 
ropes and nets.23 Also, decaying carcasses of birds unmasked stomachs full of 
plastic items.24,25 Therewith raising the question whether these birds died of 
starvation due to non-nutritious fill or blockage of their intestines.3 The same 
items as found in bird stomachs, and among them microplastic pellets, were 
found when taking a detailed look at beaches. Together with first examined 
fine nets scooped through the ocean gyres,26 this contributed to public debate 
about where the smaller size fraction, the microplastic particles ended up. Next 
to the fate of these particles, it was wondered what effects they caused. 
Suggested effects of microplastic were alteration of sediment porosity, 
shading, diluting the overall nutritious value of food by being a non-nutritious 
fraction in the diet of organisms, blockage of intestines, serving as a vector for 
invasion of alien species and transfer of chemicals into the food chain.5,27,28 
For nanoplastic and the smaller size range of microplastic in particular, 
hypothesised effects were translocation from the intestines into other tissues, 
oxidative stress, immune response and particle toxicity.11,27–30 A new field of 
research emerged, with environmental scientists, oceanographers and most of 
all marine biologists involved.  
1.5 Emerging field of research 
With a main focus on the marine environment, plastic pollution studies started 
on the entanglement of organisms by large plastic items31 and on the 
occurrence of macro- and microplastic in water and biota. More specifically, 
a lot of research was carried out on the occurrence of plastic on the ocean 
surface,8,26 beaches8 and on which species of organisms contained 
plastic.8,25,32–36 These were very sensible first steps to get insight in the 
magnitude of the pollution of the environment with plastic. Subsequent steps 
for the abiotic environment were to expand our knowledge on occurrence on 
the ocean surface and beaches37 to seas, freshwater38 and include the water 
bottom sediment.39 Further steps for the biotic environment were to analyse 
which species would take up plastic under which circumstances and what the 
effects of this uptake were.29,40 These subsequent steps would provide insight 
in the behaviour of plastic in the abiotic environment and the effects on 
organisms. This is where this thesis started.  
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1.6 Knowledge gaps 
At the time this thesis started it was unclear to what extent micro- and 
nanoplastic particles pose a risk to aquatic life. This unclearness about risk 
entailed both lack of understanding with respect to the 1) fate of micro- and 
nanoplastic in the abiotic and 2) biotic environment, and the 3) physical and 
4) chemical effects on the biotic environment. Gap 1: Transport patterns of 
floating plastic on the ocean surface were fairly clear and macro- and 
microplastic on beaches encountered. Inland emitted plastic was hypothesised 
to be transported down the drain, adding upon the encountered marine plastic 
islands.13 However, uncertain was whether retention in freshwater systems 
would occur and only very first measurements were done there.38 Also, no 
differentiation between the fate of different plastic sizes and types was 
included. Gap 2: Around the fate of plastic in biota, several questions were 
unanswered. It was unknown whether ingestion of plastic by organism could 
lead to uptake beyond the gut system into the tissues of organism.41 Ingestion 
by organisms was expected to result in accumulation of plastic in these 
organisms and subsequent transfer along the food chain, from algae to 
zooplankton to higher organisms, but this was not confirmed. Gap 3: Ingestion 
of plastic was hypothesised to have a likely negative effect on organisms. 
Suffocation and entanglement were apparent effects of macroplastic but 
whether the suggested types of effects of micro- and nanoplastic on organisms 
indeed occurred was uncertain, as well as their effect thresholds. Gap 4: In 
particular one hypothesised effect of micro- and nanoplastic received a lot of 
attention, namely the possibility of plastic functioning as a vector,19–21 
transporting other pollutants from the surrounding environment into 
organisms. However, whether this indeed entailed an important consequence 
of exposure to micro- or nanoplastic, was unknown. 
1.7 A need for quantification of mechanisms 
When this thesis started, research on plastic debris in the aquatic environment 
was mostly descriptive. For instance for the Pacific Ocean and Mediterranean 
Sea appearance of floating plastic was described and outcomes were given in 
numbers of particles per surface area.26,42 Furthermore, occurrence of plastic 
in many species was described, often reporting numbers of particles per 
organism and % of organisms containing plastic.34–36,43–47 Therewith, the main 
focus was at raising attention for plastic pollution itself and to a lesser extent 
at getting insight in the mechanisms underlying the observations. A systems 
analysis approach aiming at quantitatively understanding mechanisms 
underlying what was observed in the field, seemed to lack. Nonetheless, a 
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mechanistic understanding and quantification of occurrence, fate and effects 
of micro- and nanoplastic is needed to assess risk, to decide on risk mitigation 
and to mitigate the risk of micro- and nanoplastic to the environment and 
human health. Plastic in the environment might be a relatively recent type of 
pollution and therewith a relatively young field of research. However, all the 
aforementioned knowledge gaps relate to issues addressed by and methods 
developed in other research fields. For example, sediment transport models, 
analytical techniques for analyses of (fluorescent) algae and nanoparticle 
behaviour, organism mass balances, food web models, ecotoxicological 
exposure assays and passive samplers have been used before and might 
beneficial in understanding mechanisms behind plastic fate and effects. As 
using this existing knowledge and methods could accelerate insight in risks of 
plastic in the environment, this thesis specifically aimed to quantitatively 
address the micro- and nanoplastic knowledge gaps at stake, thereby 
integrating knowledge and tools from adjacent disciplines and lessons learned 
from assessment of more traditional pollutants. 
1.8 Aim of this thesis 
This thesis aims to quantitatively address the following four major general 
knowledge gaps on micro- and nanoplastic: 
- To what extent do biotic and abiotic processes influence the 
transport and fate of micro- and nanoplastic, therewith affecting their 
aquatic fate? 
 
- To what extent does exposure to micro- and nanoplastic lead to 
uptake in organisms? 
 
- What are the particle effects of micro- and nanoplastic on organisms, 
and at what thresholds? 
 
- What are the effects of ingestion of micro- and nanoplastic by 
organisms on bioaccumulation of plastic associated chemicals, and 
at what thresholds? 
 
- To what extent are micro- and nanoplastic a risk, when 
environmental exposure concentrations and effects on organisms are 
compared to one another? 
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1.9 Outline 
After this general introduction and outline of the thesis in Chapter 1, the 
above mentioned knowledge gaps are addressed. Chapter 2 – 7 touch upon 
those knowledge gaps by six studies that relate to these gaps. These studies 
follow the route that a plastic particle might follow through the environment, 
from freshwater on to the marine system (Figure 1.1). In Chapter 8 these 
studies are combined to provide a provisional assessment of the ecological 
risks of microplastic. In short what is outlined in each chapter: 
Chapter 2 addresses the mechanisms of fate and transport of micro- and 
nanoplastic. This is done for a river, as rivers are considered important carriers 
of microplastic to the oceans. By developing a transport model for plastic and 
performing scenario studies, the effect of several abiotic and biotic processes 
in rivers on the transport and retention of plastic particles is assessed. Plastic 
particles ranging from the nanoscale (100 nm) to microplastic (<5mm) - up to 
small macroplastic scale (10 mm) are included. Because plastic particles come 
in different sizes, but are also composed of different polymer types and can 
occur as either pristine or fouled particles, the effect of these varying 
characteristics on their aquatic behaviour was investigated. Therewith, this 
modeling study reveals under which conditions, which particles are likely to 
be found in either riverine water or sediment. Furthermore, it points out 
whether and where hotspot locations are to be expected and whether riverine 
transport of micro- and nanoplastic is likely to contribute to pollution of the 
marine environment. 
From Chapter 3 onwards we assess effects of micro- and nanoplastic, starting 
with physical effects of pristine versus fouled nanoplastic. The first two 
trophic levels of the freshwater food web are exposed, namely algae and 
zooplankton species. Endpoints chlorophyll-a concentration, survival, growth 
and reproduction quantity and quality are assessed. High concentrations are 
included to provoke effects, such that effect thresholds can be quantified. 
Effect thresholds are subsequently compared with environmentally relevant 
concentrations. We consider the resilience of aquatic organisms both with 
plastic as a single stressor, as well as in a multiple stressor environment, by 
adding treatments with predator hormones. If plastic is a stressor to aquatic 
life, this stressor is expected to be one amongst multiple stressors such as 
toxicants, food scarcity, oxygen depletion and predators. As such, exposure to 
multiple stressors increases environmental realism and allows indication of 
interaction effects between stressors.  
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In Chapter 4 we address both particle effects and chemical effects by 
exposure to different microplastic concentrations. A benthic marine deposit 
feeder from the base of the North Sea food web is exposed to polystyrene 
microplastic in presence of polychlorinated biphenyls (PCBs). Differences 
between ingestion and egestion are used to infer the likeliness of accumulation 
in the subjected species and transfer along the food web. Fitness indicators 
survival, feeding activity and bodyweight are assessed, as well as transfer of 
PCB congeners from plastic and sediment to the worms. For the first time, the 
relation between exposure to different microplastic concentrations and 
changes in body burden concentrations of persistent organic pollutants (POPs) 
like PCBs is investigated with a bioassay. Additionally, biota to sediment 
accumulation factors (BSAFs) on a biota dry weight basis are assessed. A 
comparison of the findings with environmentally realistic concentrations is 
made, as well as a reflection on differences in chemical partitioning processes 
in a bioassay versus the marine environment. 
In Chapter 5 we continue with the chemical transfer between organisms and 
their surroundings when exposed to microplastic, by developing a 
bioaccumulation model that is capable of simulating chemical transfer from 
ingested plastic. Within this quantitative framework, the exposure assay of the 
previous chapter is simulated. Subsequently an extrapolation to the open ocean 
scenario is made, where due to the relative excess of pollutants microplastic 
only marginally affects sediment and aqueous phase concentrations of POPs. 
Different possible processes of plastic affecting concentrations of POPs are 
distinguished: ‘diluting’ POP exposure concentrations, ‘carrying’ POPs from 
the environment towards an organism and ‘cleaning’ POPs from an organism. 
The importance of these processes in laboratory versus environmental setting 
is distinguished for different polymer types and particle sizes. Thereafter, the 
outcomes are put in the perspective of a risk assessment. 
Chapter 6 uses the insights from the previous chapters to optimize a bioassay 
for revealing effects of microplastic on transfer of chemicals between 
organisms and the environment. Again a benthic marine deposit feeder is 
exposed, this time to the polymer type polyethylene, which has a higher 
affinity for POPs than the polystyrene used in Chapter 4. Novel in 
microplastic exposure assays, the following further technical improvements 
are implemented: quantification of exposure through all media using passive 
samplers, and assessment of uptake fluxes through all natural exposure 
pathways. PCB concentrations in the worms are normalised on lipid content 
of the organisms, in order to derive biota sediment accumulation factors 
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(BSAFs), bioaccumulation factors (BAFs) and a new metric to assess 
bioaccumulation from media containing plastic: the biota plastic accumulation 
factor (BPAF). The plastic inclusive bioaccumulation model of Chapter 5 is 
used to support the interpretation of the presented bioassay. Subsequently, a 
reflection is provided on the importance of chemical transfer in the risk 
assessment of microplastic. 
In Chapter 7 microplastic is studied in the intestines of a stranded humpback 
whale. Until now no data was available on microplastic ingestion in whales. 
By showing the presence of microplastic in whales, this study adds to the 
database of species in which microplastic is detected. The non-natural content 
of the humpback intestines is analysed by FTIR (Fourier transform infrared) 
to confirm the polymer composition of the particles. The detected polymer 
types are compared to globally produced quantities of polymers and polymers 
mostly used in marine activities. Furthermore, based on the microplastic 
findings in the humpback whale we lay the foundation of a quantitative 
approach to assess bioaccumulation of microplastic particles, by linking 
microplastic counts in the whale intestines to known microplastic 
concentrations in the ocean. As such, we get an indication of whether 
humpback whales are likely to accumulate microplastic from their prey and 
the water, or that their intestines contain concentrations that just correspond 
with the concentrations in the water. 
In the final Chapter 8 we reflect on the current status of the research field. 
The content of this thesis is combined with findings of others to state to what 
extent the mentioned knowledge gaps continue to exist. We assess exposure 
in the environment by reflecting on what concentrations are found in different 
media. Additionally, we nuance how fate is thought to be influenced by 
particle characteristics, biotic and abiotic processes based on models. We 
evaluate the (thresholds of) particle as well as chemical effects of micro- and 
nanoplastic on organisms and put this in perspective of ecological 
consequences by providing a provisional species sensitivity distribution. By 
comparing the fate and uptake with effects levels of aquatic micro- and 
nanoplastic, we provide a provisional quantification of their risk. 
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CHAPTER 2 
Fate of nano- and microplastic in freshwater 
systems: a modeling study 
 
Published as: Besseling, E., Quik, J.T.K., Sun, M., Koelmans, A.A., 2017. 
Fate of nano- and microplastic in freshwater systems: a modeling study. 
Environmental Pollution 220, 540–548 
 
Abstract 
Riverine transport to the marine environment is an important pathway for 
microplastic. However, information on fate and transport of nano- and 
microplastic in freshwater systems is lacking. Here we present scenario studies 
on the fate and transport of nano- to millimetre sized spherical particles like 
microbeads (100 nm – 10 mm) with a state of the art spatiotemporally resolved 
hydrological model. The model accounts for advective transport, homo- and 
heteroaggregation, sedimentation-resuspension, polymer degradation, 
presence of biofilm and burial. Literature data were used to parameterize the 
model and additionally the attachment efficiency for heteroaggregation was 
determined experimentally. The attachment efficiency ranged from 0.004 to 
0.2 for 70 nm and 1050 nm polystyrene particles aggregating with kaolin or 
bentonite clays in natural freshwater. Modeled effects of polymer density (1 – 
1.5 kg/L) and biofilm formation were not large, due to the fact that variations 
in polymer density are largely overwhelmed by excess mass of suspended 
solids that form heteroaggregates with microplastic. Particle size had a 
dramatic effect on the modeled fate and retention of microplastic and on the 
positioning of the accumulation hot spots in the sediment along the river. 
Remarkably, retention was lowest (18-25%) for intermediate sized particles 
of about 5µm, which implies that the smaller submicron particles as well as 
larger micro- and millimetre sized plastic are preferentially retained. Our 
results suggest that river hydrodynamics affect microplastic size distributions 
with profound implications for emissions to marine systems.
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2.1 Introduction 
Land-based sources are thought to make a large contribution to plastic debris 
in the oceans.4,48 Plastic items come in a wide variety of sizes and types, with 
microplastic (<5 mm) being a size class of growing concern due to possible 
impacts on marine life. Indeed, microplastic can negatively affect organisms 
in freshwater and marine environments (Chapter 3, Chapter 4).49–54 
Microplastic has been detected in the marine environment39,55,56 and, more 
recently, also in freshwater.38,57–61 One major route for the occurrence of small 
plastic particles in the environment is expected to be wastewater, containing 
plastic particles from cosmetics and fibres from washing synthetic clothes.13 
The other route is thought to be degradation of larger plastic items, which has 
the potential to release large numbers of microplastic particles.62  
To date, techniques for detecting microplastic particles in natural samples are 
still in their infancy. Although important progress is being made in the 
development of detection methods,60,63,64 present methods still are 
insufficiently distinguishing for some particle sizes and completely lacking for 
others.65 The occurrence of nanoplastic is very plausible,66 however, current 
techniques are not yet capable of demonstrating their presence in the 
environment.15,67 When microplastic from domestic sources passes 
wastewater treatment plants, or is formed by degradation of larger items, this 
leads to contamination of aquatic systems. It is generally hypothesised that 
once reaching surface water, plastic particles will be transported with the 
water, along rivers and into the sea. However, because of the limitations in 
standardized detection methods, the wide variability of plastic types and sizes, 
and insufficient knowledge on the mechanisms driving the fate of nanoplastic 
in rivers, support for this hypothesis is lacking. Therefore, there is a high need 
for the parallel development of tools that provide mechanism-based 
hypothesis on system behaviour that can be experimentally validated later on. 
This is similar to the development of nanoparticle models where first simple 
mass flow models evolved into validated spatiotemporal explicit models.68 
Fate models might also provide information on which particle sizes are 
retained in rivers, which in turn defines which size classes freshwater species 
are exposed to, and which size classes reach the marine environment. For 
instance, a relative lack of millimetre sized plastic was found in the plastic size 
distribution of the marine environment, which was hypothesized to be caused 
by size-selective oceanic sinks.69 However, unexpected particle size 
distributions in marine ecosystems may be attributed to differential retention 
of plastic size categories in rivers. 
Freshwater fate modeling 
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We are not aware of earlier studies that use a fate model for plastic in rivers. 
Here, we simulate the transport of nano-, micro-, and millimetre sized 
spherical or near-spherical plastic particles in freshwater with a hydrodynamic 
model. The model simulates spatially and temporally explicit hydrodynamic 
particle behaviour, accounting for advective transport, particle aggregation, 
sedimentation, resuspension, polymer degradation and burial. We model 
polymer particles from 100 nm to 10 mm, and account for biofilm formation. 
For engineered nanomaterials, previous model studies showed that 
aggregation with suspended solids and subsequent sedimentation is the most 
likely removal process for these particles in water.70–72 The rates of these 
processes are important for microplastic as well, as they will determine the 
extent to which transport or transformation occurs.  
The aim of this study is to analyse the theoretical fate and retention of plastic 
in a river using modeling, and to analyse the dependence of these endpoints 
on upstream initial microplastic concentration, particle size, polymer density 
and presence of biofilm. Following earlier nanoparticle study approaches70–72 
our aim was to model plastic fate mechanistically within uncertainty limits, 
but even more so to launch a concept that can trigger further development of 
models. Prospective modeling based on first principles can provide guidance 
for monitoring network design and for identifying priorities for the mitigation 
of plastic contaminated sites. Parameters were taken from the literature. 
Heteroaggregation, the aggregation of nano- and microplastic with suspended 
solids, is highly affected by the efficiency of attachment between these 
particles, αhet, a parameter which however is unknown for nano- and 
microplastic. This uncertainty was accounted for by scenario studies that used 
different values for αhet. To assess which of these scenarios for αhet may be 
more likely, values for αhet in natural water were experimentally determined 
and used as input in the model. The scenario studies were performed using 
hydrodynamic data of the Dommel river, which represents a realistic case 
study showing the spatiotemporal distribution of microplastic particles of 
different size, and which allows for the detection of accumulation hot spots. 
To cover the variety of (spherical) plastic particles, different scenarios are 
studied with a range of particle sizes, attachment efficiencies, with and without 
biofilm formation, several polymer densities and varying upstream 
concentrations. 
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2.2 Materials and methods 
2.2.1 Experimental determination of the attachment efficiency 
(αhet) between nanoplastic, microplastic and clays 
Heteroaggregation was studied in three experiments for two plastic particle 
sizes and two clay types representing suspended solids. These aggregation-
sedimentation experiments of plastic with suspended solids were performed 
in 0.9 L glass columns (diameter 5 cm, height 43 cm) with natural lake water 
(Wageningen, Droevendaalsesteeg) filtered through 0.7 µm (Whatman, 
GF/F). The suspended solids kaolin clay (Fluka 60609) or bentonite clay 
(Sigma 285234) were dispersed at a concentration of 5 mg/L, which is a 
representative value for rivers with low discharge.73,74 Either 70 nm or 1050 
nm polystyrene (Chapter 3)49,75 was mixed with the lake water at a 
concentration of 50 mg/L. These plastic concentrations were chosen to be 
higher than in the environment for accurate detection. This agrees to recent 
approaches to determine αhet for engineered nanomaterials.73,76 Supernatants 
were sampled after settling times of 20 and 40 minutes, 1, 4 and 6 hours and 
1 - 3 days and directly measured by Dynamic Light Scattering (DLS), using a 
Cobolt Samba-300 DPSS laser at a wavelength of 532 nm, an ALV7002-USB 
as correlator and an ALV PM-15 as detector,52 with linear calibration lines 
between 0 and 50 mg/L (R2 > 0.93). Representative subsamples of the same 
supernatants were stored for 1 day in the refrigerator and analysed by 
spectrophotometry (DU® 730 Life Science UV/Vis Spectrophotometer 
A23616) at a wavelength of 310, 470 and 600 nm, with linear calibration lines 
between 20 and 100 mg/L (R2 > 0.98). Values for αhet were calculated 
following the method of Barton et al.74 using the data obtained by both 
detection methods (calculation provided in the Appendix).  
2.2.2 Modeling the fate of spherical nanoplastic and 
microplastic 
The fate of microplastic was modeled with the NanoDUFLOW model,71 
parameterised for the investigation of plastic particle behaviour in riverine 
systems, including for the first time micro- and millimetre sized plastic 
particles. Using traditional particle model concepts that were, amongst others, 
used for suspended solids, colloids and algae77–79 and more recently in (nano-
)particle transport models,70–72,80,81 we described plastic particle behaviour as 
a function of (plastic) particle related processes homo- and heteroaggregation, 
sedimentation based on Stokes settling theory, and degradation, dissolution, 
resuspension and burial. Homoaggregation, the mutual aggregation of 
particles, was included following a simplification as described by Quik et al.71 
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To be able to study the effect of microplastic particle size, scenarios were 
calculated for monodisperse plastic particles, so no mixture interactions 
between plastic particles of different sizes were included. Accordingly, 
heteroaggregation, the aggregation of plastic particles with suspended solids, 
was included by assuming five size classes of suspended solids interacting 
with one size class of plastic particles and four size classes of plastic 
homoaggregates. While theoretically more than one microplastic particle can 
attach to one suspended solid, it has been demonstrated for nanoparticles that 
the chance this happens is low.72,73,82 This is caused by the excess number 
concentration of natural colloids and suspended solids in rivers, compared to 
that of nanoparticles, which also holds for micro- and nanoplastic (Table A2.2, 
Eerkes-Medrano et al.,61 Lenz et al.,83). Therefore, only primary 
heteroaggregates, that is, aggregates of a natural colloid with one plastic 
particle or one homoaggregate, were considered. This approach might be less 
suitable for shapes like fibres, that may aggregate through knotting and/or may 
exhibit non-Stokes settling behaviour.  
Heteroaggregation rates were calculated as the product of (a) the collision 
frequency in which orthokinetic, perikinetic and differential settling were 
accounted for (Eq. A2.5), and (b) the attachment efficiency71 (Eq. A2.4). The 
modeled river system was a 40 km stretch of the river Dommel, a Dutch 
lowland river, with a flow velocity averaging 0.199 m s-1 (Table A2.1). Water 
works present in the Dommel are a sediment settling area at 14.4 km flow 
distance and multiple weirs. A wastewater treatment plant (WWTP) in the city 
of Eindhoven discharges at the river Dommel.84 A simulation time of 9 days 
was used. No storm, rain or other weather influences were investigated in this 
scenario study. The DUFLOW hydrological component for the Dommel has 
previously been validated.85 The NanoDUFLOW particle model has recently 
been validated for metal-based submicron (<0.45 µm) particles.84 A detailed 
description of the present implementation is provided in the Appendix. R 
Studio software v0.98.97686 was used to control DUFLOW calculations and 
to process model output. Interpretation of NanoDUFLOW simulation results 
was assisted by modeling several particle specific sub-processes independent 
of the hydrological model, like modeling the collision rate and settling rates 
as a function of particle size according to Eqs. A2.5 and A2.8. 
NanoDUFLOW, including the equations, is described in detail in the 
Appendix. 
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2.2.3 Parameterization  
Particle diameter. The modeled plastic particles were assumed to be spherical. 
The model was run for twenty-five microplastic diameters in the range from 
100 nm to 10 mm. For all these particle diameter scenarios, the upstream 
microplastic input concentration was kept equal in mass, resulting in 
decreasing particle number concentrations with increasing diameter (Table 
A2.4C). 
Collision frequencies. The collision frequencies were calculated according to 
Quik et al.71 (Eq. A2.5), who followed traditional approaches for non-
nanoparticles.77,78 This required inputs of particle radius and density, which 
could be taken directly from the defined scenarios.  
Attachment efficiency. For the attachment efficiencies, α, in freshwater for 
both homo- and heteroaggregation, a default value of 0.01 was used.74,87 We 
used literature values for nanoparticles as a proxy to motivate our default 
values as they comprise a broad range of suspended solid types. Due to the 
relative low concentration of the spherical plastic particles compared to 
suspended solids, homoaggregation plays a negligible role compared to 
heteroaggregation,71,73,88 which renders the model output insensitive to 
uncertainty in the attachment efficiency for homoaggregation. The importance 
and the uncertainty of the attachment efficiency for heteroaggregation (αhet) 
may be higher.72,74,78,82,89,90 Therefore, following Praetorius et al.72 the model’s 
sensitivity to the magnitude of αhet was investigated by a scenario approach in 
which αhet was ranged from no (αhet = 0) to complete (αhet = 1) attachment. 
Additionally, αhet for nano- and microplastic was estimated from aggregation-
sedimentation experiments as described above.  
Biofilm. While part of the particles may have no biofilm because they are 
freshly emitted or deposited from the atmosphere,91,92 another fraction of 
plastic particles entering aquatic systems like river Dommel can be assumed 
to be already colonized by biofilms87,93–97 and it is likely that this affects the 
hydrodynamics of the particle behaviour. We therefore provide simulations 
without as well as with biofilm. Biofilm formation is likely to alter the fate of 
microplastic by affecting diameter, overall density and attachment efficiency. 
Biofilm formation was included by adding on the particles a 0.4 µm thick 
biofilm layer, representing average bacteria width,98 with a density of 1250 
kg/m3, representing the density of organic matter.99 Bacterial cell density can 
be lower (e.g. Godin et al.100), which implies that the modeled effect of biofilm 
can be seen as a maximum boundary. Attachment efficiencies are 
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heterogeneous in nature, but previous work has shown that on the system level, 
average values can be used.71,72,80,84 Although being subject to uncertainty, 
biofilms have been found to increase the attachment efficiency of 
nanoparticles 2 – 3 times.70,87 Therefore, we explored the effect of increased 
attachment efficiencies of 0.02 and 0.03 for the biofilm scenarios.  
Polymer density. By default, microplastic was assigned a density of 1040 
kg/m3, which is the average of polymer densities found in the marine 
environment.8 Furthermore, polymer density was varied from 1000 – 1500 
kg/m3, representing a wide range of polymer types and with 1000 kg/m3 also 
representing non-settling plastic. For the scenarios with different polymer 
densities, the upstream plastic input concentration was kept constant on a 
volume basis.  
Upstream concentration. A default upstream plastic mass concentration of 1 
ng/L was used. This concentration represents the average order of magnitude 
of published concentrations of microplastic in freshwater (Table 
A2.2).38,57,58,101 Besides this ‘realistic’ simulation, we performed simulations 
that studied the proportionality of predicted concentrations to the initial 
concentration, because initial concentration might as such affect the fate of 
particles.71 Hence, additional scenarios were analysed with upstream input 
concentrations varying by a factor of 106, i.e. a factor 102 lower and a factor 
104 higher than the default upstream concentration.  
Burial and degradation. Burial to lower sediment layers was included with a 
rate of 3.17 × 10-9 s-1.102 Plastic degradation and abrasion in water and sediment 
were modeled as first order removal processes. The first order removal rate 
constant for biodegradation was set at 6.81 × 10-9 s-1 based on a maximum 
biodegradation of 1.75% per month observed by Harshvardhan and Jha 
(2013). Whereas degradation and abrasion processes may play a role at very 
long time scales, the estimated kinetic constants are too low to affect transport 
and retention given the present flowtimes for the river Dommel. This also 
renders the model output insensitive to uncertainty in the parameters for 
degradation. Further parameterization was as specified in the Appendix (Table 
A2.1, A2.5). 
Chapter 2 
26 
2.3. Results and discussion 
2.3.1 Attachment efficiencies (αhet) for heteroaggregation of 
nanoplastic and microplastic with suspended solids 
There are several published methods to estimate αhet values from experimental 
aggregation data,73,74,76,104 the discussion of which is beyond the scope of this 
hydrological modeling chapter. Here, we pragmatically estimated αhet values 
for two near-spherical plastic particle sizes with two clay types in three 
combinations in natural freshwater following a procedure previously applied 
to nanoparticles.74 For 70 nm polystyrene with kaolin clay the average αhet for 
triplicates each measured by two detection methods (see below) was 0.04 
(range 0.004-0.07) and with bentonite clay 0.1 (range 0.09-0.1). For 1050 nm 
polystyrene with bentonite clay αhet was on average 0.09 (range 0.06-0.2) 
(Table A2.6). As far as we know, these are the first aggregation data reported 
for nano- and microplastic in natural lake water. The type of suspended solids 
(i.e. kaolin vs. bentonite) slightly affected αhet, which confirms earlier findings 
that attachment efficiencies in the environment partly depend on the 
characteristics of suspended solids.73 The two detection methods DLS and 
spectrophotometry gave very comparable outcomes in particle numbers. The 
experimentally determined values ranged between 0.004 and 0.2 and thus are 
close to the values that were taken from the literature to motivate our default 
values74,87 and therefore support using these values in the modeling, as 
discussed further in the next sections. At the same time, we emphasise that our 
experiments are the first that use nano- and microplastic particles for hetero-
aggregation experiments and that they will not apply equally to plastic 
particles of all shapes, like for instance fibres. To fully understand the 
aggregation characteristics of the wide variety of nano- and microplastic 
particles in the aquatic environment, more research is recommended.  
2.3.2 Modeling the fate of nano- and microplastic in water and 
sediment of the Dommel river 
Simulated concentrations of nano- and microplastic: To study the effect of 
microplastic particle size on spatial distribution, transport in the river Dommel 
was modeled for 25 microplastic size classes separately. Within 5 days of 
simulation time, microplastic concentrations in the water reached steady-state 
over the entire 40 km river stretch, thus confirming the sufficiency of a 9 days 
simulation period for all size classes (Fig. A2.5A). For the sediment, however, 
steady-state is not reached within the 9 days simulation period (Fig. A2.5B-
D). The locations of peak concentrations in sediment are mainly related to the 
emission scenario and spatial properties of the river Dommel. The height of 
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these peak concentrations largely depended on particle size of either plastic 
(Pl) or natural (SS) particles (Fig. 2.1). Particles <5 µm reached their highest 
concentrations in the sedimentation area 14 km downstream, whereas bigger 
particles settled earlier upstream (Fig. 2.1D, F, H, Fig. 2.2). Within the 9 days 
simulation period, peak concentrations in sediment of (a) up to 13 µg/kg were 
reached within 1 km from the source (Fig. 2.1J, plastic particle diameter >500 
µm), (b) up to 0.1 µg/kg in the sedimentation area 14 km downstream (Fig. 
A2.1R, plastic particle diameter 50 µm) and (c) up to 0.01 µg/kg at the end of 
the 40 km river stretch (Fig. A2.1A, C, E, N, P, plastic particle diameter <500 
nm and 10-20 µm). The settling of plastic particles to the sediment phase 
resulted in a linear increase in sediment concentrations with a maximum rate 
of 1.5 µg kg-1 day-1 for the >500 µm particles within 1 km from the source, a 
maximum of 1.2 × 10-2 µg kg-1 day-1 for the ~50 µm sized particles in the 
sedimentation area and a maximum of 1.5 ng kg-1 day-1 for the nano and 10-
20 µm sized particles at the end of the river system (Table A2.3, Fig. A2.5B-
D). By combining these accumulation rates with the loss rates from the 
sediment by burial, steady-state concentrations can be calculated.82,102 The 
maximum steady-state concentration in the river stretch was 5 mg/kg, which 
was reached for >1 mm particles at <1 km from the source (Fig. 2.2, Table 
A2.3). However, for most other sizes and locations the steady-state 
concentrations were a factor 2 to 15 lower. The calculated steady-state 
concentrations within 1 km from the source (Fig. 2.2) correspond with 
concentrations of microplastic found by Wagner et al.16 in sediment in Europe 
of 34-64 particles/kg, which, with a size of 102-103 µm based on their figures 
and a particle weight of 5 µg per particle,105 would be around 0.25 mg/kg. 
Spatial distribution of nano- and microplastic: The concentration profiles of 
nano- and microplastic in the water and sediment were clearly related to the 
spatial characteristics of the river section and the size of plastic particles (Fig. 
2.1). Here, spatial characteristics relate to differences in river width, depth and 
flow rate (Table A2.1) resulting in net sedimentation and resuspension areas.71 
The 100 nm singular nanoplastic particles (Pl1) show a gradual decrease in 
concentration in the water phase, coupled to an increase in concentration of 
heteroaggregates (Fig. 2.1A). There is no sharp decrease in 100 nm 
nanoplastic concentration at the sedimentation area after 14.4 km, which 
implies that their removal from the water column is by aggregation with 
suspended solids and barely by direct settling. With increasing size of the 
plastic particles (Fig. 2.1, Fig. A2.1), removal of singular particles from the 
water phase occurs earlier, i.e. within a shorter flow distance. This can be 
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explained from the dependence of the various sub-processes with particle size. 
First, the rates of direct Stokes settling increase substantially with size (Fig. 
A2.6A, Table A2.4B). Whereas settling of smaller plastic particles is 
dependent on their aggregation with suspended solids (governed by αhet in Fig. 
2.3A), larger plastic particles settle at a rate which is independent of the 
heteroaggregation rate. Second, the frequencies of the collisions between 
 
Figure 2.1. Spatial distribution of plastic over a 40 km river stretch. Plastic concentrations are 
given for the water column (left-sided panels) and for sediment (right-sided panels). These 
concentrations are reached after nine days of plastic input into the river, representing steady-
state concentrations for the water column and intermediate state for the sediment. Different 
sections along the river are characterised by either net sedimentation or net resuspension, 
sections with net resuspension show no accumulation of plastic in the sediment. From top to 
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bottom panels are ordered based on the order of increasing initial plastic particle size. The 
simulations used default settings with an average density of 1040 kg/m3, which is similar to that 
of polystyrene. The upper curves in the panels indicate the total concentration of microplastic, 
whereas the coloured areas indicate how plastic particles in singular form (Pl1) and plastic in 
heteroaggregates (SS1-5Pl1-5) with suspended solids of different size classes (SS1-5), contribute 
to the total concentration. Homoaggregate (Pl2-5) concentrations were negligible and therefore 
not visible in the figure. Heteroaggregate concentrations are plotted as sum for SSxPl1-5, though 
are mainly composed of SSxPl1. 
plastic particles and suspended solids depend on the relative sizes of plastic 
particles and suspended solids due to altered orthokinetic aggregation and 
differential settling resulting in formation of heteroaggregates (Fig. A2.6E-F, 
Table A2.4D). Heteroaggregation rates depend on particle number 
concentrations, which are highest for the smallest size class (Eq. A2.4, Fig. 
A2.6B, Table A2.4C). Initially, heteroaggregate concentrations in the water 
phase increased for all particle sizes and subsequently decreased due to 
settling of the heteroaggregates, which occurred predominantly within 1 km 
from the input source for particles ≥5 µm, and at the sedimentation area at 14 
km for particles <5 µm (Fig. 2.1, Fig. A2.1). This corresponds well with peak 
concentrations in the sediment, as mentioned above. Homoaggregation played 
a minor role compared to heteroaggregation due to lower collision frequencies 
(Fig. A2.7, Table A2.4B),71 causing that homoaggregate concentrations are 
not visible in Fig. 2.1. 
Retention of microplastic with implications for transport to sea: Using the data 
from the default scenario presented in Figure 2.1, the retention of microplastic 
in the 40 km river stretch was calculated as the percentage of the upstream 
microplastic input concentration that remained within the sediment of the 40 
km river stretch. Remarkably, the relationship of retention with microplastic 
particle size was not monotonous but showed two maxima, up to 60% for 
plastic particles ≤1 µm and up to 100% for plastic particles ≥50 µm, with a 
clear minimum in between where retention was only 18% for particles of ~4 
µm (Fig. 2.3A). This typical pattern in retention for particles with increasing 
diameter was caused by a trade-off between sedimentation of heteroaggregates 
(driven by the larger size and higher density of the suspended solids), and 
sedimentation of the plastic particles. For plastic particles between 100 nm 
and 2 µm, increasing the diameter resulted in a reduced sedimentation rate of 
the heteroaggregates and for bigger plastic particles a larger diameter resulted 
in an increased sedimentation rate of the heteroaggregates (Table A2.4B).  
If we know the percentage of microplastic retained in the 40 km river stretch, 
we can calculate how many stretches i.e. what distance is needed to retain 99% 
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of the microplastic in the sediment of a river (RD99). This assumes that on 
average, retention percentages will be roughly similar across river stretches of 
this length, an assumption the validity of which of course is highly dependent 
on river morphology. The rationale for extrapolating to such a percentage is 
that discharges further from sea than the RD99, can be assumed to mainly 
contribute to plastic pollution in freshwater, whereas discharges within the 
RD99 will contribute to plastic pollution in both the fresh and marine 
environment. The RD99 was calculated by linear interpolation where this 
distance lied within 40 km and by exponential extrapolation where this 
distance lied further away than 40 km. Highly depending on particle size, the 
RD99 was calculated to be around 200 km for nanoplastic and reaches up to 
>900 km for microplastic, whereas millimetre sized plastic retained within a 
few kilometres (Fig. 2.3B). These calculations thus imply that for river 
morphologies like that of the Dommel, the intermediate size class of 
microplastic is preferentially transported downstream. 
 
Figure 2.2. Steady-state plastic concentrations in sediment at a distance within 1 km from the 
input source, at the main sedimentation area 14.4 km downstream and at the end of the 40 km 
river stretch. Steady-state concentrations based on linear increase rates by aggregation and 
sedimentation, and loss due to burial (Table A2.3). 
Effect of attachment efficiency, biofilm formation, polymer density and input 
concentration on retention: Attachment efficiency. We used a default 
attachment efficiency for heteroaggregation αhet of 0.01, whereas we showed 
experimentally that the attachment efficiency is very similar within error 
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limits, i.e. 0.004 – 0.2 (Table A2.6). To be able to evaluate the relevance of 
such variations, we calculated all spatial profiles for a range of lower and 
higher attachment efficiencies (Fig. 2.3A). Increasing the attachment 
efficiency above 0.01 affected the overall retention by a factor 0.72 – 1.03. Of 
this change in overall retention, a decrease by a factor 0.72 – 0.99 is seen in 
the lower size range, whereas the retention is not affected by more than 1% 
for particles ≥4 µm (factor 1 – 1.03). Consequently, the range and variability 
observed between the default literature value of 0.01 and the experimentally 
determined average αhet values of about 0.04 – 0.1 (range 0.004-0.2, Table 
A2.6) also had negligible impact on the observed profiles and retention, which 
shows the robustness of the modeling results and the adequacy of the default 
value. However, reducing the attachment efficiencies to 0 (no aggregation at 
all) or 0.001 (very low aggregation) resulted in a reduction of retention for 
small particles down till 0%, whereas for the middle and bigger sized particles 
this increased retention by up to a factor 1.6 (4 µm sized particles) (Fig. 2.3A). 
Given the literature values and experimentally determined values it is not 
likely that αhet was in fact smaller than 0.01.  
Biofilm formation. The previous simulations did not consider fouling or 
presence of biofilm, as explained above. Simulating the presence of a biofilm 
by changes in particle density and size did not change the overall qualitative 
trends and patterns in the behaviour of the particles, as can be seen by 
comparing Fig. 2.1 and Fig. A2.3. More quantitatively, this presence of 
biofilm on the plastic particles resulted in some size dependent changes in 
retention (Fig. 2.3). For particles ≥50 µm, which represent a major fraction of 
the microplastic particles in the environment, no effect of biofilm on retention 
was calculated. For particles ≤2 µm retention decreased from around 60-50% 
down to 50-40%, which was caused by a faster formation of heteroaggregates 
through reduced settling of these heteroaggregates. In the middle part of Fig. 
2.3 increases in retention from around 40% up to 70% were calculated, due to 
an increase in the settling of heteroaggregates (Fig. 2.3B, Fig. A2.6-7). When 
also accounting for the effect of biofilm on the attachment efficiency (i.e. an 
increase of αhet by a factor 2 to 3), the retention of particles ≤2 µm is further 
reduced to about 50-30 % (Fig. 2.3B).  
Polymer density. For plastic particles ≥200 µm retention in the 40 km river 
stretch was calculated to be high, approaching 100%. For particles 100 nm – 
1 µm retention was low; about 50%, which was nearly independent of polymer 
density. However, for the size classes in-between (1 – 200 µm), retention is 
highly determined by the polymer type at hand, namely strongly increasing  
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with increasing polymer density (Fig. 2.4A, Fig. A2.2). A special case exists 
for nano- and micrometre sized polymers that have a density equal or slightly 
lower than that of water, like for instance polyethylene and polypropylene. It 
is often assumed that such polymer particles will float and show low retention 
in water systems. However, for such plastic particles, dispersion into the water 
column will still occur due to common mixing and shear or due to wind 
induced mixing of surface water,106 after which they will rapidly 
heteroaggregate with suspended solids. Alternatively, the low density 
polymers (<1000 kg/m3) are likely to aggregate with natural or anthropogenic 
non-polymer particles in the surface microlayer (SML), where particle 
concentrations are high.107 For low density microplastic ≤1 µm, the density 
and numbers of suspended solids overwhelm that of the microplastic, such that 
the settling of heteroaggregates virtually is determined by that of the 
suspended solids, leading to a retention of about 50% (Fig. 2.4A). However, 
for low density microplastic particles larger than a few µm, retention of 
heteroaggregates is largely dependent on polymer density, leading to zero 
retention (Fig. 2.4A). Consequently, these low density microplastic particles, 
those remaining in singular form or those newly settling on the water surface, 
are expected to be transported further downstream and have longer RD99.  
Input concentration. In our default scenarios, the particle number 
concentration was highest for the smallest particles, as input concentration was 
kept constant for all particle sizes. Because in our environmentally realistic 
scenarios the particle number concentration of microplastic was relatively low 
compared to the suspended solids, homoaggregation played a negligible role 
compared to heteroaggregation. Although peak concentrations in water and 
sediment varied with input concentration, the overall retention (%) remained 
unaffected by input concentration at input concentrations <1 ng/L (Fig. 2.4B). 
  
Figure 2.3. Retention and 99% retention distance of microplastic with a density of 1040 kg/m3 
as a function of particle size in a 40 km river stretch. Panel A: effects of attachment efficiency 
(αhet) on retention. Panel B: effects of biofilm and αhet on retention. Panel C: 99% retention 
distance for the default value of αhet (0.01). 
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Figure 2.4. Panel A: Influence of polymer density on retention for different particle diameters 
with a default value of αhet (0.01) and input concentration (1 ng/L). Panel B: Influence of input 
concentration on retention for different particle diameters with a default value of αhet (0.01) and 
polymer density (1040 kg/m3).  
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2.4. General discussion and Implications 
Rivers are often viewed simply as sources of plastic from terrestrial to marine 
ecosystems, but our modeling results indicate that part of the nano- and 
microplastic fraction can be efficiently retained in river systems. Therefore, 
emissions of microplastic to freshwater will not just result in ‘down the drain’ 
transport to coastal areas and the oceans. The strong dependence of retention 
on size in the 1 – 50 µm range (Fig. 2.3A) can be evaluated with respect to 
know sizes of microplastic being emitted to freshwater. Tyre dust, abrasion 
and shedding from polymer-based textiles,108 or personal care products 
(PCPs)109 are often mentioned with respect to emissions to sea. The size of 
tyre dust is reported to range 60 – 80 µm, which may imply substantial 
retention in freshwater, based on the present simulations. Concentrations of 
black carbon in freshwater sediments indeed have been shown to be high, i.e. 
median black carbon contents as a fraction of total organic carbon are 9% for 
sediments 110. Microplastic particles in personal care products are reported to 
range between 1 – 800 µm.108 Whereas the lower end of this range thus would 
be rather mobile in freshwater, particles at the higher end of this range would 
be retained efficiently in aquatic sediments, implying a potential risk to 
sediment dwelling organisms. We showed that especially nanoplastic and 
millimetre sized plastic are likely to be retained in rivers to a relatively high 
extent, which may define implications for species with specific feeding traits 
and sensitivities to these size fractions. The other side of the coin is that it 
suggests that especially micrometre sized particles are transported by rivers, 
resulting in exposure of marine and coastal areas to micrometre sized particles. 
Furthermore, it can be speculated that the preferential river retention of 
millimetre sized plastic particles may contribute to the lack of millimetre sized 
plastic as observed recently in the marine environment,69 compared to the 
expected particle size distribution. 
Our model shows that based on initial waste sources and downstream distance, 
exposure concentrations can be predicted. Recently, the occurrence of 
microplastic in freshwater sediments has been experimentally confirmed.16,111 
This calls for a thorough model validation and risk assessment for microplastic 
in freshwater systems. As mentioned, we did not aim to provide a fully 
validated model that can simulate all types of plastic particles with certainty. 
Still, the model is valid with respect to its conformance to known theory and 
parameter constraints, whereas its adequacy to simulate measured 
concentrations for other types of nanoparticles has been demonstrated 
recently.84 The present implementation was designed for (near-)spherical 
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particles, and effects of particle shape need to be assessed before the model 
can be applied to more diverging types of plastic particles such as single fibres 
or thin sheets. For fibres, knotting may be more important than attachment, 
leading to effectively higher attachment efficiencies. Aggregates of knotted 
fibres would eventually approach sphericity implying they could be 
accommodated by the model once size and density would be known, or 
otherwise by including shape correction factors for sedimentation. 
Furthermore, uncertainty with respect to fouling, aggregation and 
sedimentation would affect absolute concentrations, but probably not the 
general trends with respect to location of hot spots. After all, model analysis 
showed that biofilm formation would not have large effects on particle fate. In 
that sense, the model provides a generalised tool that can be implemented for 
other catchments as well, and that can help in the design of optimum sampling 
grids and frequencies, based on a priori prospective simulations. 
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 CHAPTER 3 
Nanoplastic affects growth of S. obliquus and 
reproduction of D. magna 
 
Based on: Besseling, E., Wang, B., Lürling, M., Koelmans, A.A., 2014. 
Nanoplastic affects growth of S. obliquus and reproduction of D. magna. 
Environmental Science & Technology 48, 12336–12343
 
Abstract 
The amount of nano- and microplastic in the aquatic environment rises due to 
the industrial production of plastic and the degradation of plastic into smaller 
particles. Concerns have been raised about their incorporation into food webs. 
Little is known about the fate and effects of nanoplastic, especially for the 
freshwater environment. In this study, effects of nano polystyrene (Nano-PS) 
on the growth and photosynthesis of the green alga Scenedesmus obliquus and 
the growth, mortality, neonate production and malformations of the 
zooplankter Daphnia magna were assessed. Nano-PS reduced population 
growth and reduced chlorophyll concentrations in the algae. Exposed Daphnia 
showed a reduced body size and severe alterations in reproduction. Numbers 
and body size of neonates were lower, while the number of neonate 
malformations among neonates rose to 68% of the individuals. These effects 
of Nano-PS were observed between 0.22 and 103 mg Nano-PS/L. 
Malformations occurred from 30 mg Nano-PS/L onwards. Such plastic 
concentrations are much higher than presently reported for marine as well as 
freshwater, but may eventually occur in sediment pore waters. As far as we 
know, these results are the first to show that direct life history shifts in algae 
and Daphnia populations may occur as a result of exposure to nanoplastic.
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3.1. Introduction 
Pollution with plastic is a growing concern in the marine environment.8 
However, emissions from land-based sources reach rivers first and freshwaters 
provide an important source of marine plastic pollution through riverine 
transport.112 Therefore, the occurrence of plastic in the freshwater environment 
receives increasing attention.16,113–115 Special concerns exist with respect to 
nanoplastic particles because of their large surface area and hypothesized 
ability to penetrate cells.116–120 Both primary particles from personal care and 
cosmetic products and secondary particles from degradation of larger plastic 
items are expected to contribute to pollution of the environment with 
nanoplastic.121 Recent reports showed the importance of physical abrasion as 
a source of secondary micro- and nanoplastic.122,123 Yet there are hardly any 
proven life history effects of micro- and nanoplastic on marine organisms and 
effect data for freshwater organisms are lacking. For microplastic, the first 
reported data on effects on invertebrates relate to survival, feeding, oxidative 
status and PCB uptake in lugworms (Arenicola marina) (Chapter 4).51,53,124 
In marine zooplankton, decreased feeding125 as well as reduced survival and 
fecundity have been observed.50 Even less is known about the effects of 
nanoplastic. For mussels (Mytilus edulis), an increased pseudofeces 
production and reduced filtering activity have been reported.52 For algae, 
nanoplastic has been shown to reduce CO2 uptake and increase the production 
of reactive oxygen species (ROS).28  
As the interaction of organisms with pollutants in particulate form is 
completely different from that with conventional dissolved chemicals, there is 
a potential high risk associated with particles.116,126 Given the limited data, 
there is an urgent need to quantify the effects of nanoplastic on freshwater 
organisms. Effects of nanoplastic may be related to particle toxicity, toxicity 
of plastic-associated chemicals or both and will depend on the characteristics 
of the nanoplastic, like particle size, polymer type and age. However, previous 
research on nanoparticle behaviour and effects was often conducted using 
pristine particles,127 whereas aged and naturally altered particles are of higher 
importance considering environmental relevance, which will therefore be 
addressed in the present study.  
Plastic interacts with man-made organic compounds (Chapter 5),128 as 
studied for several kinds of pollutants as well as additives (Chapter 
5).19,124,128,129 Recently, an exceptionally strong sorption of PCBs to 
nanoplastic was observed, which might imply a strong transport capacity 
including increased exposure upon penetration of cells or tissues.75Effects of 
Nanoplastic particle effects 
41 
nanoplastic might also be caused by direct particle toxicity, attachment to 
algae, reduction of light penetration, reduced food quality, release of additives, 
or interference with chemical communication. Here we hypothesize that 
nanoplastic might also interact with natural organic molecules like 
kairomones, which may yield unforeseen effects on the interactions among 
species. Daphnia are known to express life history traits such as altered adult 
and/or neonate body size and altered neonate quantity in response to the 
presence of predator kairomones.130,131 Sorption of kairomones to nanoplastic 
might disturb these life history traits.132 
The aim of the present study was to investigate effects of nanoplastic at the 
first two trophic levels of the freshwater aquatic food chain; algae, represented 
by Scenedesmus obliquus, and zooplankton, represented by Daphnia magna. 
Both species are widely used for ecotoxicity tests. Nano-sized polystyrene 
(Nano-PS) spheres were used as the test substance, as polystyrene is one of 
the most widely used commercial polymer types in the world and was used in 
earlier toxicity tests (Chapter 4).28,51,52 We investigated direct and indirect 
effects of a broad range of expected environmentally relevant as well as 
elevated concentrations of Nano-PS in freshwater bioassays. The bioassay we 
present here is the first interaction bioassay of Nano-PS combined with an 
interspecific organic molecule: fish kairomone. We took the interaction time 
between plastic particles and algae into account by using both pristine and 
aged dispersions of Nano-PS, thereby providing novel information about the 
potential role of particle aging. 
 
3.2. Experimental procedures 
Bioassays were performed with algae (S. obliquus), as well as with water flea 
(D. magna) fed with these algae.  
3.2.1 Organisms 
Scenedesmus obliquus SAG 276/3A was obtained from the University of 
Göttingen, Germany and was maintained in modified algal growth medium 
(WC-medium).133 Stock cultures and the Scenedesmus bioassay were 
maintained similar to previous procedures at 20 °C in a climate chamber with 
24 hours continuous light (~100 µmol quanta m-2s-1) and 100 rpm rotational 
shaking.134 Algae inoculum was prepared three days ahead of the Scenedesmus 
bioassay, to obtain exponential growth at the start of the test. Daphnia magna 
originated from lake Zwemlust, Nieuwesluis,135 the Netherlands and were 
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cultured in artificial growth medium (RT medium135) with a pH of 7.7-8.1. 
The Daphnia cultures and bioassay were kept at a temperature of 21 ± 1 °C 
with the natural spring daylight regime (low beam day conditions <20 µmol 
quanta m-2s-1). In the Daphnia bioassay two generations were used: (1) 
Daphnia of age <24 hours at the start, maturing during the bioassay and (2) 
their offspring, i.e. neonates hatched while being in the bioassay. In all 
dispersions used in the Daphnia bioassay, S. obliquus served as food at 
approximately 0.36 mg carbon/Daphnia. 
3.2.2 Nano-PS beads 
Polystyrene nanoparticle stocks were supplied as 20% Nano-PS dispersion by 
AVT-PCC, Wageningen UR. The particles were synthesized from styrene 
monomers with sodium dodecyl sulphate (SDS) as surfactant and potassium 
persulphate as initiator.136 SDS concentrations were kept far below toxicity 
thresholds of Daphnia137,138 and Scenedesmus. Absence of toxicity to 
Scenedesmus was confirmed in separate pilot tests with SDS, which are 
provided in the Appendix. Similarly, because of its hydrophobicity and high 
volatility with reported half-lives of 1-3 hours in lake water,139 presence of 
styrene monomers in the aqueous phase can be assumed negligible. The 
polystyrene beads had a primary nominal size of ~70 nm (confirmed by 
Transmission Electron Microscopy) and contained 0.01 % on mass basis of 
the hydrophobic fluorescent dye (Nile Red), which was immobilised by the 
polymer matrix. Consequently, presence of Nile Red in the aqueous phase can 
also be assumed negligible, which is consistent with the use of Nile Red as a 
tracer in numerous studies of biological systems.11,140,141 Furthermore, even if 
all Nile Red in the polystyrene would have been bioavailable, the 
concentration would still have been a factor 1.5×104 below the effect 
concentration reported by Wu et al.142 (Calculation provided in the Appendix). 
To better represent Nano-PS occurring in products and in the environment,143 
the spheres were functionalised with carboxylic acid groups. As the glass-
liquid transition temperature of polystyrene144 is much higher than the 
maximum temperature in our bioassay (21 °C), leaching of chemicals from the 
polymer matrix and therewith their occurrence in the exposure dispersions is 
negligible. The form of Nano-PS in aqueous suspension was extensively 
characterised before (See Fig. A3.1).75  
3.2.3 Scenedesmus bioassay 
Scenedesmus obliquus were exposed to 44-1100 mg Nano-PS/L in 80 mL WC 
medium in a 72h bioassay. Details about the used concentration range are 
provided in the Appendix. Algae populations with an initial density of 
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approximately 3×106 cell/mL were used. A growth inhibition test was 
performed three times with controls in 6-fold and Nano-PS treatments in 
triplicate.137,145 Cell densities were determined using a CASY counter 
(CASY® Model TT, INNOVATIS) at the start and after every 24 ± 1 hour. At 
the end of two of the bioassays, Chlorophyll-a (Chl-a) was extracted and 
determined by spectrophotometry (Beckman Coulter, DU® 730 Life Science 
UV/Vis) to assess photosynthetic capacity and biomass following a hot 
ethanol extraction method with phaeopigment correction.146 
3.2.4 Daphnia bioassay 
Daphnia magna were exposed individually to 80 mL Nano-PS test dispersion 
in a 21 day bioassay, according to OECD guidelines.147,148 Four types of Nano-
PS test dispersions were tested, that are referred to as (1) ‘Pristine’, (2) 
‘Pristine-kairomone’, (3) ‘Aged’ and (4) ‘Aged-filtered’ (Fig. 3.1). (1) Pristine 
refers to the treatment where the exposure of the Daphnia started immediately 
after mixing algae and Nano-PS. Nano-PS dispersions were dilutions of Nano-
PS stock in RT medium to which algae were added, just before use in the 
bioassay. Pristine exposures were applied at ten nanoplastic concentrations in 
the range of 0.22 – 150 mg Nano-PS/L. Details about the used concentration 
ranges are provided in the Appendix. (2) For the Pristine-kairomone 
dispersions, the only difference with the Pristine dispersions was the presence 
of fish kairomones in the initial RT medium. Fish kairomones were kindly 
obtained from a parallel study at our university, where three individuals of 
Perca fluviatilis (total overall length ± 12 cm) were inhabited in 20 L aerated 
RT medium for a week. Perca fluviatilis is a predator known to induce life 
history responses in Daphnia.149,150 Three times a week, the fish were fed with 
Daphnia. Before use in the Daphnia bioassay, the RT medium with fish 
kairomones was filtered over a 0.45 µm membrane filter (Whatman™ 
Cellulose Nitrate Membrane - Grade NC45). The Pristine-kairomone 
dispersions were applied at concentrations of 0.88 and 1.8 mg Nano-PS/L. (3) 
The Aged dispersion was prepared in the same way as the Pristine dispersions, 
the only difference was that the Aged dispersions were not used immediately 
after addition of the algae, but instead aged at the conditions used for stock 
cultures (see paragraph Organisms) for 5 days. The Aged treatment was 
applied at one concentration; 32 mg Nano-PS/L. (4) The Aged-filtered 
dispersion was made in the same way as the Aged dispersion at the same 
nanoplastic concentration. Thereafter, it was further processed as follows: the 
algae were separated from the water phase by filtering over a 1.2 µm glass 
fibre filter (Whatman GF/C). The residue was rinsed from the filter with new 
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RT medium and the new RT medium applied in the bioassay. As controls 
original RT medium and RT medium with fish kairomones were included, 
both with algae, but without Nano-PS. The control treatment with original RT 
medium without Nano-PS was replicated 16-fold, all other treatments were 
replicated 12-fold. The four dispersion types enabled us to make various 
mechanistic comparisons. For instance, comparison of Pristine with Pristine-
kairomone enabled to reveal interaction between plastic and kairomones. 
Comparison of Pristine with Aged allowed to show the consequences of aging 
of the Nano-PS dispersions on the Daphnia. The difference in preparation 
between Aged and Aged-filtered reduced the relative importance of aquatic 
exposure to plastic of the Daphnia. Although it can be assumed that the 
functionalised Nano-PS stays dispersed,75 the replacement of the aged aquatic 
phase by fresh RT medium in the Aged-filtered dispersion allows a check on 
the relative importance of the (Nano-PS absorbed to) aged algae being an 
exposure route. Daphnia were transferred to glass tubes with 80 ml new 
medium three times a week. S. obliquus is known as good food source for 
Daphnia.151 Survival of Daphnia was checked and reproduction was counted 
on a daily basis. Body size152 of both adult and neonate Daphnia were 
measured and number of malformed neonates were counted using a stereo-
binocular (Nikon SMZ-10, magnification 0-40). During the bioassay, three 
times a week, water quality was measured in a randomly chosen replicate of 
each treatment. On average the pH was 7.80 ± SE 0.015, oxygen concentration 
was 8.80 ± SE 0.012 mg/L and conductivity was 296.92 ± SE 0.71 µS/cm, 
thereby being within the range of the guideline.  
3.2.5 Data analysis 
Algae growth inhibition rates were derived from cell density over time 
according to ISO guidelines,153 by using nominal initial cell densities. 
Daphnia population growth rates (r) were estimated from Euler-Lotka’s 
equation.152 Statistical analyses were performed with ‘R’ statistical software 
(R Development Core Team) by 2-way ANOVA, (Multiple) Linear 
regression, Kruskal-Wallis and Nemenyi-Damico-Wolfe-Dunn (NDWD) tests 
with α = 0.05. 
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3.3. Results and discussion 
3.3.1 Effect of Nano-PS on growth and Chlorophyll-a of 
Scenedesmus 
We performed three bioassays with the green alga Scenedesmus obliquus and 
show that exposure to Nano-PS leads to inhibition of growth (Fig. 3.2A) and 
to reduced Chl-a levels in the cells (Fig. 3.2B). As far as we know, these are 
the first direct negative effects of nanoplastic on algae populations established. 
The growth inhibition had limited magnitude, yet the increased growth 
inhibition with increasing Nano-PS concentration was statistically significant 
and did not differ among the three tests (2-way ANOVA, plastic treatment 
significant, p-value = 0.013). At a high Nano-PS concentration of 1 g/L there 
was approximately 2.5% growth inhibition of S. obliquus. The negative 
relationship between Nano-PS concentration and Chl-a concentration is 
similar for both tests and statistically significant, although the variability 
within controls and Nano-PS treatments is high and below 100 mg Nano-PS/L 
no reduced Chl-a concentration is expected to occur. The negative 
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Figure 3.1. Visualization of the four different types of test dispersions. All 
dispersions contain RT medium with Nano-PS and algae. 
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relationships of growth and Chl-a with Nano-PS concentration are 
independent, as after correction for cell density, Chl-a concentration remains 
significantly negatively related to Nano-PS concentration (2-way ANOVA, 
plastic treatment significant, p-value = 5.1 × 10-5). Previous research showed 
absorption of nanoplastic by algae and indications of reduced algal health i.e. 
reduced CO2 uptake observed at concentrations higher than 1.8 mg/L and 
promoted production of ROS.28 Our present results add that also direct effects 
of nanoplastic on algae growth and Chl-a levels may occur. Before, it was 
suggested that shading by plastic might cause the observed effects on CO2 
uptake and production of oxygen species.28 However, as shading is known to 
cause an upward correction of the Chl-a level in cells,154 our findings of a Chl-
a reduction with increasing Nano-PS concentration contradict this suggestion. 
Thereby, although at relatively high concentrations, our novel observed 
reduction in Chl-a implies that another mechanism is at work, which may help 
to direct further mechanistic effect research. Note that we do not fully 
distinguish here between the possible mechanisms explaining the toxicity of 
Nano-PS, to which direct nanoparticle toxicity as well as effects of Nano-PS 
associated-chemicals like styrene, may contribute. 
  
Figure 3.2. Nano-PS effects on Scenedesmus obliquus. Panel A: Inhibition of the growth rate 
(%) as a function of Nano-PS concentration after 72 hours of exposure. Panel B: Upper part: 
test 1, lower part: test 2. Chl-a concentration / 106 cell as a function of the 72 hours Nano-PS 
exposure. 
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3.3.2 Effects of Nano-PS on survival and body size of Daphnia  
Effects of pristine and aged Nano-PS dispersions. Across the treatments, the 
Daphnia mortality ranged from 0-100%, with an average of 27%. The 
mortality of 18.8% in the control groups was within the limit set by the OECD 
guidelines 2008.148 Pristine suspensions of Nano-PS were not lethal to D. 
magna, but the aged dispersions were (Kruskal-Wallis; NDWD test: aging 
sign. p-values ≤ 0.014). Aging of algae with plastic caused a 4.4 – 6 times 
higher mortality in Daphnia as compared to a diet without pre-exposure of the 
algae. Several explanations for this difference in mortality can be considered. 
First, in the Aged-filtered treatment, after the exposure of the algae the plastic 
was removed from the water phase using a glass fibre filter. Some release of 
glass fibres into the Aged-filtered treatment was observed and it may be 
speculated that this contributed to the mortality in this treatment. However, in 
the Aged treatment no glass fibre filter was used and a similar mortality was 
observed, which renders the speculation less likely. Second, the higher 
mortality could relate to a plastic treatment effect implying that the pre-
exposed algae adsorbed Nano-PS, thereby being the route for exposure of the 
Daphnia resulting in an elevated mortality. An increase of the uptake via food 
might be the explanation for the six times higher mortality compared to 
pristine exposure when the Aged dispersion was used. While in pristine 
dispersions Nano-PS mainly resided in the water medium, Nano-PS might be 
absorbed to the S. obliquus in aged dispersions, thereby changing the main 
uptake route or degree of exposure. A third explanation could be that although 
the presence of aqueous phase styrene is unlikely, aging may increase the 
transfer of styrene monomers from the Nano-PS155 into algae, thus increasing 
the bioavailability of styrene. It is very important to take the effect of aging 
and plastic associated chemicals into account in the risk identification of 
nanoplastic, as this affects the outcomes of bioassays as well as the 
comparability with environmental conditions. 
3.3 Interacting effects of kairomones and Nano-PS on Daphnia 
A 10.7% reduction in Daphnia body size due to kairomones was observed in 
our bioassay (Fig. 3.3A). The reduction in Daphnia body size due to 
kairomones only, was also observed by Hanazato and Dodson (1995) and 
Riessen (1999) and was explained by differences in survival strategy 
with/without predator presence. From the Daphnia that were treated with aged 
dispersions, not enough individuals survived to consider body size as a 
representative endpoint. The presence of plastic also had a negative effect on 
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body size with up to 3.1% reduction in length. The significance of the term 
accounting for interaction between Nano-PS and kairomones implies that with 
kairomones present, the body size reduction with Nano-PS concentration is 
stronger than without kairomones (Fig. 3.3A) (Multiple linear regression: 
log(Nano-PS), kairomones as well as the interaction between them were 
significant, R2adj = 0.80, p-values < 1.7 × 10-3). At a concentration of 1.8 mg 
Nano-PS/L, interaction with kairomones reduced the body size by up to 
18.9%. This might constitute an additive negative effect of both kairomones 
and Nano-PS or an interaction between Nano-PS and kairomones. For 
example, the presence of Nano-PS could change the exposure concentration 
of kairomones in water, the uptake route for kairomones or the susceptibility 
of Daphnia, resulting in an altered growth reduction. This possible Nano-PS 
interference with kairomones is the first report of an effect of plastic on 
chemical communication among organisms. This hypothesis of an increased 
kairomone effect might be less relevant for other, for instance more 
hydrophobic kairomones, which implies that more studies on these 
interactions are recommended.  
3.3.4 Effects on reproduction and neonate malformations of 
Daphnia 
Effects on life history traits of aquatic organisms often provide sensitive 
metrics for ecological stress or chemical toxicity. To determine the effect of 
Nano-PS on reproduction, we investigated the neonates produced by the 
exposed adult Daphnia. Only those replicates where the adult Daphnia 
survived the bioassay were included in the analyses of neonate number and 
size. The total number of neonates produced in the first three broods was in 
the control without kairomones 53.4 ± SE 18.9 and in the control with 
kairomones 55.7 ± SE 33.7. Exposure to Nano-PS in the Pristine treatments 
reduced the cumulative number of neonates in the first three broods (Figure 
3.3B). A slightly lower decrease in Daphnia neonate quantity was observed in 
the presence of kairomones (Multiple linear regression, Nano-PS, kairomones 
and interaction significant, R2adj = 0.52, p-value < 10-16). The overall neonate 
number per surviving adult was 19.4% higher with kairomones present, which 
is consistent with previous findings.131,149 Neonate number was also 
significantly related to adult body size, although it had a lower significance 
than Nano-PS and kairomones. Multiple linear regression performed with the 
explanatory variables Nano-PS, kairomone (interaction) and adult body size 
had an adjusted R2 of 0.53 (p-value < 10-16). Population growth rates (r) were 
in the range of 0.23-0.55 day-1, with r = 0.23-0.42 day-1 for aged dispersions, 
Chapter 3 
50 
0.44-0.45 day-1 for dispersions with kairomones and 0.46-0.55 day-1 for 
pristine dispersions. Replication of the bioassay would allow calculations of 
significant differences in population growth rates between treatments. 
From the first three broods, a random selection of 16 neonates per treatment 
was subjected to body size measurements. The body size of the neonates was 
negatively affected by the Nano-PS concentration, and aging of dispersions 
increased this effect. Neonates of Daphnia exposed to kairomones were much 
smaller, but further reduction in body size caused by Nano-PS was smaller 
than in the pristine treatment (Fig. 3.3C) (Multiple linear regression, 
log(plastic), kairomones and interaction significant (R2adj = 0.93, p-value = 
0.035). Former research on Daphnia showed that a trade-off between clutch 
size and neonate body size exists. Low food availability results in fewer but 
larger neonates, whereas small mature Daphnia or the presence of fish 
kairomone causes a greater number of smaller neonates,149 the latter 
mechanism being confirmed in our bioassay. It has been demonstrated that the 
overall maternal investment often decreases by exposure to pollutants.156 Here 
we show that Nano-PS reduces both clutch and neonate body size, thereby 
acting as a stressor similar to other contaminants.  
 
 
 
 
Figure 3.4. Percentage occurrence of malformations in neonates, that were produced by 
Daphnia during 21 days exposure to Nano-PS. 
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While low numbers (<2.5%) of malformations were observed in the control 
treatment and the lower range of Pristine treatments, from 32 mg Nano-PS/L 
onwards elevated numbers of malformed neonates were observed (Fig. 3.4) 
and a factor 2.2-4.9 increase in plastic caused a 7-12% increase in the 
occurrence of malformations. When exposed to Aged dispersions the 
occurrence of malformations increased radically, by 67% compared to the 
Pristine treatment at 32 mg Nano-PS/L (Multiple linear regression plastic, 
aging and interaction significant (R2adj = 0.81, p-value < 10-16). This increase 
also implies once more that the malformations are not due to any initially 
present co-contaminant (e.g. styrene, SDS or Nile Red) because these were 
used in the Pristine treatment too. For the analyses of malformation occurrence 
all neonates were taken along, including those of adult Daphnia that did not 
survive the exposure. Nano-PS affected several developmental stages of 
Daphnia neonates, as different malformation types were observed (Fig. 3.5). 
In order of decreasing occurrence: internal vacuoles, shortened antenna and 
lump in carapace, altered tail spine. The normal embryonic development of 
Daphnia consists of six stages, i.e. ‘Cleavage’, ‘Gastrulation’, ‘Early 
embryonic maturation’, ‘Mid-embryonic maturation’, ‘Late embryonic 
maturation’ and ‘Fully developed neonate’.157 In our study we observed a 
considerable number of neonates with incomplete developed second antennae 
setae and curved tail spines (Fig. 3.5). These malformed neonates were mainly 
observed in the high Nano-PS exposures, especially in the Aged treatment. 
This indicates disruption of one or more embryonic development stages from 
the stage of mid-embryonic maturation onwards, as the second antenna 
(including setae) and tail spine are developed and extended in these stages.157 
Malformed tail spines and incomplete developed antennae setae have been 
reported to occur in D. magna exposed to cyanobacterial toxins, mercury and 
a mixture of Clofibric acid and fluoxetine.158–160 We did not find any report of 
styrene or related compounds causing such malformations. Also, to exceed the 
1.9 mg/L NOEC of styrene for Daphnia,139 in the treatment with highest 
malformation occurrence, 6% of the Nano-PS in that Aged treatment would 
need to be monomer styrene in suspension. That is an unlikely high 
percentage. As mentioned before, given the rapid volatilization of styrene,139 
it is even less likely that such concentrations occurred during our bioassay. In 
contrast to the Aged treatment, effects of the Aged-filtered suspension did not 
significantly differ from the Pristine and Pristine-kairomone treatments. 
Thereby, it validates our assumption that the Nano-PS did not aggregate with 
the algae to such an extent that only exposure via algae (Aged-filtered) would 
cause effects equal to combined aquatic and algal exposure (Aged). Although 
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not irreversibly bound to algae, a change in allocation of the Nano-PS in the 
dispersion with algae might however have changed due to aging and thereby 
influenced the extent of exposure. The occurrence of a lump in neonates’ 
carapaces (Fig. 3.5, top-middle), has not been observed in our laboratory 
before and we are not aware of any other publications on this type of 
malformation. The colour of the observed lumps was similar to the Nano-PS 
colour and might indicate accumulation of Nano-PS in neonates. 
Solubilization of carbon nanotubes with polymers as well as by fouling is 
thought to increase the uptake in biological systems,161,162 implying that 
polymer nanoparticles are likely to reach these systems too. The observed 
malformations might relate to the alteration of membrane properties found by 
Rossi et al.163 We recommend further, detailed histological study for direct 
evidence of uptake and transfer of nanoplastic from Daphnia adults to 
offspring. 
200 µm 
50 µm 
Figure 3.5. Malformations in different developmental stages of Daphnia neonates. 
Top-right: incomplete developed antenna setae, curved shell spine and vacuoles 
around ovary, top-middle: lump in the carapace, top-left: normal developed neonate, 
bottom-right: short antenna setae, bottom-left: normal developed antenna setae. The 
arrows depict malformed body parts. 
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3.4. Implications 
These bioassays are the first to show that direct life history responses in algae 
and Daphnia populations can occur as a result of exposure to nanoplastic. We 
observed 67.7% malformed offspring at exposure to 32 mg Nano-PS/L aged 
Nano-PS. For pristine Nano-PS, 0.3% of the offspring malformed at a 
concentration of 32 mg Nano-PS/L and 12.1% malformed at 155 mg Nano-
PS/L. These thresholds are a factor 106-108 higher than the 0.4-34 ng/L 
microplastic concentrations found in freshwater in Europe and USA, and 
about two orders of magnitude higher than the highest reported microplastic 
concentration in marine water,11,38,58,101,113 based on reported densities of 7.9 × 
10-5 n/L – 6.8 × 105 n/km2, an estimated trawling depth of 0.1 m and an average 
particle weight of 5 µg/particle.164 Environmental concentrations of 
microplastic in sediment reach up to 81 mg/kg dry weight,165 which with a 
sediment density of 2 kg/L and a water content of 50% on mass basis would 
equate to a concentration in pore water of 162 mg/L. Assuming that 
microplastic degrades into nanosized plastic particles in the environment, for 
organisms inhabiting porewater or the sediment-water interface,166 these 
environmental concentrations exceed the observed effect thresholds for Nano-
PS. Furthermore, effects of plastic should not be considered in isolation. Other 
anthropogenic stressors are known to cause similar effects on reproduction, 
including malformations.158–160,167 The relevance of the present findings 
therefore does not only follow from the environmentally relevant plastic 
concentrations or those anticipated in the near future, but merely from the joint 
effects of multiple stressors per category of responses. Plastic simply adds to 
the stress already existing from tradiational contaminants and therefore make 
organisms less tolerant and more vulnerable to additional stressors. This 
implies that the effects identified in this study may in general reduce the 
resilience of aquatic ecosystems. 
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Abstract 
It has been speculated that marine microplastic particles may cause negative 
effects on benthic marine organisms and increase bioaccumulation of 
persistent organic pollutants (POPs). Here, we provide the first controlled 
study of plastic effects on benthic organisms including transfer of POPs. The 
effects of polystyrene (PS) microplastic on survival, activity, and bodyweight 
as well as the transfer of 19 polychlorinated biphenyls (PCBs), were assessed 
in bioassays with Arenicola marina (L.). PS was pre-equilibrated in natively 
contaminated sediment. A positive relation was observed between 
microplastic concentration in the sediment and both uptake of plastic particles 
and weight loss by A. marina. Furthermore, a reduction in feeding activity was 
observed at a PS dose of 7.4% dry weight (DW). A low PS dose of 0.074% 
increased bioaccumulation of PCBs by a factor 1.1 - 3.6, an effect that was 
significant for ΣPCBs and several individual congeners. At higher doses, 
bioaccumulation decreased compared to the low dose, which however, was 
only significant for PCB105. PS has statistically significant effects on the 
organisms' fitness and bioaccumulation, but the magnitude of the effects was 
not high. This may be different for sites with different plastic concentrations, 
or polymer types with a higher affinity for POPs.
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4.1. Introduction 
Plastic makes up the largest part of marine litter and the amount of marine 
plastic is still increasing due to both maritime activities and land-based 
sources.55 The buoyant plastic debris disperses along the globe due to its 
floating behaviour and is known to be ingested and to have negative effects on 
marine organisms including birds, mammals and turtles.55 Transfer of plastic 
particles along food chains is observed, but it is unknown for which plastic 
particle size transfer and effects occur.29  
In addition to large plastic litter, also small plastic particles are disposed to the 
marine environment. An important part of the microplastic particles 
(<5mm(55)) consists of fibres washed out of synthetic clothes, which is likely 
to increase with increasing human population.13 In addition to direct disposal, 
the decay of larger debris will contribute to increasing microplastic 
concentrations.55 Mechanical stress, UV radiation and biofouling play a key 
role in the decay process.22,168 The durability of large marine plastic items is 
estimated to be 5 to 50 years, but the fragmentation into micro particles might 
take longer as the thermal stability of plastic increases with decreasing particle 
size.169 Information on microplastic concentrations in the water column is 
scarce and also little is known about concentrations in marine sediments. 
Reported microplastic concentrations in sediments range up to 124 fibres/L in 
the United Kingdom and Portugal,13 7.2 mg/kg in Belgium39 and 81 mg/kg in 
India.165 The uptake of microplastic by lugworms, mussels, amphipods, 
barnacles, sea cucumbers and fish has been described, but negative biological 
effects of microplastic have not been determined yet.22,29,170  
Aside from causing adverse biological effects, microplastic particles are 
hypothesised to act as a carrier for persistent organic pollutants (POPs) in 
marine food webs.171 Microplastic is an effective sorbent for POPs172,173 and 
may transport POPs from the surface water to the sediment, thereby increasing 
the exposure of benthic organisms to POPs.171 Reported concentrations of 
POPs in marine plastic pellets range from 1 - 10,000 ng/g plastic pellet 
worldwide.37,174 For polychlorinated biphenyls (PCBs), concentrations of 4 - 
980 ng/g plastic pellet were found worldwide171,175 and 169 - 324 ng/g plastic 
pellet in the North Sea.174,176 A positive relation between internal macroplastic 
and PCB concentrations in seabirds was found in a feeding experiment21 and 
a field survey.177,178 However, this relation has not been quantified yet for 
microplastic8 and not for species other than birds. Microplastic may also 
reduce the body concentration of POPs. The hypothesized mechanism is that 
relatively ‘clean’ plastic adsorbs POPs from the organism, resulting in 
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removal of POPs by egestion of the plastic.19 To date, the POP carrier feature 
of microplastic has been addressed by modeling19,20 and for birds by feeding 
experiments and field surveys.21,177,178 To our knowledge, no reports are yet 
available for fish or benthic organisms. 
The aim of this study is to investigate the uptake of microplastic by marine 
(epi)benthic organisms and the effects of uptake of microplastic on their 
survival, growth, activity and internal PCB concentrations. We chose 
Arenicola marina (L.) (lugworm) as test organism, because it is a robust and 
quantitatively important deposit feeder at the base of the North Sea food web 
and is commonly used in marine sediment toxicity tests.22,179,180 Moreover, 
microplastic particles have recently been detected in A. marina collected from 
the field.181 The uptake of plastic by the lugworm has been shown before,22 
but only after short exposure and only for one microplastic concentration. 
Longer exposure is important for a realistic assessment of potential chronic 
impacts of microplastic uptake on the fitness of A. marina.27 We are not aware 
of earlier studies that address the effects of microplastic on bioaccumulation 
of POPs to marine benthic organisms. Polystyrene (PS) was selected as a 
representative model plastic, since PS is one of the five main high production 
volume polymer types that make up about 90 % of the total plastic demand, 
and is therefore commonly found in the marine environment.182 Furthermore, 
because the density of PS is higher than that of seawater, it may settle faster 
than equally sized microplastic particles with a lower density, thus 
contributing to increased concentrations in sediment.39  
4.2. Materials and Methods 
4.2.1 Experimental design 
A. marina was exposed for 28 days to natively PCB contaminated sediment 
pre-equilibrated with PS (0 - 7.4 % based on dry weight; DW). Direct toxic 
effects caused by PCBs were prevented by applying sufficiently low PCB 
concentrations.183 We selected a narrow PS size range of 400 - 1300 µm, which 
is within the feeding range of A. marina.179 The bioassay was carried out in 
two versions. A pilot experiment followed previously described procedures184 
and aimed at the development of the main bioassay, which was optimized to 
detect effects of plastic particles. Details about the pilot experiment are 
provided in the Appendix (SI). The main bioassay was optimized to isolate 
effects of PS by keeping water quality variables constant. Bioaccumulation of 
PCB is only reported for the main bioassay.  
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4.2.2 Materials 
PS (crystal 1160, diameter 400 - 1300 µm) was purchased from Ter Hell 
Plastic GMBH (Herne, Germany). For PCB analysis, PCB18, 20, 28, 29, 31, 
44, 52, 101, 105, 118, 138, 143, 149, 153, 155, 170, 180, 194, 204 and 209 
were obtained from Dr. Ehrenstorfer GmbH (Augsburg, Germany). 
Diatomaceous earth was obtained from Dionex (Camberly, UK). Acetone and 
n-hexane (picograde) were obtained from Promochem (Wesel, Germany). 
Isooctane was obtained from Acros (Geel, Belgium). Silicia gel 63 - 200 mesh 
was obtained from Merck KGaA (Darmstadt, Germany) and was activated 
overnight at 180 °C. Aluminium oxide super was obtained from ICN 
Biomedicals (Eschwege, Germany) and was deactivated with 10 mass% 
Barnstead™ nanopure water. Copper powder, 99.7 %, from Merck KGaA 
(Darmstadt, Germany) was Soxhlet-extracted with hexane for 4 h before use.  
4.2.3 Sediment sampling and pre-treatment 
The sediment for the bioassays was a 18:1 mixture of clean marine sediment 
and a sediment that was natively contaminated with PCBs. The clean 
sediment185 was sampled from the Oesterput in the Eastern Scheldt (the 
Netherlands) in autumn 2011 and had a density of 1.8 kg/L (wet weight; WW) 
and an organic matter (OM) content of 1.0 %. The PCB contaminated 
sediment was dredged in Diemen (the Netherlands) in spring 2010, had a 
density of 1.1 kg/L (WW), an OM content of 15.6 %, and was sieved in order 
to remove objects >2mm. Representative subsamples of the two sediment 
types were mixed with pre-defined PS quantities, to achieve homogeneous 
concentrations of 0, 1, 10 and 100 g PS/L sediment. The resultant mixture was 
used for the upper layer in the test aquaria. Similarly, sediment without PS 
was mixed, which was used for the lower layer in the aquaria. The PS 
concentrations agree to 0, 0.074, 0.74 and 7.4 % DW PS in the sediment. The 
mixture had an OM content of 1.7 %. Mixing occurred on a roller apparatus 
(Willemsen Proefinstallaties, Spijk, the Netherlands) during six weeks before 
the bioassay. This procedure ascertained (a) a thorough mixing and 
homogenisation of particles, (b) re-equilibration of fast and slowly desorbing 
fractions from the PCB contaminated sediment to the marine sediment, which 
have typical desorption half-lives of 0.4 - 4 d-1 (186,187), and (c) equilibration of 
PCBs in 0.4 - 1.3 mm microplastic particles, for which equilibration times of 
1 to 35 days can be estimated based on the PS particle sizes and reported 
diffusivities of 210-10 - 410-10 cm2/s.172,188 Due to the high mixing ratio, 
sediment characteristics were close to that of the original marine sediment, 
except for the PCB concentrations. PCB concentrations in the mixture are 
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listed in the Appendix (Table A4.1). In addition to the treatments with 0 - 7.4% 
PS on PCB contaminated sediment, a treatment without plastic containing 
only clean sediment (treatment Oesterput) was included as a control without 
PCB contamination. 
4.2.4 Test organisms 
A. marina were collected in the southern Wadden Sea by a professional bait 
collector (Lugworm wholesale business Rotgans, Hippolytushoef, the 
Netherlands). Before the start of the pilot experiment, the organisms were 
allowed to clear their gut. This step was omitted for the bioassay, in order to 
prevent weakening of their condition. Before the start of the bioassay, the 
‘digging-in’ speed of the organisms in clean sediment was tested. In this way, 
healthy, fast digging organisms were selected for this assay. 
4.2.5 Bioassays 
Two L test beakers filled with ±2.6 kg WW sediment (6 cm thick layer) were 
placed in a glass aquarium containing ±110 L sea water (39×78×38cm). Each 
aquarium contained four test beakers with the same treatment, such that no 
exchange of plastic via the water column could occur between different 
treatments. Aquaria were placed in random order. Apart from the control (no 
PS), PS was present in the upper one-third of the sediment (2 cm, 0.86 kg), 
because the lugworm feeds on the upper sediment layer.189 Following previous 
procedures,190 no extra food source was provided. The aquaria were stabilised 
for five days before adding five individuals of A. marina per test beaker, which 
started the bioassay. The n=5 group weights averaged 20.2 ± 2.6 g per beaker. 
Because transport of sediment, PS and sediment associated PCBs between 
replicates was negligible, the beakers were independent units even though they 
shared the overlying seawater. PCB transfer among the beakers was irrelevant 
for two reasons. First, exchange between pore water in one beaker to another 
would involve passage through two stagnant benthic boundary layers and 
transport across 15 cm of stagnant water between the beakers, which can be 
calculated to be negligible in 28 days (not shown). Second, even if PCBs 
would exchange between beakers, their aqueous phase concentrations would 
be too low to cause additional detectable exposure to the worms. A schematic 
representation of both bioassays is provided in the Appendix (Fig. A4.3). 
Aeration was applied and the water was renewed every two-days. Dissolved 
oxygen (DO) saturation, temperature, pH and salinity were measured twice a 
week with a HACH HQd Field Case. NH4+ and NO2- were monitored with 
reagent kits from Aquamerck (Darmstadt, Germany), having a range of 0.5 - 
10 mg/L and 0.025 - 0.5 mg/L, respectively. Average values were 10.1 mg/L 
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(94 % saturation) for DO, 12.3 °C for temperature, 8.2 for pH, 32 ‰ for 
salinity, 0.2 mg/L for NH4+ and 0.03 mg/L NO2-.  
4.2.6 Endpoints 
Mortality and feeding activity were assessed daily. Following previously 
reported methods for heap analysis,180,191,192 feeding activity was defined as 
the amount of faeces heaps produced per organism per day. In the early stage 
of the bioassay, some organisms were able to escape from the beakers. For the 
subsequent part of the assay, this was prevented with nets (mesh size about 3 
mm). The activity analysis was however hindered by the nets and therefore 
stopped at day 10. After 28 d exposure, the lugworms were collected and 
allowed to clear their guts in beakers with clean seawater overnight.190 Gut 
content was harvested and the whole sample was analysed for PS particle 
numbers using a microscope (Nikon, Binocular 200786). The lugworm tissue 
was stored at -18 °C prior to homogenization. After homogenization by 
scalpel, determination of the internal amount of plastic particles was done by 
microscopy. Furthermore, WW, DW (after heating ±1 g tissue per group at 60 
°C during 24 h), and AFDW (ash free dry weight, after heating at 600 °C 
during 2 h) were determined.  
4.2.7 PCB analysis 
PCB analysis followed previously published procedures.186,193 The lugworm 
tissue was homogenized by scalpel, pulverised and dehydrated (±2 g tissue 
with ±10 g diatomaceous earth) in a mortar. For the sediment, the same 
procedure was used. Glassware was rinsed with acetone prior to use. PCBs 
were extracted with an accelerated solvent extractor (ASE 350, Dionex, see 
Table A4.2), using n-hexane, and cleaned over a combined column filled with 
a dot of quartz wool, 1.5±0.1 g silica gel and 3±0.1 g aluminiumoxide. The 
solution was concentrated on a Kuderna-Danish apparatus followed by 
evaporation to 1mL under a gentle stream of nitrogen. Sulphur was removed 
using copper. PCBs were detected with standard gas chromatograph 
procedures (GC Hewlett-Packard 5890 II from Agilent equipped with an 
HP7673A autosampler, two 63Ni electron capture detectors and two 50-m 
capillary fused silica columns: CP Sil-8 CB and CP Sil-5/C18 CB from 
Varian), and PCB143 as an internal standard. Procedural blanks contained 
generally ΣPCBs of 0 µg/kg (SD 0.04). PCB recoveries averaged 85,9 % (SD 
12.7). If not stated otherwise, PCB concentrations are reported on a WW basis. 
Detection limit (DL) was 0.01 µg/kg. Biota sediment accumulation factors 
(BSAF= Cworm/Csediment) are based on tissue and sediment concentrations on a 
DW basis. 
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4.2.8 Data analysis 
Prior to further analysis, normality of the data and equality of variances were 
tested with a Q-Q plot and Levene’s test, respectively. Linear regression 
analysis, one-way-ANOVA, Kruskal-Wallis and Mann-Whitney U tests were 
performed using SPSS versions 17 and 19, with significance level α=0.05 as 
a criterion for effect.  
4.3 Results and Discussion 
4.3.1 Effects of water quality variables 
Water quality variables were rather constant in the bioassay (Table A4.1) and 
conform to the ICES guidelines.184 Consequently, there was no significant 
relation between the investigated endpoints and average oxygen 
concentration, temperature, pH, salinity, NH4+ or NO2-. A clear difference in 
effects of water quality variables was observed between the two bioassays. 
Because of the positive relation between oxygen concentration and average 
number of days of survival (Fig. A4.9.A) in the pilot experiment, we conclude 
that oxygen depletion rather than PS treatment has been the main stressor 
there. 
4.3.2 Effects of microplastic on fitness and performance of A. 
marina.  
Survival. Lugworm survival was 94%. In total, 12 % of the worms was 
removed during the bioassay, of which 50 % was because of incidental escapes 
from the test beakers into the large aquaria and 50% because of mortality. 
There was no significant relation between treatment and the amount of worms 
that remained in the test beakers (ANOVA, p=0.817) (Fig. A4.5.D). 
Furthermore, no effect of treatment on survival was detected (p=0.276). The 
absence of an effect on survival for contaminated sediment without PS implies 
that the observed mortality in the pilot experiment probably was not caused 
by sediment contamination. As mentioned above, mortality in the pilot 
experiment is ascribed to oxygen depletion.  
Ingestion of plastic. In some of the organisms that died during the bioassay, 
plastic was encountered after dissection. No plastic remained in the organisms 
that survived the entire 28 days exposure period after allowing them to clear 
their guts. We only found internal plastic particles in worms that were, because 
of escape or mortality, preliminary removed from the 0.74 % treatment, which 
was the highest plastic concentration from which we preliminary removed 
worms (two removed worms with respectively 1 and 2 internal PS particles). 
There was a significant higher amount of internal plastic particles in organisms  
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that did not clear their guts (due to preliminary removal from the bioassay, no 
gut clearance applied in this stage) compared to organisms that did clear their 
guts (at the end of the assay) (Mann-Whitney U test: p=6.96×10-6), which 
indicates that A. marina ingested PS particles ≥400 µm, but that the particles 
did not accumulate in this organism. The higher amount of plastic particles in 
organisms that died could also imply that the ingested plastic negatively 
affected survival or that weak organisms were less capable to egest 
microplastic particles. However, we consider it more likely that the higher 
amount is related to the lacking of gut clearance.  
Gut content. Organisms that were exposed for the whole 28-day exposure 
period, egested faeces during gut clearance overnight. Plastic was only found 
in these faeces of organisms exposed to the plastic concentration of 7.4 % 
(average of 6.8 PS particles per group of 5 worms, SD 4.7, on average 1.36 
particle/worm). In the previous section we concluded that dying worms were 
unable to excrete their gut content. Therefore, for the definition of ‘gut 
content’, no differentiation is made between internally detected plastic, i.e.‘gut 
content’ of worms that died during the bioassay, and plastic egested during gut 
clearance, i.e. ‘gut content’ of worms that survived the bioassay. Because of 
the non-normality of the data, we investigated the relation between plastic 
exposure and amount of plastic particles in the gut content with the Kruskal-
Wallis test, which gave significant differences between treatments 
(p=1.90×10-18). As a post hoc test, pair-wise comparisons of the treatments 
were done with the Mann-Whitney U test, which revealed three significantly 
different treatment classes: low (0 and 0.074 %), middle (0.74 %), high (7.4 
%) (1-sided p=0.019, p=3.43×10-14, p=1.31×10-7). As expected, we found no 
plastic particles in the gut content of the organisms in treatment Oesterput. 
The positive relation between the amount of plastic particles in the gut content 
and plastic exposure concentration (Fig. 4.1.A) is consistent with our 
expectation that A. marina feeds unselective179 with respect to particle type. 
This is also supported by the results from the pilot experiment (Fig. A4.4A). 
Activity. Feeding activity was observed during the whole bioassay, but 
recorded only till day 10 (Fig. A4.7.B). In that time span, the mean activity 
Figure 4.1. Effects of polystyrene dose (0, 0.074, 0.74 and 7.4 %) in the bioassay on the 
endpoints: Number of PS particles detected in gut content, expressed in treatment classes Low 
(0 and 0.074 %), Middle (0.74 %) and High (7.4 %) (panel A); Activity observed as average 
heap production (panel B) and DW loss after 28 days (panel C). Oesterput = treatment with 
clean Oesterput sediment; The thin dashed lines in panels B and C visually indicate the relation 
between log(PS dose) and activity and DW loss, respectively. Error bars relate to ± 1 SE. 
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was 0.53 heap/individual/day (SD 0.46). We observed a negative relation 
between plastic concentration and activity in the bioassay (Fig. 4.1.B, 
ANOVA, p=0.045). The activity in clean sediment (Oesterput) turned out to 
be significantly higher than in all treatments with plastic (0.074, 0.74 and 7.4 
%) (1-sided p-values 0.018, 0.010 and 0.004 respectively). Theoretically, the 
effect could have been caused by the plastic as well as by the PCB 
contamination in the sediment containing plastic. However, considering only 
the treatments with PCB contaminated sediment, the activity in the treatment 
without plastic (0 % PS) was significantly higher than in the 7.4 % treatment 
(1-sided p-value 0.035). This identifies the effect as an effect of plastic, which 
is consistent with our experimental design criterion that sediment PCB 
concentrations were at least a factor 100 lower than reported effect thresholds 
for benthic invertebrates.183 That the PCB concentrations were not toxic to A. 
marina also followed from the fact that no difference in feeding activity was 
detected for the PCB contaminated versus the clean sediment. As far as we 
know, such a negative effect of plastic on the activity of A. marina has not 
been detected before. 
Weight loss. In the bioassay all groups lost weight. The bioassays were 
accomplished in autumn, a season in which individual weight loss of A. 
marina is common192 and might (partially) be caused by spawning,179,194 as 
was observed in various test beakers during the pilot experiment. Spawning 
was not recorded in the main experiment, but might have occurred there too. 
The mean WW loss was 1.20 g/individual (29.7 %, SD 0.41), the mean DW 
loss was 0.16 g/individual (28.4 %, SD 0.06) and the mean AFDW loss was 
0.06 g/individual (16.6 %, SD 0.04). We observed an increasing weight loss 
with increasing plastic concentration, but this was not for all weight indicators 
significant. There was a positive significant relation between plastic 
concentration and absolute DW loss (Regression, 1-sided p-value=0.028) (Fig. 
4.1.C). To our knowledge, this is the first time that a negative effect of plastic 
on the bodyweight of lugworms is quantified. We found no significant 
difference in DW loss between the contaminated and clean sediment in 
absence of plastic (treatment 0 % and Oesterput) (ANOVA, p=0.994). This 
again confirms the similarity of sediment quality and the absence of PCB 
toxicity that was aimed for by mixing unpolluted and polluted sediment in a 
1:18 mixing ratio. AFDW loss and WW loss had no significant relation with 
plastic concentration (1-sided p=0.058 and p=0.205, respectively). One could 
expect that weight loss is an indirect effect of reduced feeding activity, but 
there was no significant link between activity and WW, DW, AFDW loss 
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(Regression, p=0.721, p=0.894, p=0.656). That the water quality variables 
were constant and favourable for A. marina in this assay, might be the reason 
why an effect of plastic exposure concentration on activity and weight loss 
was visible here, and not in the pilot experiment.  
4.3.3 Effects of microplastic on bioaccumulation of PCBs.  
Detection of PCBs. ΣPCB in the sediment was 1.84 ± 0.22 µg/kg (Table A4.4), 
which is a factor 350 lower than the probable effect ΣPCB concentration of 
676 µg/kg reported by MacDonald et al.183 This further supports the 
conclusion that effects discussed in the previous section are effects of plastic 
and do not relate to PCB toxicity. Because PCB concentrations were designed 
to be low, several individual congener concentrations were below the 
detection limit (overview in Table A4.3). However, a complete dataset is 
available for 11 PCBs over a large hydrophobic range (LogKOW = 5.58 - 7.21) 
(Table A4.3), such that treatment effects can be tested for this range. Relative 
errors (%SD) among replicates generally were 10 - 30 % (85 % of the cases), 
with 6 % of the cases >40 %, of which 2 cases >100 %. These 2 cases had 
suspected outliers (Dixons Q-test p<0.01). However, excluding them did not 
change the number of detected significant treatment effects so outliers were 
kept in the dataset. Amongst others, spawning might be an explanation for the 
observed variation.  
Treatment effects on bioaccumulation. Per PCB congener, an ANOVA was 
applied to detect differences between treatments. There were significant 
differences in PCB tissue concentration between treatments for all PCBs and 
ΣPCBs (p-values≤0.001), except for PCB29, 194 and 204, for which too many 
values were below DL (Table A4.3). For testing which treatments significantly 
differed from each other, a post-hoc test was done for ΣPCBs and for PCBs 
with all concentrations>DL, i.e. PCB31, 44, 52, 101, 105, 118, 138, 149, 153, 
170 and 180. The discussion below focuses on these congeners. One PCB 
concentration pattern occurred most frequently among treatments (Fig. 4.2). 
The tissue PCB concentrations of lugworms exposed to clean Oesterput 
sediment, did not differ from the tissue concentrations of non-exposed 
lugworms (treatment 'start') (ANOVA, for individual PCBs p≥0.620). For all 
(Σ)PCBs subjected to further analysis, the worms exposed to contaminated 
sediment (i.e., treatments 0, 0.074, 0.74 and 7.4 %) had a significantly higher 
PCB concentration than the clean Oesterput sediment, non-exposed worms 
('Start') and worms exposed to clean Oesterput sediment (p-values≤0.017). 
Generally, the worms exposed to contaminated sediment contained 2 - 7 times 
the concentration found in worms exposed to clean sediment (Table A4.6). 
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PCB concentrations in worms exposed to 0.074 % PS were generally a factor 
1.1 - 1.5 higher than those exposed to contaminated sediment without plastic 
(0% PS) (Table A4.7). This was statistically significant for PCB31, 52 and 
105 (p-values 0.022, 0.016 and 8.2×10-6 respectively). This means that at our 
lowest PS dose of 0.074 %, bioaccumulation of these PCBs increased. For 
most PCBs, a decrease in PCB concentration was observed for plastic 
concentrations >0.074 % (generally a factor 1.1-1.3 difference with 0 % PS) 
(Fig. 4.2). However, this decrease was significant only for PCB105, that is, PS 
treatments 0.074 and 0.74 % resulted in significantly higher PCB105 tissue 
concentrations than the 7.4 % PS treatment (p-values≤0.001).  
The less hydrophobic PCBs 28, 31 and 52 showed an accumulation pattern 
deviating from the most frequent pattern described above, with the PCB 
concentration in the 0.74 % PS treatment being lower than in the treatments 
with 0.074 and 7.4 %. This is significant for PCB28 (p-values≤0.002). For 
PCB20 and 44 the PCB concentration increased with plastic concentration till 
the treatment with 0.74 %, after which it decreased. However, the only 
statistically significant difference here is that the concentration of PCB44 was 
higher in worms from the treatment with 0.74 % than from the treatment 
without plastic (p=0.015). So, the maximum in observed bioaccumulation as 
a function of PS dose is seen here as well, but the maximum appears at a higher 
plastic concentration. 
Biota sediment accumulation factors. PCB congener concentrations in the 
contaminated sediment correlated well with congener concentrations in the 
exposed worms (correlations not shown), which suggests constant partitioning 
between sediment and organism and calls for a consideration of BSAF values. 
BSAFs ranged from about 10 to 40, except for PCB29 and 209 (BSAFs<7) 
and PCB155 (BSAFs>80) (Table A4.5). These BSAFs are 1 - 2 orders of 
magnitude higher than previously found in lugworms190,195 and an order of 
magnitude higher than equilibrium partitioning theory (EPT) would predict if 
BSAFs would have been normalised on biota lipid and sediment organic 
matter fractions.196 However, BSAFs were not normalised as lipid content was 
not measured in this study due to lack of sample material. A possible 
explanation for the high BSAFs may be that the worms were actively feeding 
on sediment, which increases their steady-state BSAF to higher levels than 
what would be predicted by EPT.197 
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4.3.4 General discussion and implications 
The bioassay showed that A. marina ingested PS spheres of 400 - 1300 µm. 
As plastic is ingested by A. marina, its predators will be exposed to plastic as 
well. The difference in amount of plastic particles in lugworms that did or did 
not clear their guts indicates that A. marina ingests PS particles ≥400 µm, but 
that these particles do not accumulate in this organism. Therefore, obstruction 
of the digestive tract, as proposed for marine birds,198 is not likely for the 
particles that were used. In our study an effect concentration for feeding 
activity of 7.4 % was found, implying that high environmental PS 
concentrations negatively affect feeding activity. This is in accordance with 
the positive relation between sediment nutritional value and feeding activity 
found by Cadée et al.180 To the authors knowledge, birds are the only marine 
organism for which a reduced feeding activity related to high internal plastic 
concentrations is found.199 The suggested concern about the ability of these 
birds to lay down fat deposits might apply to lugworms as well. So far, 
microplastic concentrations up to 81 mg/kg have been found in marine 
sediment,165 which are three orders of magnitude lower than our effect 
concentration of 7.4 %. However, to date sediment microplastic 
concentrations have been investigated for only a limited number of 
sites.13,22,39,165 Higher concentrations might exist in harbour sediment or in 
coastal areas in densely populated regions, or arise due to future disposal or 
Figure 4.2. PCB105 concentration in contaminated sediment ('sediment'), non-exposed start 
worms ('start'), worms exposed to clean Oesterput sediment ('Oesterput') and worms exposed 
to polystyrene concentrations of 0, 0.074, 0.74 and 7.4 % in contaminated sediment, expressed 
on dry weight basis. Error bars relate to ± 1 SE. 
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breakdown of plastic. Like activity reduction, a negative effect of plastic on 
weight loss has, so far, only been quantified for marine birds.200 For birds, the 
proposed explanatory mechanism is a lower feeding efficiency, as a result of 
food dilution.200,201 In our experiment, the OM content of the sediment was 
diluted from 1.73 % down to 1.64 % due to the addition of plastic, which 
constitutes a relative decrease of OM content up to 5.3 %. This means a larger 
volume of sediment needs to be processed to obtain the same nutritional value. 
Furthermore, PS ingestion may have caused physical stress because the PS 
particles were larger than sediment particles. Consequently, the reductions of 
the OM content and presence of PS might have been large enough to reduce 
the energy assimilation efficiency of A. marina and thereby explain its weight 
loss. As food availability appears to be the crucial factor for the growth of A. 
marina,202 plastic pollution might negatively affect the viability of lugworm 
populations if the pollution causes a reduction of the OM content. 
To our knowledge, this is the first bioassay that reports on the relation between 
exposure to different microplastic concentrations in sediment and internal 
PCB concentrations of marine benthic organisms. Increased PCB 
accumulation was observed at our lowest PS dose of 0.074 %. An increase in 
bioaccumulation by a factor 1.1-1.5 is scientifically interesting, but probably 
not that relevant for the risk assessment of POPs nor that of marine 
microplastic particles. Despite the limited magnitude of the effect, it was 
significant for several PCBs, whereas the general pattern was observed for 68 
% of the congeners studied. Several explanations for the observations may be 
given. It has been speculated that an increase in bioaccumulation upon 
addition of plastic may be explained by plastic facilitated transfer of PCBs 
from the sediment to the organisms.19–21,203 However, PS has a reported range 
of PCB partition coefficients of 102 - 103 L/kg,188 which is much lower than 
OM or lipid water partition coefficients for the same PCBs. Therefore, it is not 
likely that PS acted as a vector for PCBs. PS also might affect bioaccumulation 
by diluting pore water PCB concentrations. This, however, also is not likely 
for our lowest PS dose as it can be calculated (not shown) that the change 
would be marginal, which agrees to an earlier analysis of the same 
mechanism.19 Two other mechanisms may play a role. First, the decreased 
(diluted) OM content and presence of PS may have resulted in increased 
sediment feeding,204 more than compensating the aforementioned small 
dilution effect and thus in a higher net accumulation. However, our 
measurement of feeding was based on faeces count and not on faeces weight, 
such that our data can neither support nor contradict this. Second, the 
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experienced stress in the experiments may have resulted in reduced lipid 
contents, which is supported by the observed DW loss of 28.4 %. Similarly, it 
has been reported that activated carbon in sediments reduced lipid contents in 
aquatic worms.205 A reducing lipid volume might in particular concentrate 
hydrophobic PCBs that have the lowest elimination rates. The dilution 
mechanism however, might partly explain the decrease in PCB accumulation 
at the doses of 0.74 and 7.4 %. These high plastic concentrations might have 
diluted the directly available free pore water PCB concentrations in the 
sediment to an extent that overwhelms the other mechanisms, resulting in 
lower net PCB transfer to the organism.  
To date, there are no reports of plastic concentrations as high as our range of 
0.074 - 7.4 % in marine sediment. Consequently, we cannot unambiguously 
conclude that currently reported plastic concentrations will cause an increase 
in organisms PCB concentrations. Also, in the marine environment, the plastic 
will already contain PCBs when entering the sediment, such that any 
speculated dilution effect in this assay plays a minor role.20 PS appeared to 
increase accumulation by a factor of 1.1 - 1.5, with peculiarities up to 3.6. 
Given the low magnitude and uncertainty of these factors, the impact of PS on 
PCB transfer to A. marina can be considered small. This may, though, be 
different for polymer types for which POPs have an equal or higher affinity 
than for biota tissue, like polyethylene.206 However, the interplay of 
simultaneous processes is complex, which calls for the development of 
validated models for plastic facilitated uptake of POPs. 
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 CHAPTER 5 
Plastic as a carrier of POPs to aquatic 
organisms: A model analysis 
 
Based on: Koelmans, A.A., Besseling, E., Wegner, A., Foekema, E.M., 2013. 
Plastic as a carrier of POPs to aquatic organisms: A model analysis. 
Environmental Science & Technology 47, 7812–7820 
 
Abstract 
It has been hypothesised that persistent organic pollutants (POPs) in 
microplastic may pose a risk to aquatic organisms. Here, we develop and 
analyse a conceptual model that simulates the effects of plastic on 
bioaccumulation of POPs. The model accounts for dilution of exposure 
concentration by sorption of POPs to plastic (POP 'dilution'), increased 
bioaccumulation by ingestion of plastic containing POPs ('carrier'), and 
decreased bioaccumulation by ingestion of clean plastic ('cleaning'). The 
model is parameterised for the lugworm Arenicola marina and evaluated 
against recently published bioaccumulation data for this species from 
laboratory bioassays with polystyrene microplastic. Further scenarios include 
polyethylene microplastic, nano-sized plastic and open marine systems. 
Model analysis shows that plastic with low affinity for POPs, like polystyrene 
will have a marginal decreasing effect on bioaccumulation, governed by 
dilution. For stronger sorbents like polyethylene, the dilution, carrier and 
cleaning mechanism are more substantial. In closed laboratory bioassay 
systems, dilution and cleaning dominate, leading to decreased 
bioaccumulation. Also in open marine systems a decrease is predicted due to 
a cleaning mechanism that counteracts biomagnification. However, the 
differences are considered too small to be relevant from a risk assessment 
perspective. 
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5.1. Introduction 
Accumulation of plastic is recognized as one of today's major marine water 
quality problems.23,207 Plastic is very persistent,208 yet breaks down gradually 
by abrasion and by UV-B radiation22,209 to form smaller fragments, i.e. micro- 
and nanoplastic particles defined as <5 mm and <100 nm sized particles, 
respectively.19,182,203 Microplastic particles have been shown to be the most 
common size fractions in the oceanic gyres210 and microplastic densities in the 
North Pacific have increased by two orders of magnitude over the past 40 
years.211 One of the observed effects relates to ingestion, which negatively 
affects benthic invertebrates, birds, mammals and turtles (Chapter 
4).22,29,51,52,212,213 Microplastic particles are also hypothesised to act as a carrier 
for persistent organic pollutants (POPs) in marine ecosystems,20,177 which is 
the focus of this chapter. Marine plastic particles are known to absorb POPs 
like for instance polychlorobiphenyls (PCBs).37,171,174,175,214,215 High plastic-
water partitioning coefficients172,188,216,217 make plastic particles potential 
candidates as carriers of POPs to marine organisms. Concentrations of POPs 
absorbed to plastic in the marine environment range from 1 to 10,000 ng/g 
plastic pellet worldwide.37,174 After settling, microplastic particles may 
increase the exposure of benthic organisms to POPs.20 It has also been 
suggested that plastic may reduce bioaccumulation of POPs. One proposed 
mechanism is that equilibrium partitioning between plastic and POPs dilutes 
free aqueous concentrations,19,20 i.e. decreases bioavailability and 
bioaccumulation of POPs. Another mechanism might occur if the plastic is 
relatively clean compared to the organisms' body burden. Then, plastic would 
absorb POPs from the organism’s tissue, resulting in removal of POPs by 
egestion of the plastic.19 Recently, the dilution hypothesis has been 
investigated by model and mass flux analysis, which showed that the dilution 
effect will be small in diluted systems such as the oceans.19,20,182 However, this 
may be different in ‘hot spots’ of plastic pollution near the coast or in harbour 
areas, or if microplastic concentrations keep rising. Then, plastic ingestion by 
benthic organisms might be substantial, leading to either increased or 
decreased accumulation compared to a situation without plastic, dependent on 
initial POP concentrations. The importance of plastic ingestion as an exposure 
pathway has not been quantified yet. Following Gouin et al.,19 we conclude 
there is a need for dynamic models that are able to simulate these simultaneous 
and possibly counteracting processes for prognostic risk assessment of 
microplastic and future scenario studies.  
Plastic chemical carrier model 
 
73 
Here, we present a biodynamic model for uptake of POPs in a sediment - water 
system, in the presence of microplastic. The model accounts for dilution of 
pore and overlying water by microplastic, uptake from plastic loaded with 
POPs as well as depuration of POPs from the tissue in case of ingestion of 
clean microplastic. Although the core model is general for aquatic organisms, 
it is first parameterised and validated for the lugworm Arenicola marina (L.). 
This benthic organism feeds on sediment material and will thus ingest 
microplastic that is present in the sediment (Chapter 4).51 Furthermore, A. 
marina is the only species for which a dataset on uptake of a series of PCB 
congeners at different polystyrene (PS) microplastic-sediment mixing ratios is 
available (Chapter 4).51 Second, the parameterised model is used for scenario 
studies simulating closed systems, where microplastic dilutes chemical 
concentrations. Such systems mimic laboratory test systems, field enclosures 
or 'hot spots' where microplastic concentrations are exceptionally high. Third, 
the model is used for scenario studies simulating open systems, where aqueous 
phase and sediment PCB concentrations are only marginally affected by the 
presence of microplastic. These scenarios mimic oceanic systems where 
microplastic is much more diluted.19 Aim of the presented model is to outline 
the processes, then quantify them in the form of a tentative mass balance 
model that is consistent with available empirical data to capture the key 
processes and dependencies.  
5.2. Modeling approach 
5.2.1 General biodynamic model for POP uptake by aquatic 
organisms in an environment containing plastic 
Following traditional bioaccumulation models,218–221 bioaccumulation of 
PCBs (dCB,t/dt) from an environment containing plastic is modeled as a mass 
balance of uptake and loss processes (Fig. A5.1), to which a novel term for 
PCB transfer to and from plastic is added (units are provided in Table 5.1):  
  tBlosstPLRPLSEDSEDSEDtwdermtB CkCSCaSIRCk
dt
dC
,,
,    (5.1) 
In Eq. 5.1 and below, time dependent variables are indicated with subscript 't'. 
The first term in Eq. 5.1, quantifies dermal uptake from ambient water by 
passive partitioning. The second term quantifies uptake from ingested 
sediment and exchange with plastic particles. The third term quantifies overall 
loss due to elimination and egestion. The first and third term are parameterised 
following traditional approaches,219,221 where Cw is the concentration in the 
ambient water and kderm and kloss are first order rate constants for dermal uptake 
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and overall loss. In the second term, IRt represents total particle mass ingested 
per unit of time, aSED is the absorption efficiency from sediment, SSED and SPL 
are the mass fractions of sediment and plastic in ingested material respectively 
(SSED + SPL =1) and CSED is the PCB concentration in sediment. The product 
aSED×CSED quantifies the contaminant concentration that is transferred from 
sediment to organism during gut passage. The transferred concentration from 
plastic, CPLR,t, is a novel plastic-specific term in this type of models. 
Absorption from plastic particles is calculated in another way than absorption 
from sediment, which is why the product SPLCPLR,t in Eq. 5.1 is separated from 
that for sediment particles. Plastic particles are assumed not to degrade inside 
the organism, but pass through the gut after which they are defecated. This 
allows for reversible exchange of POPs between plastic particle and biota 
lipids during gut passage. Consequently, the absorption efficiency for plastic 
particles is dependent on the concentration gradient between ingested plastic 
and biota lipids, plastic-lipid forward and backward exchange transport rate 
constants and duration of exchange, which can be defined as the gut residence 
time (GRTt). The concentrations in the biota (CB,t) change over time, whereas 
the gut residence time (GRTt) may increase with growth and thus with time. 
Consequently, absorption from plastic has to account for both effects and is 
supposed to change over time, unless a steady-state is reached. For calculation 
of CPLR,t we approximate exchange of POPs between plastic and lipids as a 
first order reversible process CPL,t ↔ CL,t with forward and backward rate 
constants k1 and k2: 
𝑑𝐶𝑃𝐿,𝑡𝐺𝑃
𝑑𝑡𝐺𝑃
= 𝑘2𝐶𝐿,𝑡𝐺𝑃 − 𝑘1𝐶𝑃𝐿,𝑡𝐺𝑃       (5.2) 
in which 𝐶𝑃𝐿,𝑡𝐺𝑃 and 𝐶𝐿,𝑡𝐺𝑃 are concentrations in plastic and lipids during gut 
passage (GP), respectively. Time t in Eq. 5.2 is elapsed time during gut 
passage (0<tGP<GRTt.) and therefore carries a subscript ‘GP’ to distinguish 
this variable from bioaccumulation time in Eq. 5.1. With 𝐶𝑃𝐿
𝐼𝑛𝑔
 and 𝐶𝐿
𝐼𝑛𝑔
 are 
the concentrations of the POP in the ingested plastic particle and the biota 
lipids at the moment of ingestion (i.e. at tGP=0 and 𝐶𝐿,𝑡
𝐼𝑛𝑔 = 𝐶𝐵,𝑡/𝑓𝑙𝑖𝑝) and 
𝐶𝑃𝐿𝑅,𝑡𝐺𝑃 is the net concentration originally in the plastic that has been removed 
(absorbed) from the plastic (i.e. 𝐶𝑃𝐿,𝑡𝐺𝑃 = 𝐶𝑃𝐿
𝐼𝑛𝑔 − 𝐶𝑃𝐿𝑅,𝑡𝐺𝑃  and 𝐶𝐿,𝑡𝐺𝑃 =
𝐶𝐿
𝐼𝑛𝑔 +
𝑀𝑃𝐿
𝑀𝐿
𝐶𝑃𝐿𝑅,𝑡𝐺𝑃), Eq. 5.2 can be rewritten as:
222  
𝑑𝐶𝑃𝐿𝑅,𝑡𝐺𝑃
𝑑𝑡𝐺𝑃
= 𝑘1(𝐶𝑃𝐿
𝐼𝑛𝑔 − 𝐶𝑃𝐿𝑅,𝑡𝐺𝑃) − 𝑘2 (𝐶𝐿
𝐼𝑛𝑔 +
𝑀𝑃𝐿
𝑀𝐿
𝐶𝑃𝐿𝑅,𝑡𝐺𝑃)  (5.3) 
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which can be solved to yield 
𝐶𝑃𝐿𝑅,𝑡 =
𝑘1𝐶𝑃𝐿
𝐼𝑛𝑔
−𝑘2𝐶𝐿,𝑡
𝐼𝑛𝑔
𝑘1+
𝑀𝑃𝐿
𝑀𝐿
𝑘2
(1 − 𝑒
−(𝑘1+
𝑀𝑃𝐿
𝑀𝐿
𝑘2)𝐺𝑅𝑇𝑡 
)   (5.4) 
in which MPL/ML is the ratio of plastic and lipid mass in the organism. For a 
detailed explanation of Equations 5.2-5.4, see the Appendix. In Eq. 4, gut 
passage time (tGP) is replaced by the fixed value GRTt, the actual gut residence 
time of the plastic particles in the organism at bioaccumulation time t. The 
variables CPLR,t, 𝐶𝐿,𝑡
𝐼𝑛𝑔
 and GRTt now carry the subscript ‘t’ because they 
depend on bioaccumulation time ‘t’. The variable CPLR,t for plastic is 
analogous to the product aSED×CSED for sediment and can be used directly in 
Eq. 5.1 (i.e. without a separate absorption efficiency for plastic). However, to 
enable comparison with aSED an absorption efficiency aPL,t for plastic can be 
calculated as the net concentration that has been removed from the plastic by 
gut passage (CPLR,t) divided by the concentration at ingestion (𝐶𝑃𝐿
𝐼𝑛𝑔
): 
𝑎𝑃𝐿,𝑡 =
𝐶𝑃𝐿𝑅,𝑡
𝐶𝑃𝐿
𝐼𝑛𝑔         (5.5) 
This assumes that the concentrations in Eq. 5.5 are larger than zero and that 
CPLR,t ≤ 𝐶𝑃𝐿
𝐼𝑛𝑔
. Equations 5.4 and 5.5 quantify how the absorption efficiency 
from plastic depends on concentrations in plastic and organism lipids, kinetic 
constants and gut residence time. As long as 𝑘1𝐶𝑃𝐿
𝐼𝑛𝑔 > 𝑘2𝐶𝐿,𝑡
𝐼𝑛𝑔
 (Eq. 5.4), the 
absorption efficiency is positive and the organism acquires POPs from the 
plastic. It follows from Eq. 5.2 that the ratio k1/k2 (CL/CPL at equilibrium) is a 
lipid-plastic partition coefficient, KPLIP. If for instance, KPLIP is equal to 1, 
transport from plastic to lipids occurs as long as the concentration in plastic is 
higher than that in the lipids (carrier mechanism). However, if 𝑘1𝐶𝑃𝐿
𝐼𝑛𝑔 <
𝑘2𝐶𝐿,𝑡
𝐼𝑛𝑔
 (Eq. 5.4), mass transfer is reversed and plastic ingestion effectively 
leads to depuration of POPs from the organism (cleaning mechanism). Note 
that Eq. 5.4 is general for 𝐶𝑃𝐿
𝐼𝑛𝑔
 and 𝐶𝐿,𝑡
𝐼𝑛𝑔
 regardless of initial conditions. This 
way, Eq. 5.1-5.4 can simulate increased bioaccumulation by plastic as well as 
cleaning by plastic. Reversible mass transfer between plastic and biota lipids 
(plastic  lipids, Eq. 5.2-5.4) simplifies a number of transport steps that can 
be assumed to occur in series. Consequently, the simplification requires one 
of the internal transport resistances to dominate, which will be motivated 
below. 
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Table 5.1. Symbols and units.a) 
 = gut content's density (g/mm3) 
aSED = absorption efficiency from sediment (-) 
aSED,L = absorption efficiency per mm worm length (mm-1) 
aPL = absorption efficiency from plastic (-) 
CB,t = Concentration in biota (µg/g DW) 
CL,t = Lipid normalised concentration in biota (µg/g DW). CL0 is 
the concentration at t=0. CL,tIng is the concentration at the 
time of plastic ingestion.  
CPLIng = concentration in plastic (outside worm and at time of 
ingestion by worm) (µg/g) 
CPLR,t = concentration in plastic that has been absorbed by the 
worm, referenced to plastic mass (µg/g) 
CSED = concentration in sediment (µg/g sediment) 
Cw = concentration in water (µg/L) 
D = POP polymer diffusivity (m2/d) 
fOC = sediment organic carbon fraction (-) 
fOM = sediment organic matter fraction (-) 
GRTt = gut residence time (d) 
IRt = ingestion rate (g/g DW per day) 
k1 = apparent first order rate constant for plastic to lipid 
transport (d-1) 
k2 = apparent first order rate constant for lipid to plastic 
transport (d-1) 
kderm = rate constant for uptake from water (L/g DW d-1) 
kloss = loss rate constant (g/g DW d-1) 
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Table 5.1. Continued. 
KOC = sediment organic carbon - water partition coefficient (L/kg) 
KOW = octanol water partition coefficient (-) 
KP = sediment-water partition coefficient (L/kg) 
KPLIP = ratio of lipid-water and plastic-water equilibrium constant 
(-)  
Lt = length of the worm (mm) 
ML = mass of lipids in worm (g DW) 
MPL = mass of plastic in worm (g DW). 
MPS = mass of plastic in bioassay system (kg DW) 
MSED = mass of sediment in bioassay system (kg DW) 
Q = volumetric flow rate ingested particles (mm3/d) 
rP = radius of plastic particle (m) 
rt = radius of the worm (mm) 
SSED = mass fraction of sediment particles ingested (-) 
SPL = mass fraction of plastic particles ingested (-) 
Vgut = lugworm gut volume (mm3)  
Wt = dry weight of organism (g) 
a)Source of parameter values and additional equations are defined in Table A5.1. 
5.2.2 Modeling PCB transfer to A. marina in closed bioassays 
with polystyrene 
Parameterization. We first parameterised the model to simulate results from 
previously published bioassays with the lugworm A. marina (Chapter 4).51 In 
these assays natural PCB contaminated sediment was pre-equilibrated with 0.4 
- 1.3 mm PS microplastic particles for 6 weeks on a roller bank (Chapter 4),51 
to obtain PS sediment concentrations of 0, 0.074, 0.74 and 7.4% dry weight, 
and PS in sorption equilibrium with the sediment. A. marina individuals were 
added to replicated treatments and exposed for 28 d. Lugworm PCB 
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concentrations and weights were known at start and after exposure (Chapter 
4).51 Six weeks is long enough to equilibrate PCBs in ~1 mm microplastic 
particles, either based on reported PCB diffusivities of 2-410-10 cm2/s in PS188 
or on undisturbed boundary layer (UBL) transfer rates in the vigorously 
agitated dense sediment slurry.223,224 This means that for Cw in the first term in 
Eq. 5.1 we can write: 
PSEDPLPSw
SEDSED
w
KMKMV
CM
C

      (5.6) 
with CSED is the measured PCB concentration in sediment, MSED and MPS 
known (added) masses of sediment and PS in the experimental system, Vw is 
known water volume and KP and KPL are sediment-water and plastic-water 
partition coefficients. KP values were estimated from measured organic carbon 
content and LogKOW using the well-established relationship LogKOC=LogKOW-
0.48 by Seth et al.225 KPL values for PS (~100-1000 L/kg) were taken from the 
literature.188 Eq. 5.6 shows how in a closed system, addition of plastic may 
decrease the initial exposure concentration Cw, an effect that is larger if more 
plastic is added and if the PCBs have a higher affinity for plastic than for 
sediment20 (dilution mechanism). Because of the excess of PCB contaminated 
sediment compared to mass of worms and plastic, uptake by the worms can be 
assumed not to affect sediment PCB concentrations in these bioassays. 
Furthermore, reported fast- and slow desorption half-lives for PCBs are short 
(0.4 to 4 d-1)(186,187) so that we can assume pore water concentration (Cw) not 
to vary over time after pre-equilibration. Similarly, we can assume that PCB 
concentrations in PS particles (CPL) stayed constant in time due to the excess 
of contaminated sediment. The dermal uptake rate constant kderm was estimated 
using allometric relationships221 (detailed in the Appendix, Table A5.1).  
In the second term of Eq. 5.1, the ingestion rate IRt (g/g DW d-1) quantified 
following Cammen,204 increases with growth of the organism but decreases 
with sediment organic matter (food) content fOM as can be approached by:204 
WfWIR OMtt /)1000(435.0001.0
92.0771.0       (5.7) 
with Wt the dry weight of the organism as a function of time. The factors 1000 
and 0.001 relate to the fact that Cammen defined IR as mg sediment ingested 
per day, and organism weight in mg, whereas we used organism weight in g. 
The dependency on fOM allows organisms to increase their ingestion rate if the 
nutritional status of the sediment is lower, for instance caused by low organic 
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matter content or by dilution of sediment with plastic particles. The absorption 
efficiency from sediment aSED,t (0 ≤ aSED,t ≤ 1) is supposed to increase with 
length of the worm:218 
tLSEDtSED Laa  ,,        (5.8) 
This assumes that sediment particles in worms have a fixed absorption 
efficiency per unit of length, aSED,L. Lt is the length of the worms which is 
supposed to increase over time, or to be constant if growth is limited. Length 
of the worms were not observed to change during the modeled bioassays, so a 
default value aSED,t=0.15 was used.218,221 SSED is calculated as 
MSED/(MSED+MPL), and SPL is 1-SSED. For the calculation of CPLR,t using Eq. 5.4, 
estimates for the rate constants k1 and k2, for chemical concentration in the 
ingested plastic, CPL and for the gut residence time GRTt are required. There 
are, to our knowledge, no published rate constants for the release of PCBs 
from plastic particles in the lugworm. Here, we follow earlier reasoning that 
polymer diffusion most probably will be rate limiting in the exchange of POPs 
between plastic in the gut and biota lipids.20,21 For POPs with logKOW >4 such 
as PCBs, polymer-water exchange by planar passive samplers deployed in 
surface water is usually rate limited by transfer across the UBL.217,226 
However, for plastic spheres in the gut of A. marina this transfer will be much 
faster, due to (a) the spherical shape of the UBL leading to a steeper 
concentration gradient across the UBL,227 (b) solubility increase in the gut,228 
(c) DOC facilitated PCB transport across the UBL,229 and (d) frequent direct 
contact between plastic and sediment particles in the gut, leading to decreased 
thickness of the UBL.224 A quantitative analysis of these processes with 
additional references is provided in the Appendix. The calculations show that 
UBL transfer for micro- and nanoplastic is so fast that polymer diffusion is 
expected to be rate limiting (Table A5.2, A5.3, Fig. A5.2). In case of polymer 
diffusion, first order rate constants can be estimated using the established 
approximation 𝑘1 ≈ 23𝐷/𝑟𝑃
2,(227) in which rP is particle radius and D is 
polymer diffusivity. Using reported PCB diffusivities in pristine PS at room 
temperature of (1.7-3.5)  10-9 m2/d,(188) this yields k1 values of 0.1 - 2 d-1 for 
0.4-1.3 mm plastic particles and >100 d-1 for 0.1-1 µm micro- and nanoplastic 
particles. Such estimates however, can be considered conservative. Weathered 
microplastic will be brittle215 and can be expected to have higher release rates 
in the gut than the pristine polymer.21 At higher temperatures as in warm 
blooded animals, transfer rates may even be higher.221 Recent data showed 
release rates of phenanthrene from microplastic in artificial gut fluid, ranging 
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between 2-20 d-1.(20,230) Therefore, by evaluating a range of k1 values (1 - 10 d-
1) in different model runs, we cover the effect of a wide range of parameters 
on the diffusion rates from microplastic and are able to elucidate the influence 
and importance of this parameter on the overall uptake of PCBs from plastic 
by A. marina. Based on Eq. 5.2, reversed rate constants k2 were calculated as 
k1/KPLIP, with KPLIP is the ratio between the lipid water partition coefficient 
(KLIP, Table A5.5) and KPL. For CPL, we used the equilibrium condition 
CPL=KPLCw, in which Cw follows from Eq. 5.6 and the KPL value for PS was 
taken from the literature.188 It has been described that the gut of A. marina is 
segmented, which may lead to different exchange kinetics of sediment bound 
chemicals in different parts of the gut.231 Here, an average gut residence time 
GRTt is defined, which depends on the volume of the gut Vgut and the 
volumetric flow rate of ingested particles (Q). If the organism grows, GRTt 
changes over time according to:220 
t
t
ttgut
t
W
IR
Lr
Q
V
GRT

 3.02 
      (5.9) 
with rt, Lt and Wt measured radius, length and dry weight of the worm (g DW), 
which may vary over time. In the denominator of Eq. 5.9, Wt in g DW, 
multiplied with IRt in g/g DW per day, gives the ingested mass per individual 
worm per day. Divided by the density of the ingested particles δ, calculated as 
the weighted average of sediment and plastic particle density, this gives the 
volume ingested per worm per day (volumetric flow rate, Q). Because density 
of plastic is lower than that of sediment, δ is calculated to decrease with 
increasing plastic content of sediment. The overall loss rate constant kloss is 
estimated using previously published data with respect to its dependence on 
LogKow(221) (Table A5.1). LogKow values for the estimation of KP, kderm and kloss 
were taken from van Noort et al.232 Lipid content of A. marina for the sampling 
site was taken from a data compilation by Hauck et al., which averaged 5.2 ± 
1.2 (n=25).233  
Model evaluation. The model was evaluated using data previously published 
(Chapter 4).51 An overview of the raw data and parameter values is provided 
in the Appendix (Table A5.4, A5.5). All parameters were inferred from the 
experimental set up or were independently measured or estimated as described 
above. Modeled tissue concentrations were compared to measured tissue 
concentrations. Because PCB congener concentrations in the sediment were 
different, modeled and measured tissue concentrations were scaled to PCB 
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concentration in the sediment (i.e. as biota sediment accumulation factors, 
BSAF). 
5.2.3 Scenario studies for PCB transfer to A. marina in closed 
bioassays with polyethylene 
To evaluate scenarios for a plastic type for which PCBs have a high affinity, 
the above implementation for PS was adapted for low density polyethylene 
(PE). This means that all parameters and variables remained the same except 
those for the plastic, that is, KPL and the ad- and desorption rate constants (k1, 
k2) in the gut. PE - water partition coefficients were calculated as 
LogKPE=1.18LogKOW-1.26.(216,217) Reported PCB diffusivities in PE range 
from (1.7 - 34)  10-9 m2/d,(217,234) which yields k1 values of 0.1 - 20 d-1 for 
particles of 0.4 - 1.3 mm. Similar ranges up to 4 - 12 d-1 were reported for 
desorption of phenanthrene from PE in seawater and seawater to which 
surfactant was added to mimic conditions in the gut.20,230 Based on these data 
we selected a range of k1 = 1 and 10 d-1 for our scenarios. 
5.2.4 Scenario studies for PCB transfer to A. marina in open 
marine systems for micro- and nanoplastic 
PCB concentrations after 28 d bioaccumulation were calculated for scenarios 
with and without plastic present in the sediment, with PE as a model for high 
affinity plastic. Gouin et al.19 have shown that plastic will not dilute POP 
concentrations in sediment and seawater, due to the large excess of sediment 
and water compared to plastic. This implies that CW in Eq. 5.1 can be entered 
as a constant instead of being dependent on the plastic concentration (Eq. 5.6). 
Assuming partitioning equilibrium at field relevant time scales,215 CSED and 
CPL are calculated from CSED=KPCW and CPL=KPLCW respectively. Sediment-
water partitioning (KP) was based on the regression with LogKOW provided by 
Seth et al.225 For time zero, lugworm lipids are also assumed to be at 
equilibrium with pore water concentrations following CL,t=0≈KLIPCW,(221) after 
which the model calculates a new steady-state taking into account ingestion of 
sediment and PE. This follows the logic that larvae are already in partitioning 
equilibrium with their environment after hatching and at some point start 
ingesting sediment with plastic. Nano- and micro sized particles (100 nm, 1 
µm and 1 mm) of the same plastic polymer type were modeled assuming 
uptake in the gut, with equal partitioning constants but size dependent first 
order rate constant 𝑘1 ≈ 23𝐷/𝑟𝑃
2. Effects of 0.01, 0.1, 1 and 10 wt% PE were 
calculated as increase of steady-state bioaccumulation due to plastic addition, 
i.e. by dividing the modeled tissue concentrations in presence of PE, by the 
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modeled tissue concentrations without PE present. Simulations covered POPs 
with LogKOW between 4 and 8.  
5.3 Results and Discussion 
5.3.1 Modeling PCB transfer to A. marina in closed bioassays 
with polystyrene 
The model with all parameters at their chemically or biologically realistic 
default value was consistent with measured BSAFs within a factor of three 
(Fig. A5.3). A factor of three is satisfactory given reported ranges of 
agreement for traditional bioaccumulation models of about an order of 
magnitude. For PCB105 as an example, initial lugworm tissue concentrations 
increase till a plateau was reached at about 1.2 µg/kg dry weight (Fig. A5.4). 
Calculated tissue concentrations after 28 d show a marginal increase of 
bioaccumulation due to presence of PS in the order of 7.4% > 0.074% > 0.74% 
PS in the sediment (Fig. A5.4). There is no consistent trend with PS 
concentration due to small differences in initial organism weight at start of the 
bioassays, which affect the ingestion rates through Eq. 5.7. If in the model one 
(average) weight for all individuals is used, the order in bioaccumulation is 
7.4% > 0.74% > 0.074% PS (Fig. 5.1A). In terms of prediction, the calculated 
differences are too small to be meaningful, also considering parameter 
uncertainty and propagation of error in models with this number of 
parameters.197,219 The modeled increase in bioaccumulation, however, does 
qualitatively agree with the small increase in bioaccumulation observed 
(Chapter 4).51 (raw data provided in Table A5.4). Their BSAF values for 
PCB105, decreased slightly with increasing PS concentration. Besseling et al. 
(Chapter 4)51 observed treatment-specific changes in weight during the 
bioassays and argued that this may also have affected the fitness and/or lipid 
content of the lugworms thus leading to variations in PCB bioaccumulation 
not accounted for by the model.  
The parameterised model now can be used to evaluate to what extent each of 
the postulated mechanisms contributes to bioaccumulation in the presence of 
PS. For PCB105 and the default exchange rate k1=10 d-1 as an example, 
modeled absorption efficiencies from PS (Eq. 5.5) decrease from ~8% to less 
than zero in five days, which is different from the absorption efficiency from 
sediment, which is 15% by default221 (Fig. 5.1B). The initially positive PCB 
absorption efficiency from PS (aPL>0) implies a ‘carrier’ mechanism, which 
however turned into a 'cleaning' mechanism after 5 days. The decrease in 
absorption efficiency over time is caused by the bioaccumulation, that is, the 
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increase in calculated CL,t with time (Fig. 5.1A). An increase in CL,t decreases 
the gradient between biota lipids and plastic 𝑘1𝐶𝑃𝐿
𝐼𝑛𝑔 − 𝑘2𝐶𝐿,𝑡
𝐼𝑛𝑔
, leading to a 
decrease in CPLR,t and aPL (Eq. 5.4). Calculated GRTt (Eq. 5.9) was 43 minutes, 
which fairly agrees to a similarly modeled range of 30-200 minutes during 
growth of the polychaete species N. arenaceodentata reported by Janssen et 
al.218  
 
Figure 5.1. Simulated PCB105 concentration in lugworm tissue as a function of time in closed 
bioassay systems with polystyrene (A), and absorption efficiencies from sediment and 
polystyrene (B), for three polystyrene concentrations. Default exchange rate constant k1 is 10 
d-1.  
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The initially positive absorption efficiency for PS does not imply that PS was 
an important route for uptake of PCBs. If we express the contribution of the 
plastic term in Eq. 5.1 as a percentage of all uptake terms, it follows that even 
at a very high concentration of 7.4 % PS, uptake by PS contributes for only 
0.2 % to total uptake (Fig. A5.5A). Main reason is not that PCB absorption 
from PS during the first days of gut passage is insignificant, but that the PCB 
concentrations in this low affinity polymer were too low to constitute a 
substantial pathway even if absorption would have been 100%. This low 
relative contribution of PS in PCB transfer implies that the model outcomes 
are not sensitive to uncertainty in KPL or k1. Further, this implies that for PS, 
also the 'carrier' mechanism contributed only to a minor extent to the 
bioaccumulation of PCB in the lugworm. Instead, the dominant terms in Eq. 
5.1 were the terms for dermal uptake and uptake from sediment with 
approximately equal shares (Fig. A5.5A).  
The model calculations as well as the experimental data (Chapter 4)51 showed 
a small increase in bioaccumulation in the presence of PS. We inspected the 
individual terms in the model to identify the main driver for the increased 
bioaccumulation. It appears that addition of PS increased the modeled aqueous 
phase concentration Cw and consequently the importance of dermal uptake. 
The increase in Cw follows from the fact that PS replaces sediment in the 
mixture, whereas PS is a lower affinity sorbent for PCBs (i.e. lower KP) than 
the sediment. Adding PS causes an overall decrease in the partition coefficient 
of the mixture, leading to a higher dermal uptake. A higher Cw also causes a 
higher 𝐶𝑃𝐿
𝐼𝑛𝑔
 (CPL=KPLCw) and thus a higher initial gradient 𝑘1𝐶𝑃𝐿
𝐼𝑛𝑔 − 𝑘2𝐶𝐿,𝑡
𝐼𝑛𝑔
 
in Eq. 5.4. Addition of PS, however, also leads to an increase in the time 
constant 𝑘1 +
𝑀𝑃𝐿
𝑀𝐿
𝑘2, leading to a net decrease in absorption efficiency. 
Decreased partitioning to the mixture, however, decreases the ingestion term 
in Eq. 5.1, so there also is a counteracting mechanism. At equal ingestion rate 
IR, uptake by ingestion decreases with PS addition because the PCB 
concentration per unit of weight is lower for PS than for sediment. 
Theoretically this might be (partly) compensated by higher absorption 
efficiency from the plastic compared to sediment. However, the calculated 
efficiency aPL is calculated to be much lower than aSED during 28 days of 
bioaccumulation.  
We argue that the theoretical model analysis provides a plausible explanation 
for the small increase in bioaccumulation observed by Besseling et al. 
(Chapter 4)51 For all PS concentrations studied, two mechanisms play a role, 
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with counteracting effects on overall uptake: an initial carrier mechanism 
through the plastic ingestion term in Eq. 5.1 that nevertheless decreased 
bioaccumulation by replacing the more efficient uptake from sediment 
ingestion, and a ‘reversed dilution’ mechanism, increasing dermal uptake due 
to increased concentrations in water. Given the biological variation in the 
bioassays, the small differences calculated for different PS concentrations 
could not be experimentally detected.  
5.3.2 PCB transfer to A. marina in closed bioassays with 
polyethylene 
For evaluation of bioaccumulation of POPs in closed system bioassays with 
PE, no experimental data are available. However, by introducing the KPL and 
k1 estimates derived for PE (see also Table A5.5) a plausible scenario can be 
provided for PE. All organism conditions were kept the same, which assumes 
that chemical transport changes, but that biological effects of plastic particles 
as such remain the same as for PS. This also enables a direct comparison with 
the PS scenarios. The simulation for the control without PE is identical to that 
for the control without PS (compare 0% Fig. 5.1A and 5.2A). For the PE 
scenarios, however, simulated bioaccumulation decreases substantially (Fig. 
5.2A) and is much lower compared to the simulations for PS. Without PE, 
dermal transfer and uptake from sediment dominates uptake (Fig. A5.5B). 
With 0.074% PE, absorption is positive for the first 2 days of the simulation 
(Fig. 5.2B), which indicates that during this stage PE acts as a carrier for 
PCB105. However, the absorption efficiency rapidly decreases due to the 
decrease in the gradient between plastic and biota lipids. Despite the initial 
carrier mechanism, overall bioaccumulation is slightly lower, which is 
explained from a ‘cleaning’ mechanism acting after 2 days and a dilution of 
aqueous phase and sediment concentrations by the high affinity plastic PE (Eq. 
5.6), which more than compensates for the initial carrier effect. Interestingly, 
at 0.74% the initial absorption efficiency already is negative, which is caused 
by a much stronger dilution at this higher PE dose (Fig. 5.2). This implies that 
PE effectively ‘cleans’ the organism for the entire simulation. Consequently, 
steady-state bioaccumulation at 0.74% is reduced by roughly a factor of three 
compared to the treatment without PE (Fig. 5.2A). For 7.4% PE, initial pore 
water concentrations Cw are even lower, such that the plastic term in Eq. 5.1 
(i.e. CPLR,t) also is negative already at start of bioaccumulation. This transport 
from biota lipids to PE more than compensates dermal uptake and uptake from 
ingested sediment, leading to net depuration of PCB from the organism and a 
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25 times lower steady-state concentration compared to the system without PE 
(Fig. 5.2A).  
 
 
Figure 5.2. Simulated PCB105 concentration in lugworm tissue as a function of time in closed 
bioassay systems with polyethylene (A), and absorption efficiencies from sediment and 
polyethylene (B), for three polystyrene concentrations. Default exchange rate constant k1 is 10 
d-1.  
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These features illustrate the trade-off between (a) strong dilution of initial PCB 
pore water concentrations leading to decreased exposure through dermal 
uptake, which however changes with sediment-plastic mass ratio (Eq. 5.6), 
and (b) a case specific role of PE as either carrier or cleaning phase dependent 
on the gradient between plastic and organism lipids that changes over time 
(Eq. 5.4). This PE case based on realistic laboratory bioassay conditions, 
illustrates that although the sub processes are well understood, the net impact 
of their simultaneous effects can be difficult to predict. This also illustrates the 
importance of models as condensed in Equations 5.1 to 5.6, which allow for a 
quantitative analysis of the sub processes. 
5.3.3 Modeling effects of plastic on bioaccumulation of PCBs in 
open systems 
Microplastic. Simulations for ~1 mm PS showed negligible effects, that is, no 
more than a 1% decrease in bioaccumulation compared to sediment without 
PS, even with k1 set to 10 d-1 and an unrealistically high concentration of 10% 
PS (data not shown). The decrease is consistent with a cleaning or sediment 
OM dilution mechanism because of the lower affinity of PS compared to 
sediment OM, as was discussed in the previous bioassay scenarios with PS. 
For ~1 mm PE, however, steady-state bioaccumulation is predicted to decrease 
for LogKOW values higher than 5 or 6 (Fig. 5.3). The predicted relative 
decrease compared to sediment without PE is a factor of two and five for 
sediment PE concentrations of 0.1, and 1 to 10%, respectively.  
The relative decrease is independent of Cw and is fully caused by the negative 
plastic ingestion term, which reduces the relative importance of dermal uptake 
and uptake through sediment ingestion (Fig. A5.5C). This simulated negative 
effect of plastic ingestion on bioaccumulation can be explained as follows. 
Initially, biota lipids, pore water and plastic are in partitioning equilibrium, 
such that the gradient between plastic and biota lipids (Eq. 5.4) is zero. When 
feeding however, absorption of PCBs from the sediment causes a slowly 
increasing concentration in the biota lipids, leading to a negative gradient 
between plastic and lipids, i.e. 𝑘1𝐶𝑃𝐿
𝐼𝑛𝑔 − 𝑘2𝐶𝐿,𝑡
𝐼𝑛𝑔
<0. Plastic ingestion thus 
counteracts the biomagnification mechanism by attenuating the gradient, a 
mechanism recognized earlier by Gouin et al.19 If KOW is higher, the gradient 
is more negative because the initial concentration in biota lipids is higher. This 
explains that the effect is larger at higher logKOW. For comparison with Fig. 
5.1 and 5.2, a simulation for PCB105 is provided in the Appendix (Fig. A5.6). 
Without chemical dilution by PE as in the closed bioassay scenario, PE no 
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longer leads to steady-state bioaccumulation being less than in the control 
(Fig. A5.6). However, increasing PE concentrations attenuate 
biomagnification, apparently resorbing all PCBs originating from the 
sediment so that the concentration stays at the initial level. 
For the scenario where k1 is 1 d-1 the pattern is comparable but the predicted 
decrease in bioaccumulation is less (10% decrease for 0.1% PE, about a factor 
of two decrease for 1 and 10% PE, Fig. A5.7A). This is explained from the 
lower exchange rates at the same GRT, which results in a lower aPL.  
Nanoplastic. Plastic nanoparticles have been shown to be taken up by various 
marine organisms.29,52 For instance, for the mussel, Wegner et al.52 showed 
that 30 nm nanoplastic particles in seawater were taken up as ~1 µm 
aggregates. At entrance of the gut, the aggregates may have slower release 
kinetics than the primary nanoparticles, yet still with k1>100 d-1 based on radial 
diffusion. For PE particles in the nano- and submicron particle size range of 
<100 to 1000 nm, exchange of POPs like PCBs will be faster than for mm 
sized microplastic particles due to the high surface area and short diffusion 
path lengths (k1>>10 d-1), theoretically leading to higher differences compared 
to sediment without PE. The extra decrease, however, was calculated to be 
marginal (0.5%; Fig. A5.7B) compared to the PE effect that was calculated 
already for the PE microparticles (Fig. 5.3).  
 
Figure 5.3. Steady-state bioaccumulation in the lugworm in sediment with plastic relative to a 
scenario without plastic for open marine systems, for 0.1, 1 and 10% polyethylene (PE). 
Simulations are for microplastic particles with diameter ~1 mm, k1= 10 d-1. 
Plastic chemical carrier model 
 
89 
5.3.4 Implications for risk assessment 
The above sections show how process descriptions for sorption, 
bioaccumulation and polymer diffusion can be combined in a quantitative 
framework to estimate uptake of POPs through plastic ingestion. The 
framework is general and can be implemented for different combinations of 
plastic type, species and chemicals. As an example, we presented an 
implementation for the lugworm and showed that plastic ingestion may affect 
bioaccumulation for this species in marine systems. Scenario studies showed 
that the effects of plastic can be manifold, dependent on chemical and polymer 
properties, and species traits. Error propagation due to parameter uncertainty 
can be expected to be considerable. Using probabilistic modeling, Selck et 
al.197 showed that the uncertainty in modeled bioaccumulation for benthic 
invertebrates was an order of magnitude. This implies that the effects 
calculated for the open ocean scenario are not to be considered statistically 
significant. Biological variability among species and individuals in the field 
also can be expected to be large. Given this variability, the differences in 
bioaccumulation will be insignificant or undetectable if the abundance of 
plastic is limited. The prognostic assessment in this chapter showed that small 
effects might occur at concentrations of 1 to 10 % PE in sediment (Fig. 5.3, 
A5.6, A5.7B), which is still a factor 100 – 1000 higher than the highest plastic 
concentrations reported in marine sediments today (81 mg/kg)(165). Given this 
difference and the small magnitude of the calculated effects, we conclude that 
the role of plastic in bioaccumulation of POPs is scientifically interesting but 
probably not very relevant from a risk assessment perspective. This, however, 
may be different for chemicals for which plastic is the main source of 
bioaccumulation like additives leaching from microplastic. 
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Abstract 
It has been hypothesized that ingestion of microplastic increases exposure of 
aquatic organisms to hydrophobic contaminants. To date, most laboratory 
studies investigated chemical transfer from ingested microplastic without 
taking other exposure pathways into account. Therefore we studied the effect 
of polyethylene (PE) microplastic in sediment on PCB uptake by Arenicola 
marina as a model species, quantifying uptake fluxes from all natural exposure 
pathways. PCB concentrations in sediment, biota lipids (Clip) and porewater 
measured with passive samplers were used to derive lipid-normalised 
bioaccumulation metrics Clip, Biota sediment accumulation factor (BSAF), 
Bioaccumulation factor (BAF) and the Biota plastic accumulation factor 
(BPAF). Small effects of PE addition were detected suggesting slightly 
increased or decreased bioaccumulation. However, the differences decreased 
in magnitude dependent on the metric used to assess bioaccumulation, in the 
order: Clip>BSAF>BPAF>BAF, and were non-significant for BAF. The fact 
that BAF, i.e. normalization of Clip on porewater concentration, largely 
removed all effects of PE, shows that PE did not act as a measurable vector of 
PCBs. Biodynamic model analysis confirmed that PE ingestion contributed 
marginally to bioaccumulation. This work confirmed model-based predictions 
on the limited relevance of microplastic for bioaccumulation under 
environmentally realistic conditions, and illustrated the importance of 
assessing exposure through all media in microplastic bioaccumulation studies. 
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6.1 Introduction 
It has been hypothesized that ingestion of microplastic increases exposure of 
aquatic organisms to hazardous contaminants.20,171,177 This increased chemical 
exposure is often perceived as a major concern. Because chemical sorption to 
polymers is reversible, the transport of chemicals via plastic is possible in two 
directions: both transporting chemicals from plastic into organisms, and 
transporting chemicals from the organisms lipids into the plastic (‘cleaning’ 
Chapter 5).19,128 Some laboratory studies have shown an elevating effect of 
plastic in food on the uptake of chemicals (Chapter 4),51,124,235–239 whereas 
others found no effect, for all or some of the chemicals studied (Chapter 
4).51,239–242 These studies often used an experimental design where parallel 
uptake from water or food/sediment was not explicitly considered, rendering 
them less ecologically relevant for conditions in nature, where these parallel 
uptake pathways do occur.243,244 Instead, often plastic loaded with persistent 
organic pollutants (POPs) was considered as the only route for chemical 
uptake. Furthermore, usually (relatively) clean organisms were used, which 
forces chemical transfer from the plastic to the organism. Modeling studies 
have attempted to asses more environmentally relevant conditions 
systematically, by (a) including the environmental uptake pathways water, 
sediment and food, and (b) accounting for the fact that organisms in the 
environment already would be chemically contaminated, which reduces the 
fugacity gradient driving chemical transfer. These studies indicated that the 
uptake of plastic-associated chemicals in organisms would be a minor 
contribution to total bioaccumulation in more environmentally realistic 
scenarios (Chapter 5).19,128,129,240,243–246 Therewith, there tends to be growing 
consensus among recent studies by various groups that plastic in the 
environment will have minor effects on bioaccumulation in organisms 
(Chapter 4, Chapter 5).19,51,128,129,240–246 Although first principles on chemical 
partitioning and kinetics suggest this, there is a lack of empirical 
environmentally realistic studies confirming these modeling outcomes. The 
few experimental studies that included uptake routes other than plastic so far 
indicated no measureable vector effect of plastic on bioaccumulation 
(Chapter 4).51,241,242,247 Quantification of chemical uptake from all 
environmental pathways jointly is however still lacking, as well as 
normalization of the bioaccumulation on lipid content of the organisms. 
Additionally, in the relatively small volume of the bioassays in previous 
studies the addition of an extra absorbing pool, namely the plastic, diluted 
porewater POP concentrations (Chapter 4, Chapter 5).51,128 This hampered 
the comparability of outcomes with environmentally relevant settings, where 
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the excess availability of POPs from the surrounding media is virtually 
infinite. Therefore, empirically, the lack of effect of plastic on 
bioaccumulation under environmentally realistic exposure conditions with all 
uptake pathways quantified and accounted for yet has to be proven.248 
The aim of the current study was therefore to assess the role of microplastic 
as a vector of plastic associated chemicals for Arenicola marina (L.) 
(lugworms) under environmentally relevant exposure conditions and with full 
quantification of all exposure pathways. Sediment, porewater and two realistic 
plastic doses were PCB spiked and equilibrated for 6 weeks after which PCB 
concentrations were assessed in sediment and in the porewater with the aid of 
polyoxymethylene (POM) passive samplers.75,249 This enabled determination 
of the in situ partitioning of PCBs among biota lipids, plastic, porewater and 
sediment. There were two exposure scenarios. Since the addition of clean 
plastic was expected to slightly dilute the chemical concentrations, the first 
scenario was referred to as the ‘chemical dilution’ (CD) scenario. Another set 
of PCB congeners was used to represent a second scenario. The spiked 
quantity of these PCB congeners was slightly increased to roughly a priori 
compensate for the anticipated PCB dilution by plastic addition. This second 
scenario aimed to represent open seafloor conditions where PCBs can be 
considered present from a virtually infinite source (Chapter 5),128 which is 
why the second scenario is referred to as the ‘Infinite Source’ (IS) scenario. 
Lugworms were chronically exposed for 28 days with endpoints survival, 
feeding activity, growth, lipid content and PCB bioaccumulation. As such, we 
focused on relevant scenarios where (a) as in nature, chemicals spread out over 
the environmental compartments and parallel uptake pathways exist, (b) 
environmentally relevant low plastic and chemical doses were used. We used 
the polymer high density polyethylene, because of its relatively high affinity 
for POPs and large global production. A mixture of environmentally relevant 
particle sizes in the smaller microplastic size range was used (10-180 
µm).250,251 Ten PCB congeners were used as a proxy for environmentally 
sorbing and native plastic associated chemicals, spanning a wide 
hydrophobicity range. The ∑PCB concentrations in the sediment were a factor 
>24 lower than the reported NOEC, and thus were too low to cause any toxic 
effect.183 In bioaccumulation assessment for benthic invertebrates, several 
bioaccumulation metrics are usually applied. Biota sediment accumulation 
factors (BSAFs) correct for variations in lipid content (flip) and organic matter 
content (fOM) of organisms and sediment respectively.252 Hence, for bioassays 
with microplastic, this metric can reveal whether significant differences in 
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bioaccumulation exist between organisms that were or were not exposed to 
plastic, as they are supposed to eliminate the above mentioned differences 
between organism and sediment characteristics. However, BSAF is composed 
of four measured variables ((Corganism/flip)/(Csediment/fOM)), which makes this 
type of metric inherently sensitive to error propagation and may limit its rigor 
in detecting subtle differences in bioaccumulation.252 Instead, 
Bioaccumulation factors (BAFs) correct observed bioaccumulation for 
porewater concentrations ((Corganism/flip)/(CPW)) and thus more directly 
eliminate differences in bioaccumulation caused by differences in chemical 
concentrations in the porewater of the sediment. Here we report for the first 
time effects of microplastic on lipid normalised bioaccumulation in lugworms, 
lipid and organic matter (OM) normalised BSAFs and BAFs, and use and 
evaluate these metrics with respect to the vector effect of plastic on 
bioaccumulation. Furthermore, we introduce and evaluate the Biota Plastic 
Accumulation Factors (BPAF = (Corganism/flip)/Cplastic) as a new metric relevant 
for the assessment of bioaccumulation from microplastic. Furthermore, the 
relative importance of PCB uptake pathways for the various scenarios was 
assessed using a plastic-inclusive biodynamic model (Chapter 5).128,129,245 
6.2 Materials and Methods 
6.2.1 Materials 
Polyethylene (PE, green fluorescent UVPMS-BG, spherical, diameter 10 – 
180 µm, density 0.94 kg/L)75 was used in the bioassay. PE polymer identity 
was confirmed by FTIR (ThermoFisher, iN10 MX). For microscope images 
and particle size distributions of the PE the reader is referred to the publication 
by Velzeboer et al.75 Polyoxymethylene sheets (POM, 76 µm thickness) were 
employed as passive samplers.75,249,253 The selected PCB congeners were 28, 
31, 44, 52, 101, 118, 138, 153, 170 and 180. Further details are provided in 
the SI. 
6.2.2 Sediment sampling and pre-treatment 
The sediment was sampled from the Eastern Scheldt (the Netherlands) 
(Chapter 4).51,185 PE was added to the sediment, accomplishing plastic 
concentrations of 0, 0.05 and 0.5 % DW, which are within and above the range 
found in the marine environment, respectively (Chapter 4).39,51,165,254 
Subsequently, the sediment-plastic mixture was spiked with the PCB 
congeners and mixed for six weeks. During the last four weeks of mixing, 
three POM passive samplers (≈ 0.3 g each)75,172,249,253 were added to each PE-
sediment mixture for determination of porewater PCB concentrations. Six and 
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four weeks have been shown sufficient to reach chemical equilibrium between 
sediment porewater, and 10-180 µm PE particles and POM passive samplers, 
respectively (Chapter 5),75,128,172,173,216,223,224,249,255–258 for PE also is confirmed 
by the linearity of the logKPE – logKOW plot (Fig. A6.7). Further details are 
provided in the Appendix. 
6.2.3 Experimental set up 
Glass aquaria with dimensions 16 × 16 × 16 cm were filled with 4 kg wet PE-
containing PCB equilibrated sediment (3.2 kg DW, ± 8.7 cm thick layer) and 
covered with stainless steel gauze with a mesh size of 2 mm to prevent 
exchange of lugworms. These aquaria were placed per five replicates in large 
(80 × 40 × 40 cm) aquaria, following previously published procedures 
(Chapter 4).51 Subsequently, ± 90 L of sea water from the Eastern Scheldt 
(the Netherlands) was added. After a two week stabilization period, the 
bioassay was started by adding pools of 5 individuals of A. marina to each 
small aquarium. Following our previous bioassays, no extra food source was 
provided (Chapter 4).51,190 Three times a week, water quality was measured, 
and about 30 L of overlying water was refreshed. Further details on the 
maintenance of the systems and the test organisms can be found in the SI. 
6.2.4 Treatments 
In this study we aimed at scenarios with and without a diluting effect of PCBs 
in the environment by plastic, referred to as the chemical dilution (CD) 
scenario and the infinite source (IS) scenario. These two chemical exposure 
scenarios were combined within the same experimental units to eliminate any 
influence of biological variability in the comparison of the two exposure 
scenarios. We achieved this by spiking the sediment plastic mixtures with 
pairs of chemically comparable PCB congeners. PCB pairs were 28 and 31*, 
52 and 44*, 101 and 118*, 153 and 138*, and 180 and 170*. Within each of 
these pairs of chemically comparable PCB congeners, one of the congeners 
was spiked equally among all treatments (CD scenario, ∑PCBs ≈ 5 µg/kg DW 
sediment mixture). The other congeners per pair, the IS scenario PCB 
congeners (congeners marked *), were spiked in higher quantity in the 
treatments with PE to compensate for the anticipated dilution effect of the 
added PE (0.05% PE treatment: ∑PCBs* ≈ 7 µg/kg DW sediment mixture; 
0.5% PE treatment: ∑PCBs* ≈ 23 µg/kg DW sediment mixture). Two plastic 
free treatments were included. The first one, referred to as ‘0% PE A’, 
consisted of the CD scenario PCB congeners plus an equal spike of IS scenario 
PCB congeners (∑PCBs* ≈ 5 µg/kg DW sediment mixture). This 0% PE A 
treatment did not receive an increased spike of the IS scenario PCBs, because 
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no dilution by added PE would occur at 0% PE. The second plastic free 
treatment (‘0% PE B’) contained the same CD scenario PCB congener spike 
concentrations as the ‘0% PE A’, but now with the IS scenario PCBs at the 
higher spiked quantity of the 0.5% PE treatment (∑PCBs* ≈ 23 µg/kg DW) 
(Fig. A6.1). The extra spiked quantities of the IS scenario PCB congeners were 
designed in such a way that the porewater concentrations in the sediment were 
expected to be similar in the PE free and PE containing treatments. The latter 
was based on a priori estimates of the organic matter-water and PE-water 
partitioning coefficients KOM (225) and KPE,(217) respectively (Table A6.2). In 
this experimental design, the effect of PE on bioaccumulation in the CD 
scenario can be seen from the difference between concentrations of the CD 
scenario PCB congeners among all four treatments. The effect of PE on 
bioaccumulation in the IS scenario can be seen from the difference between 
concentrations of the IS scenario PCB congeners in the 0% PE B and the 0.5% 
PE treatment. Comparison of the IS scenario PCB congeners in the 0% PE A, 
0.05% PE and 0.5% PE treatment, is a comparison of systems with a designed 
similar porewater concentration. Note that as KOM and KPE in the design phase 
were estimated using literature values,217,225 an exact compensation for the 
dilution effect leading to identical porewater concentration was not 
anticipated. PCB concentrations added to the sediment mixtures are listed in 
the Appendix (Table A6.1).  
6.2.5 Endpoints 
During the exposure assay, mortality was assessed daily and dead lugworms 
were removed. Feeding activity was assessed following previous procedures, 
as the number of faeces heaps produced per organism per day (Chapter 
4),51,180,191,192 and additionally as mass of faeces heaps produced per organism 
per day. The latter was done by flattening all sediment surfaces with a spatula 
at the 27th day, and subsequently collecting all faeces heaps at the 28th day. Of 
these faeces, wet weight (WW), dry weight (DW, 60 °C during 24 h) and ash 
free dry weight (AFDW, 600 °C during 2 h) were determined and corrected 
for the number of surviving organisms to calculate faeces weight produced per 
organism per day. Results were corrected for the initial polyethylene fraction 
of the sediment (fPE) to estimate the OM content of the faeces. Thereby the 
assumption was made that all PE burned during the AFDW determination. 
After the exposure period of 28 d, the lugworms were transferred to clean 
seawater to clear their guts overnight (Chapter 4).51,190 Lugworms were rinsed 
with demineralised water, air dried on tissue paper for 15 minutes and 
subsequently stored at -18 °C. After defrosting and homogenization of the 
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tissue, WW, DW (≈ 1 g tissue per pool), AFDW, lipid content259 and PCB 
concentrations were analysed. 
6.2.6 PCB analysis and QA 
PCB concentrations of initial (i.e. t=0 d) porewater, initial and final (i.e. t=28 
d) sediment and initial and final lugworm tissue were determined. Sample 
preparation and PCB analysis followed previously published procedures 
(Chapter 4).51,186,193 For details the reader is referred to Chapter 4.51 
Porewater concentrations (CPW) were determined by analysing the POM 
passive samplers.172 After the four weeks equilibration, POM strips were 
rinsed with demineralised water, air dried for 15 minutes on tissue paper and 
stored at 7 °C till analysis. Recoveries of PCB congeners were determined in 
triplicate and averaged for the individual congeners 83.6 ± SE 1.5%. PCB 
concentrations were corrected for procedural blanks. The concentration of 
PCB congener 52 was only incidentally identified in initial lipids as well as in 
the sediment at the start and end of the bioassay, and therefore left out of 
further analysis of the these metrics. 
6.2.7 Data analysis 
Normality of the data and equality of variances were tested with a Shapiro-
Wilk Normality test and Levene’s test, respectively. Linear regression (LM), 
ANCOVA, Kruskal-Wallis, Tukey HSD and Nemenyi−Damico−Wolfe− 
Dunn (NDWD) tests were performed with R statistical software (R 
Development Core Team), with a significance level of α=0.05. Unless stated 
otherwise, results are reported ± standard error. CPW,t=0 was derived from the 
passive sampler data using measured PCB partitioning coefficients to 76 µm 
POM provided by Hawthorne et al.249 (KPOM, Table A6.2, Eq. A6.1). 
Calculation methods for CPW, t=28, KOM, KPE, CPE, COM, BSAF, BPAF and BAF 
are provided in the Appendix (Eq. A6.2-A6.9). We included a figure that 
illustrates, theoretically, the various scenarios associated with each of the 
bioaccumulation metrics BSAF, BPAF and BAF (Fig. A6.2). 
6.2.8 Bioaccumulation modeling 
Bioaccumulation was modeled according to Chapter 5.128 For details, the 
reader is referred to the Appendices of Chapter 5 & Chapter 6. 
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6.3 Results and discussion 
6.3.1 Lugworm survival, feeding activity, weight and lipid 
content 
Overall lugworm survival was 81%, with no significant differences between 
the treatments (Fig. A6.3A). This implies that the PCBs nor the PE additions 
had physical or chemical effect on survival. Feeding activity started in all 
treatments within the first week of exposure. The feeding activity expressed 
as number of heaps per individual worm was significantly highest in the 
treatment with 0.05% PE and lowest in the treatment with 0.5% PE (Fig. 
A6.3B, ANOVA, p-value = 0.010, Tukey HSD, p-value = 0.006). However, 
the size of the faeces heaps was observed to be rather variable. Furthermore, 
individual heap count seemed to be affected by the number of alive lugworms 
(linear regression, treatment and survival both explanatory for activity 
(heaps/individual/day), R2 = 0.91). This can be explained by a high feeding 
activity causing the heaps to be less well distinguished from one another. Heap 
production in mass might therefore be a better indicator of lugworm condition 
than number of heaps and is more relevant as a relative measure of egestion 
rate. In the 0% PE treatments the heap mass production per individual varied 
from 9.4 – 19.9 g DW, whereas in the treatments with PE this was significantly 
lower by a factor of two, i.e. only 4.1 – 11.6 g DW (Fig. A6.3C, ANOVA, p-
value = 7.20 × 10-3, Tukey HSD, p-values ≤ 0.049). After correction by fPE, 
the only significant difference in fOM in the heaps was the fOM of the 0% PE A 
treatment being higher than that of the 0% PE B treatment (Fig. A6.3D, black 
markers, Kruskal-Wallis, p-value = 0.012, NDWD, p-value = 0.022). The 
concurrence of lowest feeding activity with highest PE concentration confirms 
the negative effect of plastic on feeding activity that was previously observed 
for 7.4% PS (Chapter 4)51 and 5% UPVC.53 Weight loss was calculated as 
average weight of the surviving lugworms divided by average initial weight 
in that pool. The initial pooled average weight varied between 3.0 and 4.1 g 
WW/individual. After 28 days of exposure this was for the surviving 
lugworms reduced to 2.5 – 3.5 g. This weight loss of 3.7 – 28.8% did not 
significantly differ among the treatments (Fig. A6.3E). On average the lipid 
fraction was 1.8 ± SE 0.03%. No significant difference in lipid fraction of the 
lugworms exposed to the different treatments was found (Fig. A6.3F). 
6.3.2 PCB concentrations in porewater and sediment 
PCB concentrations in porewater at the start of the bioassay (CPW,t=0, Fig. 6.1) 
can be used to check whether PE indeed diluted concentrations of CD scenario 
PCB congeners in the porewater and whether concentrations of IS scenario 
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PCB congeners in the porewater remained more similar among treatments. 
Overall, CPW values ranged between 0.001 and 10 ng/L, therewith being 
environmentally relevant.260,261 PE treatment, chemical exposure scenario and 
KOW were significant explanatory variables of CPW (ANCOVA, R2 adj = 0.91, 
p-values ≤ 0.021). The negative trend of CPW with log KOW in Fig. 6.1 was 
explained by spiking in similar quantities (Table A6.1), which resulted in 
lower PCB concentrations in the porewater with increasing hydrophobicity of 
the congeners. The CPW of the IS scenario PCB congeners was somewhat 
higher and showed a higher variability among treatments than that of the CD 
scenario PCB congeners, which was explained by the higher spiking 
concentrations of the IS scenario PCB congeners (Table A6.1). As such, the 
extra spiking of the IS scenario PCB congeners turned out to be an 
overcompensation for the sorption by PE. This difference from exact 
compensation could be expected, since literature KPE values were used for the 
experimental design,217 which were in line with, though not exactly equal to, 
measured KPE values (Fig. A6.7).75 Per scenario, the order of CPW among the 
different treatments was generally equal for all congeners (Fig. 6.1). Although 
designed to have a similar CPW, CPW of the CD scenario PCB congeners was a 
factor 1.9 lower in the 0% PE A than in the 0% PE B sediment at the start of 
the experiment (0.19 – 0.41 log unit, Fig. A6.6, ANCOVA, R2 adj = 0.97, p-
values ≤ 3.35 × 10-4). IS scenario PCB congeners had a relatively low CPW in 
the 0% PE A sediment too. We explain the lower than expected CPW of all 
congeners in the 0% PE A sediment by sediment heterogeneity during the 
preparation phase or random variability. For instance, spiking the CD scenario 
PCB congeners caused already an average factor 1.1 lower concentration of 
PCBs in the 0% PE A sediment compared to the 0.05% PE sediment. After the 
preparation phase of six weeks sediment mixing, porewater PCB 
concentrations were a factor 1.1 – 1.8 lower in the 0% PE A sediment 
compared to the 0.05% PE sediment, even before exposure started. A plausible 
explanation for these lower CPW values is a higher fOM, or a different OM 
quality, in the initial 0% PE A sediment compared to the other treatments, 
which also is consistent with the aforementioned faeces heaps OM content. In 
the sediment containing 0.05% PE, CPW of the CD scenario PCB congeners 
was higher compared to the 0% PE (A) sediment (a factor 1.8 increase, range 
1.2 – 2.6, Tukey HSD, significant for 3 out of 5 congeners, p-values ≤ 0.015), 
and statistically identical compared to the 0% PE (B) sediment (factor 0.94, 
Tukey HSD, p-values ≥ 0.198). At the ten times higher PE dose of 0.5% PE, 
CPW of the CD scenario PCB congeners was insignificantly different compared 
to the 0% PE A sediment (Tukey HSD, p-values ≥ 0.057) and was reduced 
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compared to the 0% PE B sediment by a factor 3.5 (1.9 – 5.6, Tukey HSD, p-
values ≤ 0.011). The latter phenomenon has previously been referred to as the 
‘dilution effect of plastic’ (Chapter 4, Chapter 5)).51,128 CPW of the IS 
scenario PCB congeners were in the 0.05% PE sediment equal (Tukey HSD, 
p-values ≥ 0.231) and in the 0.5% PE sediment elevated compared to the 0% 
PE A sediment (Fig. 6.1, dark grey colour, factor 1.4 – 2.3 increase, Tukey 
HSD, significant for 3 out of 5 congeners, p-values ≤ 0.022). This was caused 
by the extra spike but also implied that the PCBs sorbed less to PE and OM 
than a priori assumed. After all, the extra spike of the IS scenario PCB 
congeners was designed to keep the CPW in the treatments with PE more or 
less constant compared to the 0% PE A treatment. The difference between 
these sediments was also increased by the random variability that lowered the 
CPW of all PCB congeners in the 0% PE A treatment. Nevertheless, a 
substantial part of the extra spike was indeed sorbed to the PE, as one can see 
by comparison with the 0% PE B treatment. In the latter sediment, as expected, 
the extra spike of IS scenario PCB congeners in absence of PE resulted in 
higher porewater concentrations (factor 8.2 – 22.5). The extra spike of IS 
scenario PCB congeners thus compensated for the dilution effect as planned, 
although at the same time it was not fully representative of an open seafloor 
scenario where porewater concentrations would have been the same among 
environments with and without PE (0% PE A, 0.05% PE and 0.5% PE). This 
however, does not interfere with interpretation of treatment effects, as will be 
discussed later on.  
 
Figure 6.1. Average CPW values ± SE 0.011 – 0.075 (not shown) at t=0 days measured with 
passive samplers. CD scenario PCB congeners: 28, 52, 101, 153, 180. IS scenario PCB 
congeners: 31, 44, 118, 138, 170. Log KOW values from Van Noort et al.,232 Table A6.2. 
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Concentrations in OM and PE at the start of the experiment (t=0 d), and in 
porewater, OM and PE after exposure at t=28 d were calculated (Fig. A6.4, 
A6.7), using measured total (sediment plus PE) concentrations in sediment at 
t=0 and 28 d, porewater concentrations at t=0 and assuming OM-porewater 
and PE-porewater partition coefficients to remain constant during 28 d of 
exposure (Appendix, equations A6.2-6.6). PCB concentrations in porewater 
did not differ substantially between 0 and 28 d (Fig. A6.5), hence constant 
exposure was concluded and CPW,t=28 was used to derive the accumulation 
factors discussed hereafter.  
6.3.3 OM-porewater and PE-porewater partitioning coefficients 
Partitioning coefficients to OM (KOM) were calculated from CPW,t=0 and the 
PCB concentrations in the sediment (CSED,t=0) and are close to literature 
values225 (Fig. A6.6). Because of the measured, as designed, statistically 
identical porewater concentrations of the CD scenario PCB congeners in the 
0% PE B and 0.05% PE sediment, KOM values of the 0% PE B sediment were 
used to calculate KPE values in the sediments with PE. The following formula 
was used: 
𝐾𝑃𝐸 = 
(𝐾𝑝−𝑡𝑜𝑡𝑎𝑙− 𝑓𝑂𝑀× 𝐾𝑂𝑀)
𝑓𝑃𝐸
      (6.1) 
with Kp-total being the PCB partitioning to the total mixture of sediment 
including OM and PE, and fOM and fPE being the fraction OM and polyethylene 
in that sediment mixture, respectively. This follows the same procedure as 
Rakowska et al.,262,263 who derived activated carbon partitioning coefficients 
in mixtures of activated or black carbon and sediment. Log KPE showed a 
linear increase with log KOW (Fig. A6.7, LM, p-value = 2.17 × 10-12). Log KPE 
values did not differ significantly between the treatment with 0.05 and 0.5% 
PE. Furthermore, they were in line with previous findings by Lohmann et al.217 
and Velzeboer et al.75 This conformance in KPE among PE treatments and 
literature studies that used pure PE, confirms the reliability of the presently 
used procedures. The PCB concentrations in PE (CPE) were calculated from 
KPE and CPW according to Eq. A6.5 and ranged up to about one µg/g (Fig. 
A6.8). The above analysis provided a clear view on the chemical 
concentrations in all relevant media, water, sediment and PE, and how PE 
additions in the different treatments changed these concentrations. This 
facilitates the interpretation of the data on the effects of PE additions on 
bioaccumulation. 
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6.3.4 Effects of PE on bioaccumulation 
Effects of PE treatments were assessed first by evaluating lipid normalised 
PCB concentrations (Clip) in the lugworms, representing a direct measure of 
bioaccumulation (Fig. 6.2, Fig. 6.3A). After 28 days of exposure to 0.05% PE, 
concentrations of CD scenario PCB congeners in lugworm lipids were 
increased by on average a factor 2 (1.6 – 2.5, significant for four out of five 
congeners (not for PCB 180) compared to the 0% PE A treatment (Tukey 
HSD, p-values ≤ 4.33 × 10-4). This factor difference is similar to that found in 
earlier studies that assessed parallel pathways (Chapter 4),51,239 and complies 
with the general conclusion by Koelmans et al.244 that a factor two increase or 
decrease may occur due to complex counteracting mechanisms affecting 
accumulation. However, compared to the 0% PE B treatment, Clip remained 
equal or was lower after exposure to 0.05% PE by on average a factor 1.3 (1.1 
– 1.7, Fig. 6.2, Fig. 6.3A, Fig. A6.9, significant for one out of five congeners, 
Tukey HSD, p-value = 0.047). Exposure to sediment containing 0.5% PE 
caused bioaccumulation of the CD scenario PCB congeners to be on average 
a factor 1.6 (1.1 – 2.2) lower for all five congeners compared to the 0% PE A 
treatment, and even a factor 4.2 (3.2 – 6.1) compared to the 0% PE B 
treatment. This suggests that the factor two increase in apparent 
bioaccumulation observed at the 0.05% compared to the 0% PE A treatment 
is more than compensated for by chemical dilution at a PE dose of 0.5%. One 
could explain the increased bioaccumulation after exposure to the 0.05% PE 
compared to the 0% PE A treatment by release of PCBs from the ingested PE 
(vector effect). However, the lack of this increase when comparing the 0.05% 
PE to the 0% PE B treatment, in which CPW was similar, makes it more likely 
that the low CPW observed in the 0% PE A treatment (Fig. 6.1) explains the 
low Clip in that treatment. For the five IS scenario PCB* congeners, 
bioaccumulation was strongly elevated after exposure to the 0% PE B 
treatment compared to the 0% PE A treatment (Fig. 6.2, Fig. 6.3A, Fig. A6.9, 
ANOVA, p-values ≤ 1.70 × 10-5, Tukey HSD, p-values ≤ 3.74 × 10-5), which 
is explained by the higher spike quantity used. For the IS scenario PCB* 
congeners, the presence of 0.05 or 0.5% PE resulted as expected in decreased 
bioaccumulation compared to the 0% PE B treatment (Tukey HSD, p-values 
≤ 1.80 × 10-4) and no significant differences with the 0% PE A treatment. The 
elevation of bioaccumulation in the 0% PE B treatment was up to a factor 10 
compared to the treatments where these PCBs were added in the presence of 
plastic (Fig. 6.2). As there was extra spiking of PCBs in the PE treatments too, 
the lack of this elevated bioaccumulation in the treatments with PE compared 
to the IS control thus can be attributed to sorption to PE.   
Chemical uptake under environmentally relevant conditions 
103 
In summary, a small increase in bioaccumulation was detected for the CD 
scenario PCB congeners after exposure to the 0.05% PE compared to the 0% 
PE A treatment. However, when comparing to reference systems with 
statistically identical porewater concentration (0% PE B) as would occur in 
nature, no difference in bioaccumulation was detected. Dilution due to PE 
addition was detected at higher PE dose and for the IS scenario PCB 
congeners. Dosing extra PCBs to compensate for dilution in the IS scenario 
confirmed but did not provide a clear additional mechanistic view on these 
processes when looking directly at bioaccumulation in lipids of lugworms. 
Hereafter, we tease out dilution effects due to presence of plastic by 
normalizing bioaccumulation to concentrations in respectively sediment 
organic matter (BSAF), PE (BPAF), or porewater (BAF) below. 
 
  
Figure 6.2. Average PCB concentrations ± SE (lipid normalised) in lugworms after exposure 
to the different treatments and their background PCB concentrations before start of the 
exposure assay for the representative PCB congeners 153 and 138. Left panel: PCB congener 
153 spiked equally in all treatments representing the CD (chemical dilution) scenario. Right 
panel: PCB congener 138 extra spiked in the treatments with PE and the 0% PE B to correct 
for the dilution mechanism representing the IS (infinite source) scenario. Where error bars are 
invisible they are small and thus lie behind the markers. The (similar) results for eight more 
PCB congeners can be found in the Appendix (Fig. A6.9) and the results of all congeners 
combined in Fig. 6.3A. 
6.3.5 Biota to sediment accumulation factors (BSAFs) 
Biota to sediment accumulation factors (BSAFs) were calculated from PCB 
concentrations in the lipids (Clip) and OM (COM) (Eq. A6.7, Fig. 6.3B). Overall, 
for BSAF, variability among treatments was less than when Clip was used as a 
metric for bioaccumulation (compare Fig. 6.3A and 6.B). In case increase of 
bioaccumulation would occur due to extra spiking or chemical dilution effects 
would occur due to addition of PE, these would respectively increase or 
decrease Clip as well as COM. Accordingly, BSAFs can be expected to provide 
a clearer view on the role of PCB uptake from ingested PE than Clip. Average 
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BSAFs ranged 30 – 272. This implies that bioaccumulation did not comply to 
Equilibrium Partitioning Theory (EPT), which would suggest normalised 
BSAF values of 1 – 2.252 Similarly high BSAFs for PCBs were reported for 
lugworms by Diepens et al.264 and Chapter 4.51, and for several other species 
and chemicals.265,266 One reason for higher BSAFs is that binding to Oesterput 
OM was relatively low, that is, KOM values were an order of magnitude lower 
than KOW values (Fig. A6.6), where KOW is taken as a proxy for the binding 
affinity to lipids. BSAFs can also be increased due to biomagnification from 
ingested sediment OM. This would imply a higher BSAF with higher LogKOW, 
which however was not observed. This in turn can be explained by not having 
reached steady-state for the more hydrophobic congeners in lipids.264 For the 
CD scenario PCB congeners, BSAFs were elevated after exposure to 0.05% 
PE compared to the 0% PE A treatment by a factor 4.4 (1.9 – 10.6), which was 
significant for one congener (PCB 28). After exposure to 0.5% PE, BSAFs 
were elevated by a factor 3.6 (2.5 – 4.6) which was significant for three 
congeners (PCB 28, 153, 180, Fig. 6.3A, NDWD, p-values ≤ 0.030). However, 
compared to the 0% PE B treatment, the treatment with similar porewater 
concentration, BSAFs were not elevated after exposure to PE. Also for the IS 
scenario PCB congeners compared to the 0% PE B treatment, BSAFs did not 
increase after exposure to PE (factor 1.2 (0.9 – 1.7), statistically insignificant). 
For both the CD and IS scenario PCB congeners, differences in BSAFs after 
exposure to either 0.05 or 0.5% PE were not significant (average ratio 
BSAF0.5%PE / BSAF0.05%PE = 1.1, range 0.4 – 2.0). This implies that a vector 
effect of PE is not likely, because a ten times higher PE dose then would have 
resulted in a higher BSAF. The latter corresponds with the lack of difference 
in BSAFs of the PE treatments compared to the 0% PE B treatment as 
mentioned above. We conclude that by using BSAF as a metric for 
bioaccumulation, magnitude and statistical significance of differences among 
treatments were smaller compared to Clip, as expected. 
6.3.6 Biota-to-plastic accumulation factors (BPAFs) 
Biota to plastic accumulation factors (BPAFs) were calculated from PCB 
concentrations in the lipids (Clip) and PE (CPE) (Eq. A6.9, Fig. 6.3C). Overall, 
for BPAF, variability among the 0.05% and 0.5% PE treatments was even less 
than when BSAF was used as a metric for bioaccumulation (Fig. 6.3B, C). 
BPAFs ranged 7.6 – 44.8, suggesting a contribution of OM bound PCBs to 
Clip. A decreasing trend of BPAF with increasing KOW was observed, which 
might be explained by (a) slow kinetics towards the worm lipids of PCBs with 
a higher hydrophobicity,264 and (b) sorption to PE increasing more than 
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proportionally with LogKOW (Fig. A6.7). BPAFs were lower than BSAFs, as 
KPE values were higher than KOM values. There were no significant differences 
(average ratio BPAF0.5%PE / BPAF0.05%PE = 1.0, range 0.5 – 1.2) between these 
plastic normalised BPAFs after exposure to 0.05 and 0.5% PE for all tested 
PCB congeners (Kruskal-Wallis, p-values ≥ 0.22). This again implies that no 
vector effect of PE was found. After all, when PE would act as a vector for 
PCBs, a ten times higher PE dose would have resulted in a higher BPAF. The 
lower variability among PE doses when using BPAF instead of BSAF 
indicates that normalizing on PE is a useful, more representative way to 
interpret bioaccumulation in sediments containing plastic.  
6.3.7 Bioaccumulation factors 
Lipid normalised bioaccumulation factors (BAF, Eq. A6.9) were calculated as 
the ratio of Clip and CPW (Eq. A6.5, Fig. 6.1). Overall, for BAF, the variability 
among treatments and among treatment replicates was far less than that for all 
other metrics. LogBAF increased linearly with increasing hydrophobicity of 
the PCB congeners (Fig. 6.3D), with a hydrophobicity cut-off visible at 
LogKOW > 6.8.267 Interestingly, BAF showed no significant differences among 
treatments in both the CD and IS scenario, except for the least hydrophobic 
PCB congener. Only for PCB 28, the BAF at 0.05% and 0.5% PE was 
increased by a factor of 5.3 and 2.3 respectively, compared to the 0% PE A 
treatment (NDWD, p-values ≤ 0.045). This also implies that the BAF 
normalization removed the aforementioned deviation for the 0% PE A 
treatment for all but one PCB. Differences in BAF between the 0.05 and 0.5% 
PE treatments were not significant either, and the ratio between them again 
was one, equalling that of the aforementioned BSAF and BPAF.  
In summary, differences among treatments appeared to decrease in terms of 
magnitude and statistical significance in the order: Clip>BSAF>BPAF>BAF, 
to become non-significant when BAF was used as a metric for treatment 
effect. This implies that the main driver of treatment effects was the difference 
in porewater concentration (Fig. 6.1), which in turn was driven by partitioning 
phenomena among worm lipids, PE, water and sediment OM. Because Clip 
closely followed the concentrations in the porewater for each of the PCBs, we 
conclude that bioaccumulation was not affected by extra exposure due to PE 
ingestion.  
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Figure 6.3. Average bioaccumulation and biota to sediment, PE and porewater accumulation 
factors per PCB congener. Panel A: Lipid normalised PCB concentrations ± SE in lugworms 
after exposure to the different treatments. Concentrations of ten congeners as a function of their 
hydrophobicity (Log KOW). Panel B: BSAFs normalised on concentrations of PCBs in lipids 
in lugworm tissue and OM in sediment. Panel C: BPAFs normalised on concentrations of PCBs 
in lipids in lugworm tissue and PE in sediment. Panel D: Bioaccumulation factors (Log BAFs) 
normalised on concentrations of PCBs in lipids in lugworm tissue (± SE 0.011 – 0.198, not 
shown). Linear regression line with cut off at Log KOW > 6.8: LogBAF = 1.44 × LogKOW – 
1.53, R2 = 0.95. 
 
6.3.8 Model supported assessment of relative importance of 
uptake pathways 
We modeled bioaccumulation of the PCBs (dCB,t/dt; µgg-1d-1) as a mass 
balance of uptake and loss processes (Chapter 5):128,129,240,244,246 
dCB,t
dt
= kdermCPW + IR × SSEDaSEDCSED + IR × SPLCPLR,t − klossCB,t (6.2) 
A detailed description of the modeling is provided in the Appendix. The first 
term in Eq. 6.2 quantifies uptake from the porewater. The second and third 
term quantify uptake from ingested sediment and ingested PE, respectively. 
The fourth term quantifies loss due to elimination and egestion. For the CD 
scenario PCB congeners, bioaccumulation after 28 d was modeled using Eq. 
A6.17, after which the relative shares of the uptake pathways on accumulation 
were assessed. A tiered parameter estimation was applied. First, parameters 
were set at default values except the sediment ingestion rate (IR), which was 
fitted using the bioaccumulation data of the 0% PE B treatment. This resulted 
in IR=9.98 g/g DW×d-1, a value which is close to the value estimated following 
the equation provided by Cammen204 of 7.1 g/g DW×d-1. For the 0.05% and 
0.5% PE scenario calculations, IR was set at 55% and 33% of this IR value in 
the control, derived from the measured heap mass production, here taken as a 
relative measure of ingestion. Second, the uptake rate constant in the gut 
(plastic-gut fluid exchange coefficient k1, Chapter 5)128 was optimized, which 
resulted in values of 0.080 and 0.27 d-1 for the 0.05% and 0.5% PE treatments, 
respectively. Using this parameterization, the terms in Eq. 6.2 were evaluated 
for both PE scenarios (Table A6.3). It appears that at 0.05%, PE contributed 
less than 3% to PCB uptake and also the loss rate changed marginally (not 
shown), indicating no substantial effect of PE at this environmentally realistic 
dose. At the high concentration of 0.5%, PE contributed more to uptake, but 
still to a minor extent for most PCBs with up to 62% of uptake for the most 
hydrophobic congener. This percentage should not be interpreted as extra 
bioaccumulation but as the contribution of plastic to the total uptake term in 
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Eq. A6.1, meaning that the overall uptake term does not necessarily increase. 
For the latter PCBs, loss rates are predicted however to increase, leading to an 
overall predicted factor two decrease in bioaccumulation, as was suggested 
before (Chapter 5).19,128,243,245 These flux estimates, based on measured 
concentrations in all exposure media confirm the lack of a vector effect 
deduced from the bioaccumulation metrics discussed in the previous sections, 
thus mechanistically explaining the empirical observations. 
Our results further illustrate that measuring bioavailability using passive 
samplers is crucial to understand exposure at the extremely low aqueous phase 
concentrations typical for hydrophobic chemicals in environmentally realistic 
exposure studies. To date, most studies that tested the effects of plastic 
ingestion on bioaccumulation did not assess aqueous phase concentrations 
with the detection limits that can be achieved with passive samplers, and they 
usually neglected the possibility of aqueous exposure. With the aid of metrics 
that normalize bioaccumulation to concentrations in the various exposure 
media and biodynamic modeling, we showed that these extremely low pg/L 
concentrations in porewater still drive exposure and can explain 
bioaccumulation, a phenomenon that is widely recognized in the 
bioaccumulation literature. This work confirms model-based predictions on 
the limited relevance of microplastic for bioaccumulation under 
environmentally realistic exposure conditions, and illustrates the importance 
of assessing exposure through all media in microplastic bioaccumulation 
studies. 
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Abstract 
Marine filter feeders are exposed to microplastic because of their selection of 
small particles as food source. Baleen whales feed by filtering small particles 
from large water volumes. Macroplastic was found in baleen whales before. 
This study is the first to show the presence of microplastic in intestines of a 
baleen whale (Megaptera novaeangliae). Contents of its gastrointestinal tract 
were sieved, dissolved in 10% potassium hydroxide and washed. From the 
remaining dried material, potential synthetic polymer particles were selected 
based on density and appearance, and analysed by Fourier transform infrared 
(FTIR) spectroscopy. Several polymer types (polyethylene, polypropylene, 
polyvinylchloride, polyethylene terephthalate, nylon) were found, in varying 
particle shapes: sheets, fragments and threads with a size of 1 mm to 17 cm. 
This diversity in polymer types and particle shapes, can be interpreted as a 
representation of the varying characteristics of marine plastic and the 
unselective way of ingestion by Megaptera novaeangliae. 
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7.1 Introduction 
Microplastic (i.e. particles with a synthetic origin <5 mm)(55) is present in the 
marine environment due to direct disposal and degradation of larger plastic 
items55 and was first emphasized in the 1970’s.10 Because of its small size and 
wide spread occurrence, microplastic is now thought to be available to species 
throughout the marine food web.11 Only a few studies about possible negative 
effects of microplastic on organisms have been published.50,51,53,124,268 So far 
reported possible negative effects of microplastic are on survival, feeding, 
oxidative status and uptake of persistent organic pollutants (Chapter 3, 
Chapter 4).49,51 
Due to their feeding behaviour, filter feeders are thought to collect 
microplastic particles from the water column. Microplastic has indeed been 
encountered in bivalves269,270 and in planktivorous fish.46,213 By filtering a size 
range from plankton up to small fish,271,272 baleen whales can potentially ingest 
microplastic directly from the water column as well as via prey species. 
Exposure of baleen whales to microplastic has therefore been hypothesised 
recently.273,274 Phthalates in the blubber tissue as indirect indication of 
microplastic in a fin whale have been suggested by Fossi et al.,274 although 
this does not differentiate between phthalate uptake from food items 
(zooplankton, small fish) and microplastic. Baleen whales are suggested to be 
useful as a monitoring species in the implementation of Descriptor 10 (Marine 
litter) of the Marine Strategy Framework Directive (MSFD),273,274275 even 
though direct measurement of microplastic in baleen whales has not yet been 
reported. 
Mesoplastic (i.e. items with a synthetic origin of 5 – 20 mm) is often included 
in the macroplastic size category (i.e. items with a synthetic origin >20 mm).55 
This includes plastic lids, bags and fishing lines and has been found in 31 
marine mammal species, including baleen whales.276 Records of macroplastic 
in Cetacean species are increasing. While being reported in at least 26 
Cetacean species before,44 macroplastic is reported in 48 (56% of) Cetacean 
species by 2014(277) and in 61.5% in the review by Kühn et al.278 Examples are 
28% of examined Franciscana dolphins (Pontoporia blainvillei) having plastic 
in their stomach, including microplastic,44 micro- and mesoplastic in True’s 
beaked whales (Mesoplodon mirus),279 severe incidences of large macroplastic 
quantities causing starvation and death in a beaked whale and several sperm 
whales (Mesoplodon densirostris, Physeter microcephalus)47,280 and marine 
debris in two baleen whale species, Minke and Sei whale (Balaenoptera 
acutorostrata, B. borealis).277 Raised hypotheses based on these incidences 
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are that 1) chances of micro- and macroplastic ingestion are higher for 
relatively passive feeders, as compared to active predators,281 2) even small 
amounts of macroplastic can cause obstruction of the digestive tract,280,282 and 
3) microplastic might be of special concern as it may clog the filtering 
apparatus of organisms.276 Theoretically, all of these hypotheses apply to 
baleen whales.  
The non-selective feeding mode of many baleen whale species by ingesting 
material surrounding the intended prey in the water with a size large enough 
to be retained by their baleens,283 might result in exposure to microplastic. The 
ratio between microplastic and zooplankton42 indicates a possible daily intake 
of 3.7 thousand microplastic particles in fin whales in the Mediterranean.273 
Negative effects of microplastic uptake on organisms in the marine 
environment might occur, though the information about effects is still limited. 
Meanwhile, microplastic is already present in the marine environment.11 This 
is why we studied the occurrence of microplastic in a stranded baleen whale, 
a humpback whale. Our study describes the first reported case of microplastic 
ingested by a humpback whale, and discusses it within the context of 
microplastic uptake related to ecological traits. 
7.2 Materials and methods 
7.2.1 Animal 
At December 12th 2012, a 10.34 m long, ca. 16 thousand kg juvenile female 
humpback whale (Megaptera novaeangliae) stranded on a sandbank between 
harbour city Den Helder and the island Texel in the Netherlands, and was 
publically called ‘Johanna’. Four days later, it died. 
7.2.2 Sampling 
Two days post-mortem, necropsy was performed on the severely autolytic 
carcass. Wood shreds were used around the humpback carcass for absorption 
of body fluids. Multiple tissue samples were preserved, including part of the 
gastrointestinal tract for content analysis. Gastrointestinal tract samples were 
stored at -18 °C till further processing. After thawing, samples were 
sequentially sieved over two sieves with a mesh size of 1 mm and 0.5 mm. 
Subsequently, the residues were dissolved in 10% potassium hydroxide 
(KOH) solution. The remainder was washed according to previous methods in 
a washing machine in double washing bags, the inner bag having a mesh size 
of 300 µm and the outer bag 120 µm.284 After washing, the samples were dried 
for three hours at 70 °C. From the remaining material, possible synthetic 
polymer particles were selected based on density (floating/sinking in saturated 
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NaCl dispersion) and appearance (Zeiss Stereo Discovery V8 microscope) 
according to previous procedures,285 measured by marking gauge (for 
subsequent volume calculation) and subjected to Fourier transform infrared 
(FTIR) analyses. FTIR spectra of the samples were gained with a Varian 
Scimitar 1000 FT-IR spectrometer equipped with a DTSG-detector. Sample 
and reference spectra were obtained using a measurement resolution of 4 cm-
1, following Gonzalez-Contreras et al.286  
7.2.3 Data analysis 
FTIR spectra of the particles were compared with reference polymer spectra 
(Thompson et al. 2004; Ng and Obbard 2006) of the seven most produced 
polymers polyethylene (PE), polypropylene (PP), polyvinylchloride (PVC), 
polyethylene terephthalate (PET), polystyrene (PS) and nylon (PA).8 
Additionally, comparisons with reference spectra of natural rubber and 
cellulose were made. Statistical analyses were performed with linear 
regression in ‘RStudio’ statistical software (Version 0.98.976, R Development 
Core Team). Particles were the quality index i.e. the correlation coefficient 
(R2) of the comparison with reference spectra was >0.7 were classified as 
synthetic polymers. 
7.3 Results 
7.3.1 Post-mortem examination 
According to the well-developed musculature and blubber thickness, the 
humpback whale was in good nutritional condition. Severe post-mortal 
decomposition of all internal organs prevented detailed macroscopic and 
microscopic evaluation. About a fifth to tenth of the total length of the 
gastrointestinal tract was sampled for content analysis. There were few 
contents in the gastrointestinal tract. Continued digestion of the contents of the 
gastrointestinal tract during the four days of stranding, might have resulted in 
fluid contents that were partly deflated from the gastrointestinal tract during 
sampling. The primary cause of the stranding could not be identified. 
However, prolonged stranding in itself caused deterioration and death of the 
animal. 
7.3.2 Plastic 
A total of 45 particles of possible synthetic origin was found in the 
gastrointestinal tract samples. Of these, 77.7% was large enough (>1mm2) to 
be analysed by FTIR. Of these particles, 45.7% had a synthetic origin (Figure 
7.1), 25.7% had a natural origin and for 28.6% no matching spectra were 
obtained. The identified polymer types were PE, PP, PVC, PET and PA (Table 
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7.1). For size categories, we follow the classification of Barnes et al.55 Of the 
synthetic particles, 12.5% had a maximum dimension of 2.5 to 17 cm 
(macroplastic). These were threads, with a diameter of 0.1-0.23 mm. 50% had 
a size of 5.8 – 12.0 mm by 0.3 – 8.2 mm (mesoplastic). Those were all sheets. 
The remaining 37.5% consisted of sheets and fragments with a size of 1.1 to 
4.7 mm by 0.4 – 2.4 mm (microplastic). The found plastic particles all made 
up less than 3.5 mm3 per particle. As particles might fall apart during passage 
of the gastrointestinal tract, sampling or processing, we discuss particle 
volumes instead of particle numbers. A total plastic volume of 13.7 mm3 was 
encountered, of which most was PE and PA (Table 7.1), which might represent 
the worldwide most produced polymer (PE) as well as polymers used in the 
marine environment in fishing gear.8  
There were few remainders of fish found in the gastrointestinal tract samples, 
being small fish bones, vertebra and otoliths of herring and sprat. Wood shreds 
were found in the gastrointestinal tract samples, most likely originating from 
the necropsy site. Twenty-five gram of comparable wood shreds was 
investigated by microscope. No plastic particles were found among these 
wood shreds.  
The high variation in particle appearance and polymer type of the plastic found 
in the gastrointestinal tract samples is an indication that the particles originate 
from the marine environment. Studying synthetic fibres in the gastrointestinal 
tract samples was omitted, because of the high risk of fibres being caused by 
methodological contamination during sampling and analyses, i.e. clothes, 
washing bags.213,289 As fragments, threads and sheets are less than fibres prone 
to contaminate samples during the used methods and additionally because of 
the eroded condition of the found particles, we render it likely that they were 
ingested by the humpback whale at sea.  
Humpback whales have an intestine length of about 5.5 times their body 
length,290 such that the sampled humpback whale was estimated to have an 
intestine length of about 57 m. As a fifth to a tenth of this length was sampled, 
it is likely that five to ten times as much plastic was present on a whole 
organism basis if we neglect gastrointestinal tract section type, than 
encountered in the subsample. That would result in an estimate of up to 160 
small plastic particles or a volume of up to 137 mm3 of plastic in the whole 
humpback whale. 
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Table 7.1. Particle shape, number and size of particles and percentage of the total plastic 
volume found in the studied humpback whale, per polymer type with average R2 values and 
ranges, together with the percentage of the total global production of these polymer types, PE 
(polyethylene), PA (nylon), PP (polypropylene), PVC (polyvinylchloride) and PET 
(polyethylene terephthalate).8 
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3.3-12 × 0.3-8.2 
× 0.04-0.2 
55.01 38 
PA 
0.80 
(0.70-0.96) 
Thread, 
fragment 
4 
2.3-170 × 0.1-
1.5 × 0.1-0.4 
37.64 <3 
PP 0.82 Sheet 1 3.6 × 2.4 × 0.1 5.61 24 
PVC 0.82 Sheet 1 5.8 × 3.3 × 0.01 0.97 19 
PET 0.82 Fragment 1 1.1 × 0.8 × 0.2 0.77 7 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
Figure 7.1. Polypropylene (PP) particle found in the gastrointestinal tract 
samples of the studied humpback whale, R2 = 0.82. Additional photos of 
other particles found in the gastrointestinal tract of the studied humpback 
whale are given in the Appendix of this chapter. 
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7.4 Discussion 
By combining information on daily filtered water volume, gut passage time 
and plastic particle numbers in an organism, it is possible to calculate a plastic 
concentration in an organisms’ foraging area from biological traits. The 
estimated concentration then can be compared with data on measured 
concentrations. Here we performed such a calculation by using plastic 
numbers of the humpback whale we studied. The daily filtered water volume 
of humpback whales has to our knowledge not been reported yet. For baleen 
whale species with similar feeding type,271,272 we here assume that daily 
filtered water volume is constant per unit surface of the baleen plate rows. We 
use the formula: 
𝑉𝑊,𝑦 = 𝑉𝑊,𝑥 (
𝐵𝑃𝑅𝑦
𝐵𝑃𝑅𝑥
)       (7.1) 
with VW (m3) the average daily filtered water volume and BPR (m2) the 
average surface of the baleen plate rows for species Y and species X. Fossi et 
al.273 report a daily filtered water volume of 5.9 thousand m3 for fin whales. 
With the BPR of 4 m2 of fin whales and 2.6 m2 of humpback whales,271 we 
calculate a daily filtered water volume of 3.8 thousand m3 for humpback 
whales. The gut passage time (GPT) of baleen whales is to our knowledge 
unknown. We here make the assumption that the GPT can be assumed to be 
constant per unit length of the gastrointestinal tract, across Cetacean species. 
We use the formula: 
𝐺𝑃𝑇𝑦 = 𝐺𝑃𝑇𝑥 (
𝐵𝐺𝑦
𝐵𝐺𝑥
) (
𝐵𝐿𝑦
𝐵𝐿𝑥
)      (7.2) 
with GPT (h) the average gut passage time, BG the body to gastrointestinal 
tract length ratio and BL the body length for species Y and species X. A GPTx 
of 4.2 h has been reported for (Cetacean species) Amazon river dolphins (Inia 
geoffrensi) with a BLx of 2.22 m.291 By lacking the BGx for the Amazon river 
dolphin species we use BGx of another river dolphin (Gangetic dolphin, 
Platanista gangetica) of 7.3.290 We use a BGy of 5.5 for humpback whales290 
and BLy of the studied humpback whale of 10.34 m, and calculate the GPT of 
the studied humpback whale to be ~14.6 h. For inert particles, the particle 
content of the water volume ingested within the GPT, can be seen as the 
steady-state concentration of plastic in a filter feeding organism. We use the 
formula: 
𝐶𝑆𝑆 =
𝑁𝑃
 𝑉𝑊(
𝐺𝑃𝑇
24
)
        (7.3) 
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with CSS (plastic particles/m3) the steady-state concentration of plastic in the 
humpback whale, NP (n), VW (m3) and GPT (h) respectively the number of 
particles, daily filtered water volume and gut passage time of the studied 
humpback whale. With this formula we calculate the filtered water volume of 
the humpback whale within the gut passage time 𝑉𝑊 (
𝐺𝑃𝑇
24
) to be 2.3 thousand 
m3 of water and CSS to be 0.07 plastic particles/m3. We hypothesis that CSS is 
directly related to the concentration of plastic in the foraging area of a filter 
feeding organism. We use the formula: 
𝐶𝑆𝑆 ≈ 𝐶𝑓𝑎        (7.4) 
with Cfa the concentration of plastic in the foraging area of the humpback 
whale. The average microplastic particle concentration in the Northeast 
Atlantic is 0.1 microplastic particles/m3 excluding synthetic fibres.292 This 
measured concentration in water is thus very close to the calculated 
concentration based on the small plastic particles in the humpback whale, 
implying that formula 4 may hold. It must be noted that this calculation 
concerns only one humpback whale and includes several uncertain conversion 
factors. Further research is needed to confirm whether this relation between 
plastic concentration in organisms and foraging area applies more generically.  
Microplastic has different characteristics based on the large surface to volume 
ratio compared to macroplastic.55,63,171 As first studies on physical as well as 
chemical effects of microplastic on organisms have only recently appeared 
(Chapter 4),50,51,53,124,268 there is still a large knowledge gap about possible 
negative effects of microplastic. Therefore, although not reported yet for most 
whale species, ingestion of microplastic might be of specific concern and is 
recommended to be studied alongside ingestion of macroplastic.  
The estimated number of small plastic particles in the studied humpback whale 
may be lower than in other baleen whales. Humpback whales are mainly lunge 
feeders, that is, swallowing a mouth full of preferably concentrated masses of 
planktonic crustaceans or fish, subsequently retaining the prey by filtering the 
water through the baleens.271,272,290 This may result in lower plastic uptake 
compared to other preferably water or mud skimming baleen whales. Feeding 
by these strategies as well as filter feeding by making use of the water flow, 
which in general can be created by either hydrodynamics or organisms 
themselves, might result in a higher plastic intake compared to lunge feeding. 
Mortality at sea and decay of carcasses before necropsy diminishes the number 
of opportunities to study plastic occurrence in whales.276 Together with the 
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likelihood of (micro)plastic ingestion, this indicates the importance of 
reporting also singular incidences of plastic in gastrointestinal tracts of 
examined baleen whales. 
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 CHAPTER 8 
Synthesis 
 
Towards quantification of the risk of aquatic micro- and 
nanoplastic 
 
1. Introduction 
Pollution with micro- and nanoplastic is thought to cause risks to aquatic 
ecosystems.15,293 Several effects of microplastic have been hypothesised or 
demonstrated, such as alteration of sediment porosity, shading, dilution of 
food, blockage of the gastrointestinal tract of animals, increased transport of 
invasive species and increased transfer of chemicals along the food chain (the 
‘vector effect’).5,27,28 Effects hypothesised or demonstrated for nanoplastic and 
the smaller size range of microplastic in particular include translocation from 
the intestines into other tissues, oxidative stress, immune response and particle 
toxicity.11,27–30 However, whether effects will occur in nature depends on the 
actual exposure. Environmental risk assessment (ERA) methodology 
generally requires exposure concentrations to exceed effect threshold 
concentrations in order to conclude that a risk exists.294 This chapter presents 
a provisional quantitative assessment of the risk of micro- and nanoplastic in 
the aquatic environment. The assessment is based on the data and results 
reported in this thesis, including unpublished data on two topics that are not 
reported in the previous chapters, supplemented with data from the literature. 
The assessment is based on seven steps: (1) assessing ranges of exposure 
concentrations that are currently found in the aquatic environment globally, 
(2) assessing ranges of exposure concentrations in Dutch river deltas as a case 
study for the Netherlands, (3) refining the expected exposure by use of 
exposure models, (4) assessing the nano- and microplastic effect thresholds 
reported to date, (5) assessing community level effect thresholds using a 
species sensitivity distribution (SSD) approach, (6) reflecting on the latest 
insights into the effect of micro- and nanoplastic on chemical transfer and risk, 
and (7) comparison of exposure and effect levels to characterise risk (Figure 
8.1). Finally, the chapter reflects on public concerns, the current state of 
knowledge and the direction of further research into micro- and nanoplastic in 
the environment.
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Figure 8.1. Tools for exposure and effect assessment as part of the general environmental risk 
assessment framework for micro- and nanoplastic. Based on Koelmans et al.295 The symbol § 
marks the section in this chapter in which each tool is discussed. 
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8.2. Exposure assessment 
Defining the actual risk of micro- and nanoplastic requires information on 
exposure concentrations. Below, these exposure concentrations are compared 
with effect concentrations in the risk characterisation of the actual risk 
assessment (Figure 8.1). This section provides an overview of measured and 
modeled ranges of micro- and nanoplastic concentrations. 
8.2.1 Microplastic concentrations from source to sea 
Are aquatic organisms being exposed to micro- and nanoplastic in the 
environment? And if so, at what concentrations? These questions underlie the 
so-called retrospective exposure assessment. The aquatic environment 
consists of various habitats, and microplastic concentrations have been found 
to differ among regions. Concentrations of microplastic (plastic with a 0.1 µm 
- 5 mm particle size) found in the environment are summarised in the table 
below (Table 8.1), arranged from inland water locations towards the ocean: 
surface freshwater, freshwater sediment, near-shore or estuarine surface water, 
subtidal sediment, beach sediment, open sea or ocean surface water and 
seafloor sediment. The concentrations in freshwater and estuarine habitats are 
shown for each continent. Open sea or ocean concentrations are provided for 
each oceanic region for which microplastic concentrations could be found in 
the scientific literature. Data was gathered from about 120 studies mentioned 
in the reviews by Eerkes-Medrano et al.61 and Lusher,296 supplemented with 
studies on the occurrence of microplastic in the aquatic environment published 
in the years 2015-2016. The concentrations reported to date vary greatly 
among compartments and regions but also within studies. Here, only the 
highest limits of reported ranges (HLRR) are summarised, because (1) the 
lower limits of the reported ranges often exclude zero-encounters, which 
would thus imply bias, and (2) this represents the worst-case information with 
respect to exposure. Most concentrations in the water compartment rely on 
surface sampling. A recent study of samples taken from different depths down 
to 5 m below the ocean surface revealed that microplastic concentrations 
approach zero at a depth of 5 m, but are considerably higher in the water 
column above. The data indicated that total buoyant microplastic amounts are 
underestimated by a factor of 1.04 – 30 when based on surface sampling by 
instruments like manta trawls.297 
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Table 8.1. Highest limits of reported ranges (HLRR) of particle concentrations going from 
inland towards the ocean, in the following compartments: freshwater surface water, freshwater 
sediment, near-shore or estuarine surface water, subtidal sediment, beach sediment, open sea 
or ocean surface water and seafloor sediment, per continent or oceanic region. Because of the 
orders of magnitude of variation, concentrations are presented on a logarithmic scale. As most 
studies have reported environmental concentrations in numbers of particles per mass or per 
volume, these are the units used in this table. The following conversion factors were used to 
convert to approximate particles per mass or volume where needed: microplastic particle 
weight 5 µg/particle, trawling depth 0.1 m, sediment density 1.8 kg/L and sediment porewater 
fraction 20%. These factors are explained in more detail in section 8.2.4 Studies up to and 
including the year 2016 were used.  
 
 
The HLRR of microplastic concentrations in the environment vary by more 
than ten orders of magnitude (Table 8.1). Even after correcting for the 
sediment density (approximated as 1.8 kg/L) concentrations in sediment on a 
volume basis are generally higher than in surface water, which is explained by 
the settling of particles. The particles settle either as singular particles, or in 
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water (log particles L-1) 
 -5.36 -0.85 -3.92   61 
Freshwater sediment 
(log particles kg-1 DW) 
  1.81 3.18   61 
Near-shore surface 
water (log particles L-1) 
-6.14 1.20 2.01 -0.27 -3.59 -6.07 296 
Subtidal sediment (log 
particles kg-1 DW) 
  2.32 2.43 -0.55  296 
Beach sediment (log 
particles kg-1 DW) 
 4.31 3.62 3.00 2.32 1.84 296 
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Open ocean surface 
water (log particles L-1) 
-4.40 -4.52 -2.66 -5.27   296 
Seafloor sediment (log 
particles kg-1 DW) 
-0.55      296 
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aggregated or fouled form, as long as their density is higher than that of the 
surrounding water.298 Consequently, although sediment-buried plastic may be 
less available, sediment-dwelling organisms are expected to be exposed to 
higher concentrations than pelagic organisms. Nevertheless, microplastic in 
sediment is expected to affect the pelagic foodweb, via transfer through the 
foodchain and resuspension. Due to increased water turbulence or defouling, 
originally settled plastic particles are expected to become resuspended in the 
water column and lead to exposure of pelagic organisms.299 
Variations in HLRR of microplastic concentrations among continents seem to 
be lower in the open sea and ocean areas compared to that in freshwater 
systems and near-shore areas. For example, the HLRR of microplastic 
concentrations in surface water vary by three orders of magnitude in seas and 
oceans, compared to five and nine orders of magnitude in fresh and near-shore 
water, respectively. This difference in observed heterogeneity might reflect 
better mixing or a difference in representativeness of the sampling in the 
marine environment and less mixing and larger variability in magnitude of 
sources and flow conditions for fresh- and coastal waters. Sampling with a 
trawl over several hundreds of metres in open water might give a more 
representative sample than pointwise sampling with a bucket or flask from the 
shore. Furthermore, one could expect less mixing and a greater influence of 
location-specific hotspot characteristics for sediment compared to water.298 
Although this is not yet reflected in a greater variation of microplastic 
concentrations in sediment compared to water among continents, such a large 
variation is seen among studies. For example, the HLRR in near-shore 
sediment in Europe are found at a plastic factory site and are generally a factor 
102 to 108 higher than in the surrounding areas. The absence of observations 
of large variations in HLRR in sediment concentrations among continents 
might be due to the fact that sediment sampling has been done in fewer 
continents than water sampling. Intercontinental comparison is especially 
hampered for marine sediment, as the number of studies that have included 
marine sediment is very limited. 
The HLRR of microplastic concentrations in near-shore or estuarine areas 
seem to be higher than concentrations in freshwater systems and open sea or 
ocean. Accumulation of microplastic in these areas might be high, due to input 
from rivers and beaches, and from wash-back by marine water currents. Near-
shore hydrodynamics, combined with high biological activity, might trap, 
degrade and foul both microplastic and macroplastic,300–302 which could 
explain the high microplastic concentrations found here. Yet, the development 
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of the research field may also have influenced these differences between areas: 
whereas awareness of marine microplastic pollution has increased through 
studies of the marine environment,8 the freshwater environment has remained 
relatively underexamined.16,61 Furthermore, logistics make remote open seas 
or oceans harder to study than near-shore locations.296 Since the chances of 
finding a high microplastic concentration are affected not only by the actual 
environmental concentrations but also by the sampling effort, this factor might 
partly explain the HLRR of microplastic concentrations found in near-shore 
areas.  
The HLRR of concentrations in the near-shore regions are higher in sediments 
than in the overlying water, which also applies to freshwater and the open 
ocean. Concentrations in beach sediments are even higher than in subtidal 
sediments. This can most probably be explained by the relatively low density 
of plastic compared to seawater, causing floating and suspended plastic to be 
washed ashore,303–308 while beaches may act as a filter for plastic (and other) 
particles. The high exposure of microplastic to sunlight, wind and waves near 
and on beaches increases the degradation of larger plastic items to microplastic 
(< 5 mm).300–302 The chances of detecting these high concentrations are 
substantial, as beaches have by far the highest sampling effort of all habitats.296 
Globally, the overall HLRR of microplastic concentrations in freshwater and 
near-shore surface water are to be found in Europe, those in freshwater 
sediment and subtidal sediment in 
North America, those on beaches in 
Asia, those in open ocean surface 
water in the North Pacific and those 
in marine sediment in the North 
Atlantic. However, there are 
remarkable data gaps regarding 
microplastic concentrations in 
several compartments for the 
continents of Africa and Oceania in 
particular, and to a lesser extent for 
Asia and South America. 
Macroplastic concentrations are 
known to be high on African beaches 
(Figure 8.2), which makes it very 
likely that high microplastic 
concentrations occur there too. 
Figure 8.2. West-African coastline. Kees 
Goudswaard, Wageningen Marine Research.  
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8.2.2 Microplastic concentrations in freshwater. A case study on 
a river delta in the Netherlands 
Little is known about the distribution of microplastic along river deltas, in 
terms of concentrations, hotspots and shape and size distributions. Relatively 
high concentrations have been found in Europe (Table 8.1). Although data 
have been reported for many countries, no data were available for the 
Netherlands at the start of our research. This section zooms in on microplastic 
concentrations in the Dutch river delta as a case study. Below, the results are 
reported of the first surveys309,310 of the occurrence of microplastic that 
included both freshwater, estuarine and marine sediment and surface water 
locations of the main river delta in the Netherlands. 
Methodology. During four sampling campaigns in 2013-2015, partly carried 
out in collaboration with the waterboard Rivierenland, sediment and surface 
water samples were collected. Sediment samples were taken from 34 locations 
along the Dutch river delta using a Van Veen grab or a spade. Sediment 
sampling was partly replicated: 1-, 3- and 5-fold for the freshwater, estuarine 
and marine parts of the delta, respectively. Water was sampled at 23 
freshwater locations by filtering 10 m3 successively over 1 mm and 300 µm 
sieves and a 50 µm net (Figure 8.3). For five locations, this was done in 
triplicate. At 18 locations, an additional 1 L water sample was filtered over a 
0.45 µm filter (Whatman, cellulose nitrate membrane) to determine the <0.45 
µm size fraction. Both 
urban and rural areas were 
sampled, including rural 
water outlets into rivers as 
well as inlets of river water 
into rural areas, and 
samples were taken both 
upstream and downstream 
from wastewater treatment 
plants (WWTPs). 
Furthermore, influent 
water, effluent water and 
sewage sludge at three 
WWTPs were sampled. 
Sediment samples were 
treated by density 
separation (saturated NaCl 
Figure 8.3. Sampling unit showing the 1 mm and 300 µm 
sieves and 50 µm net. 
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solution) and filtered over a 50 µm sieve. Both sediment and water samples 
were treated to degrade organic matter (10% KOH solution) as described for 
the treatment of tissue samples in Chapter 7.213,311,312 Subsequently, 
microplastic particles were selected from the filtrate by microscopy, based on 
visual appearance (Zeiss Stereo Discovery V8 microscope). Except for fibres 
(see section 8.2.4), all particle shapes were included (see for example Figure 
8.4). All laboratory analyses were performed in a laminar flow cabinet, and no 
plastic materials or synthetic clothes were used during the analyses. 
Procedural blanks were included, by analysing demineralised water samples 
before and after running them through the whole procedure. The detection 
limit was defined as the number of particles that would have been found per 
standard volume if one particle had been detected in the analysed sample 
volume. 
Results and discussion. For sediment, the highest concentration was 56.3 
particles/kg dry weight (DW), with highest concentrations in the freshwater 
part of the delta, moderate in the estuarine part and lowest in de marine part 
(Figure 8.5). The microplastic concentrations in the sediment in this study are 
in the same range as those in the German part of the Rhine catchment (up to 
64 particles/kg, Wagner et al.16). A concentration of 20.6 particles/kg DW was 
found in the sediment of a ditch into which a WWTP discharges. For the sake 
of comparison, the effluent and sludge of this WWTP were analysed too, and 
contained on average 2.7 ± 1.9 (SD) particles/m3 and 7.1×102 ± 7.7×102 
particles/kg DW, respectively.310 
Concentrations of 50 µm – 5 mm microplastic in freshwater ranged from <0.1 
to 6 particles/m3. Of these particles, 12% were in the 50-300 µm size class, 
58% were in the 300 µm – 1 mm size class and 30% were in the >1 mm size 
class. Concentrations of >0.45 µm microplastic in freshwater ranged from <5 
to 40 particles/L. As the latter is at least three orders of magnitude higher than 
the concentration range for >50 µm particles, this implies that a major fraction 
of the microplastic in freshwater consists of the smaller size range of 
microplastic particles. A comparison with the >50 µm particle numbers found 
in sediment and water also shows a three orders of magnitude difference, with 
concentrations being much higher in sediment than in water. This indicates 
that microplastic is removed from the water phase by settling, as already 
predicted by the modeling described in Chapter 2 of this thesis.298 The same 
modeling predicts that this settling causes the smaller size fraction to 
accumulate in sediments too. This implies that the >0.45 µm particle 
concentrations of up to 40 particles/L found here in freshwater might even be 
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three orders of magnitude higher for freshwater sediments. The microplastic 
concentrations found in freshwater systems in this study are at the lower end 
of the 0.3-0.5 particles/m3 range in freshwater elsewhere in Europe and the 
US.38,57,58  
Elsewhere in the Netherlands, Leslie et al.313 found much higher 
concentrations of microplastic in freshwater systems, especially in freshwater 
sediments. Nevertheless, a similar trend could be observed in their data, with 
highest concentrations in freshwater systems (48 – 187 particles/L in urban 
canal water; 1.4 – 4.9 × 103 particles/kg DW in riverine suspended matter; <68 
– 1.05 × 104 particles/kg DW in urban canal sediment) compared to coastal 
waters (100 – 3.6 × 103 particles/kg DW in coastal or offshore sediment). 
Furthermore, the latter study included analyses of 7 WWTPs, whose influent, 
effluent and sewage sludge contained 68 – 910 particles/L, 51 – 81 particles/L 
and 510 – 760 particles/kg WW, respectively. That these concentrations in 
sediment, surface water and WWTP influent and effluent are higher than the 
concentrations found elsewhere in the Netherlands and elsewhere in Europe 
and the US might relate to local differences or to methodological differences. 
Since some studies include fibre-shaped particles, and extrapolations are made 
based on relatively small samples,313 these outcomes might be prone to over- 
or underestimation.  
Figure 8.4. Microplastic particles with different shapes (left: sheet, right: fragment) found in 
sediment and water in the Rhine and Meuse delta. Adapted from Besseling et al.310 
In the current study, differences between freshwater concentrations in rural 
versus urban areas were not large, and similarly no large differences were 
found between inlets and outlets from and towards international rivers. This 
either means that there are no large regional or international differences in 
microplastic pollution, or that water is not the appropriate medium to detect  
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microplastic in, due to high removal rates from the water as indicated in 
Chapter 2 of this thesis.298 The large regional variations in shapes of particles 
that were found point to the latter explanation. The concentrations of 
microplastic in WWTP effluents were generally about a factor of 4.4 ± 4.0 
(SD) lower than those in WWTP influents (Table 8.2, factor difference 
calculated by dividing the effluent by the influent concentration, using the 
detection limit as concentration when no particles were found), although this 
varied among the different plants. This corresponds with data by Leslie et al.313 
on different WWTPs. Concentrations of microplastic in effluent were higher 
Figure 8.5. Number of plastic particles (particles/kg DW sediment, ± STD, size range 50 µm – 
5 mm) along the Dutch part of the Rhine/Meuse delta. Adapted from Besseling et al.310 and 
supplemented with data from Foekema et al.309 Horizontal lines indicate locations were no 
microplastic was detected. Numbers in the figure (3-6) indicate multiple nearby locations with 
zero-encounters of microplastic. Locations are approximate. 
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than those in the surrounding freshwater systems. Nevertheless, there was no 
large difference between upstream and downstream concentrations near 
WWTPs. This further supports the idea that surface water is not the ideal 
medium in which to quantify microplastic pollution sources, due to dilution 
and settling out of the water column, and due to the fact that the concentrations 
are greatly influenced by rain, wind and the flow rate of the water on the 
specific sampling date. The triplicate samples of sewage sludge we took at one 
WWTP still showed a range of 2 × 102 – 1.6 × 103 particles/kg DW. One year 
later, no particles were found in the sewage sludge from this WWTP and two 
others. Detection limits by then were <400 – 500 particles/kg DW, so that 
concentrations can be assumed to be below this limit. Despite these differences 
between time points and WWTPs, sewage sludge can be considered a 
potentially large source of microplastic when reused in the environment. 
Table 8.2. Microplastic concentrations in freshwater in the Dutch delta. For samples in which 
no particles were found, the < sign indicates a detection limit (DL). The DL is the number of 
particles that would have been detected in a standard volume in case one particle had been 
present in the sample. Thus the DL is lower when a larger sample volume was analysed.309 
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WWTP influent  <10 – <25 20 – 40 
WWTP effluent  2.2 – 9.6 <6 – 21 
WWTP sewage sludge <408 – 706   
Upstream WWTP <2.5 – < 25.9 <0.2 – 6.0 <5 – 10 
Downstream WWTP <2.6 – 21 0.1 – 3.2 <5 
Urban area <2.6 – 56 0.1 – 0.4 <5 
Rural area <4.5 – 17 0.1 – 0.4 <5 
Outlet rural area <2.4 – <30.8 <0.1 – 0.3 <5 – <7 
Inlet river <2.7 – <10.3 <0.1 – 0.1 <5 – 5 
Subtidal zone ≤ 9.9   
Off-coast ≤ 9.7   
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8.2.3 Conclusion microplastic monitoring 
There is relatively low spatial variation in microplastic concentrations in 
water, but a large spatial variation in microplastic concentrations in sediment. 
This corresponds with global findings, as presented in the previous section, 
suggesting that:  
(a) many diffuse sources contribute to microplastic pollution;314  
(b) non-buoyant microplastic settles out of the water column within 
relatively short distances from their source (Chapter 2, this thesis);298  
(c) model-guided sediment monitoring focusing on hotspots is the best 
way to reveal the extent of microplastic pollution (Chapter 2, this 
thesis),298 for example using sediment traps;  
(d) sediment-dwelling organisms living at hotspot locations are exposed 
chronically to microplastic,16 whereas acute exposure of pelagic 
organisms may occur mainly during resuspension events; 
(e) differences between sampling locations might not be detectable when 
selecting microplastic visually, which calls for the use of polymer 
identification techniques. 
8.2.4 Exposure to nanoplastic 
It is commonly assumed that nanoplastic, that is, plastic with a size of ≤100 
nm in at least one of the particles’ dimensions, is emitted to18,315 and formed 
within the environment.50 The presence of nanoplastic has been proved under 
controlled laboratory conditions using nanoparticle tracking analysis66 and 
dynamic light scattering.67 To date, no technique is available that allows the 
detection of nanoplastic in environmental samples. Pyrolysis GC-MS might 
be used and has been proved to identify low concentrations of polymers in an 
environmental matrix,316 while UV-VIS spectroscopy and field flow 
fractionation (FFF) are techniques under development which might be 
promising in this respect.15 Since no technique is so far able to detect 
nanoplastic in environmental samples, it is not possible to provide actual 
measured environmental exposure concentrations for it. Due to the diffuse 
nature of sources and the lack of information on routes towards and removal 
mechanisms from the aquatic environment, even estimates of current 
concentrations are hard to make. The expected trend over time, however, is 
that environmental concentrations of nanoplastic will increase, because of (1) 
their increased application in a variety of products,317 (2) its production as by-
product during manufacturing18,318 and (3) the huge potential release by 
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fragmentation and degradation of macro- and microplastic.15,50,319 Nanoplastic 
is used, inter alia, in paints, coatings, medicines, electronics and research.15 
Manufacturing processes that are known to release nanoplastic as a by-product 
include thermal cutting of polystyrene foam and 3D printing.18,318  
Under the influence of mechanical, thermal, chemical and biological stressors 
in the environment, microplastic is expected to degrade into smaller 
particles.15,50,319 The highest reported values on aquatic concentrations of 
microplastic in the Netherlands are, as mentioned above, 10 particles/L in 
surface water and 56.3 particles/kg DW in sediment until the year 2016, and 
as published by Leslie et al. in 2017,313 187 particles/L in surface water and 
1.05 × 104 particles/kg DW in sediment. On a global scale, highest reported 
microplastic concentrations in the aquatic environment are 102 particles/L 
water and 1529 particles/kg DW sediment, with considerable differences 
between regions and between freshwater, estuarine and marine habitats. 
Values for beach sediments, which are not included in these global maxima, 
are even an order of magnitude higher. Depending on the size of the 
microplastic particles that have been found and the estimated size of the 
eventual nanoplastic particles, degradation of microplastic particles with a size 
of >0.1 µm – 5 mm into 100 nm nanoplastic particles can lead, based on 
volumes of spherical particles, to particle concentrations that are ultimately 
1.25 × 1014 times higher than the currently found microplastic particle 
concentrations. Although non-spherical particles, such as sheets, degrade into 
smaller numbers of nanoplastic particles, macroplastic can potentially degrade 
to even larger numbers of nanoplastic particles. Thus, the estimate of 1.25 × 
1014 times higher nanoplastic particle concentrations compared to measured 
microplastic particle concentrations seems not to greatly overestimate the 
potential generation of nanoplastic in the environment. Model-based 
estimations of the time-scale at which such fragmentation and degradation into 
nanoplastic would occur are of the order of several hundreds of years.15 
Nevertheless, the first indications that a fraction of the marine litter consists 
of nanoplastic have already been reported.67 
8.2.5 Challenges in defining micro- and nanoplastic 
concentrations 
The previous sections reported on assessments of the HLRR of microplastic 
concentrations in different habitats of different continents (Table 8.1). Mean 
concentrations from the same studies or study regions were generally a factor 
of two to a thousand lower. However, the differences between methodologies 
makes generalisation unreliable.294 Variations in methodology regard the 
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included size range and particle shapes; reported units; calculation of maxima 
and the extraction and identification of plastic. These factors are briefly 
discussed below.  
Size range and shape. The size cut-off for microplastic used in this thesis is 
0.1 µm – 5 mm. However, some studies include only particles in a narrower 
range as microplastic, often determined by their sampling methodology or the 
detection limit of devices they used. A commonly used lower limit due to mesh 
size lies between 300 – 800 µm, while the upper limit is often set between 2.16 
and 4.75 mm or up to 5 mm.58 The limits set in these studies result in 
microplastic numbers being underestimated compared to the definition used 
in this thesis. Furthermore, studies differ as to whether all particle shapes are 
included, distinguishing between fragments, spheres, sheets, pellets, ropes and 
fibres. The choice of particle shapes being included is affected by variations 
in the conditions under which samples in different studies are collected and 
analysed. In addition, microplastic literature in recent years has involved some 
discussion on the effect of contamination of samples during sampling and 
analyses.213 Nowadays, attempts are made to perform studies under fully clean 
air and plastic-free conditions, that is, completely eliminating exposure of 
samples to air, as the later could possibly contain fibres from the clothes of 
researchers or other dust, as well as the use of plastic materials for collection, 
storage and analysis.311 Consequently, reported microplastic concentrations 
vary due to:  
(a) having fibres excluded due to their high risk of methodological 
contamination;  
(b) no fibres being reported, without mention of exclusion;  
(c) all particle shapes being included, irrespective of methodology; 
(d) inclusion of fibres because of clean air and plastic-free methods.296  
The work reported on in this thesis aimed to include the whole 0.1 µm – 5 mm 
microplastic size range and to avoid methodological contamination and 
exclude fibres. Nevertheless, the studies listed in Table 8.1 were included 
irrespective of whether they gave reasons for including or excluding certain 
particle shapes. Nor does the present chapter use any correction for the size 
ranges included in these studies, because insufficient information is often 
provided by the individual studies to allow conversions. 
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Reported unit and unit conversions. Microplastic concentrations are variably 
reported as mass or as particle numbers per mass, per volume or per surface 
area of water or sediment, or even per study site. Some studies, even from 
recent years, only compare the results of their investigated sites qualitatively. 
These differences in units and lack of quantification make quantitative 
comparisons between studies very difficult. Several studies have used 
conversion factors to be able to make comparisons.294 However, this adds 
another source of uncertainty. Also, sampling depth, time of day and sampling 
technique were often not described in detail in the studies reviewed. 
Conversion factors used to calculate the values given in Table 8.1 are as 
follows. Concentrations reported as particle mass have been converted to 
numbers and vice versa49 by using a mass per particle factor of 5 µg/particle, 
based on the weight of an average microplastic particle as detected on 
shores.105 When outcomes were given per surface area, an assumed manta 
trawl sampling depth of 0.1 m has been used to convert surface area-based 
concentrations (particles/km2) to volume-based concentrations 
(particles/m3).320 Volume concentrations or mass concentrations in wet weight 
have been transferred to dry weight concentrations by assuming a sediment 
density of 1.8 kg/L51 and a porewater fraction of 20%.321 
Calculation of highest limits of reported ranges of microplastic 
concentrations. Comparing environmental concentrations of microplastic 
often requires medians or ranges of reported concentrations per water body, 
habitat type, ocean or compartment. However, an extra source of uncertainty 
in defining maximum, or average, concentrations is that the calculations 
underlying reported environmental concentrations are often unclear and differ 
between studies.296 The present literature appears to report highly variable 
metrics of concentration, such as averages, medians, maximum averages, 
average maxima and maxima. Even a description like ‘average’ can imply 
multiple calculation methods: it can imply that the average of all samples in 
the study is given, or that averages per subsample or sampling site were first 
calculated and then the study average. Remarkably, zero-encounters or non-
detects are often excluded before calculation of the averages,61,296 which 
erroneously leads to higher predicted environmental concentrations. 
Furthermore, calculation of a meaningful average concentration for a certain 
region based on data from different studies should involve a weighted average, 
because of the varying numbers of sampling sites used in studies. In view of 
these obvious deficiencies and to provide an impression of exposure under 
worst-case conditions, Table 8.1 only shows the HLRR of microplastic 
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concentrations. These may also have been affected by differences in 
calculations, e.g. because of differences between average maxima and real 
maxima, and may be highly dependent on the number of sampling sites 
because of spatial heterogeneity. However, the number of additional 
calculation steps used to combine studies is smaller than for averages. 
Furthermore, compared to effect thresholds, the high variability of 
concentrations among sampling sites means that if averages are below effect 
concentrations, they are not indicative of whether there could be a risk or not. 
By using the HLRR only, one cannot assess the risk for the entire region, but 
at least one can assess whether there is a risk. Furthermore, from a risk 
perspective, evaluating the HLRR of microplastic concentrations would 
comply with the ‘worst case’ approach in risk assessment. If, for instance, the 
HLRR were sufficiently below effect threshold concentrations, all other sites 
studied in the region can be assumed to be free of risk.  
Extraction and identification of plastic. Environmental media that may 
contain nano- or microplastic will also contain a fraction of water, mineral 
constituents and/or organic matter. This is the case for abiotic as well as biotic 
samples. A variety of methods have been applied to isolate nano- or 
microplastic from the samples for plastic analyses. These include density 
separations with varying types and concentrations of salts, sieving, removal of 
organic matter with acids, bases and peroxide (or combinations thereof) and 
drying or decomposing samples at different temperatures.63,65,250,311,322–324 
These methods differ in the extent to which particles other than plastic are 
removed, the likelihood of contamination of the samples with procedural 
plastic particles from materials used or the work space,213,325 but also in the 
extent to which plastic particles that are present in the environmental samples 
are retained in the samples. Losses of plastic particles occur during these 
procedures, depending on the number of extraction cycles involved and the 
aggressiveness of the chemicals used. Several chemicals used for sample 
preservation or for the digestion of tissue or organic matter, as well as high 
temperatures, are known to degrade specific polymer types, which thus will 
affect the analysis results.83,322,323,326 After clean-up of the samples, the 
subsequent detection of microplastic particles is usually done by visual 
inspection and increasingly by polymer identification techniques using 
reference spectra, like FTIR and Raman spectroscopy. The eventual 
identification, however, is highly dependent on the method used. For instance, 
of the particles visually judged as plastic, a percentage varying from 1.4 to 
70% was identified as plastic by focal plane array (FPA), micro-Fourier 
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transform infrared (micro-FTIR) spectroscopy or Raman spectro-
scopy.57,63,294,311,327 
The above challenges illustrate that the analysis of plastic debris in 
environmental samples is not straightforward. Nevertheless, the number of 
studies underlying the data summarized in Table 8.1 is high. If the above 
restrictions are kept in mind, Table 8.1 thus gives us at least an impression of 
the HLRR of environmental microplastic concentrations known to date. 
Future studies should stick to standardised quality assurance criteria such as 
those provided by Hermsen et al.,294,311,328 as there seems to exist a relation 
between reported particle counts and the degree of quality assurance.311  
8.2.6 Modeling the fate of and exposure to plastic 
Introduction. Models can be used to assess the exposure to micro- and 
nanoplastic. For microplastic, models can complement measurements and 
guide monitoring campaigns.212,298 And as the current techniques are not yet 
capable of detecting nanoplastic in environmental samples, prospective 
exposure assessment for nanoplastic is completely dependent on modeling. 
Since transport and fate models have been used before for other pollutants and 
other particle types like algae, micro-organisms, sediment and nanomaterials, 
models for micro- and nanoplastic can build upon this existing 
knowledge.212,298 Spatiotemporally explicit models are most helpful when it 
comes to transport and retention patterns within freshwater and marine 
systems. For freshwater systems, this type of model has been developed for 
micro- and nanoplastic at different scales, ranging from single river 
catchments298,329 to the global scale.314,330 So far, these models have been 
theoretical, and though validated with other particle types, they have not been 
fully validated for plastic particles yet. For marine systems, particle behaviour 
and ocean circulation models are used to model the fate of microplastic and to 
find optimal clean-up strategies.299,331 Below, currently available microplastic 
models are summarised going from their source towards and inside the oceans. 
River transport modeling. Spatiotemporally explicit models have addressed 
catchment hydrology, soil erosion, sediment budgets,329 advective transport, 
homo- and heteroaggregation, sedimentation-resuspension, polymer 
degradation, presence of biofilm and sediment burial processes.298 In Chapter 
2 of this thesis it was shown that for particles in the 100 nm to 10 µm size 
range, concentrations in the water of a 40 km river stretch dropped from an 
input concentration of 1 ng/L to steady-state concentrations between 0.5 and 
0.8 ng/L at the end of the stretch.298 Another model study indicated that leaving 
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the aggregation of small plastic particles with other suspended solids out of 
consideration results in higher percentages being predicted to remain in the 
water column.329 However, several empirical studies, including the 
aggregation-sedimentation study described in Chapter 2, have shown that 
fouling followed by aggregation and settling is relevant for particle fate in 
aquatic systems.84,298,332 Therefore, leaving aggregation out of consideration 
might lead to overestimation of aquatic plastic particle concentrations. Both 
of these river catchment modeling studies agree that concentrations of 
particles in the upper part of the microplastic size range become reduced to 0 
to 20% of the input concentration in the water column.298,329 High flow periods 
might, however, cause resuspension and remobilise this pool.329 The locations 
of hotspot concentrations in riverine sediment largely depend on the particle 
size of the plastic and on river morphology. In our study, the highest steady-
state concentration in riverine sediment was predicted to be 5 mg/kg for >1 
mm particles at <1 km from the 1 ng/L input source.298 For most other sizes 
and locations, the steady-state concentrations were a factor 2 to 15 lower. The 
calculated steady-state concentrations within 1 km from the source are in line 
with concentrations of microplastic found by Wagner et al. (2014) in the 
sediment of freshwater systems in Europe.298 Apart from relatively close to the 
source, hotspot concentrations of microplastic are also expected in 
sedimentation areas characterised by a reduced flow velocity. Hence, 
monitoring campaigns and impact assessments should focus on these 
regions.298,329  
Modeled effects of polymer density298,329 and formation of biofilms298 on the 
fate of plastic particles were not large, although this formation of biofilms and 
its effects on fate processes has been empirically confirmed, and is receiving 
increasing attention in the recent literature.94,299,332–334 As the modeled plastic 
particles were spherical, particles of different shape might behave 
differently.298,314 A global modeling study incorporating microplastic of 
different shapes and point sources predicted that the majority of riverine 
transport of microplastic to sea would consist of synthetic polymers from tyre 
abrasion (>40%). The other fractions are made up by plastic-based textiles 
abraded during laundry (29%), synthetic polymers and plastic fibres in 
household dust (19.4%) and microbeads in personal care products (9.8%).330 
Yearly, 1.15 to 2.41 million tonnes of plastic waste are estimated to enter the 
oceans from rivers, 67% of which is made up by the top 20 most polluting 
rivers.335 
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Emission-based mass flow modeling and multi-media modeling. Emission-
based mass flow modeling and multi-media modeling have been used before 
to estimate fluxes of pollutants and particles between compartments like the 
atmosphere, terrestrial soil, surface water and water-bottom sediment.80,295,314 
For microplastic, the first provisional calculations of mass flows from 
WWTPs to water bodies predicted a retention for microplastic of 40 to 96% 
in WWTPs, depending on the type of plant.336 In comparison, the new data 
provided in section 8.2.2 indicate a retention of 53% ± 46 (SD) in three 
WWTPs, while Leslie et al. reported 72 ± 61% (SD). Multi-media models like 
SimpleBox4Nano (SB4N) calculate average background concentrations in 
different compartments.314 Assuming a yearly emission of 20 kt,337 of which 
50% to the water and 50% to the soil, resulted in the average background 
predicted environmental steady-state concentrations (PECs) in the Rhine 
catchment (Europe) shown for each compartment in Table 8.3.314 These PECs 
are based on the yearly emission of 20 kt, such that PECs based on new 
estimated yearly predictions can be derived from the ratios between the 20 kt 
used here and the respective emissions. Although the resulting output 
concentrations are highly dependent on the assumed yearly emissions in a 
catchment, SB4N clearly predicted different fates for microplastic particles of 
different sizes.314 Whereas PECs of nanometre and micrometre sized plastic 
particles are highest in the soil and water compartments, PECs of particles 
bigger than 0.1 mm are expected to be highest in aquatic sediments (Table 
8.3). This largely corresponds with the distribution of micrometre and 
millimetre sized plastic particles over water and sediment calculated with the 
aforementioned spatiotemporally explicit models (Chapter 2).298,329 However, 
compared to the outcomes of SB4N, spatiotemporally explicit modeling 
predicted a higher retention of nanoplastic in sediments due to settling of 
aggregated nanoplastic. Another emission-based mass flow model was used 
by Siegfried et al.330 to calculated riverine transport of microplastic in Europe. 
The model revealed large spatial differences in transported plastic mass, 
largely as the result of differences in the technological status of WWTPs. For 
the transport of plastic from production and consumption sites towards the 
coastal and marine environment, Siegfried et al. used the output from the 
modeling simulations discussed in Chapter 2. An extrapolation towards the 
year 2050 showed that riverine transport of plastic will increase in some rivers 
while decreasing in others, the latter decreases being mainly explained by the 
expected improved wastewater treatment.330  
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Table 8.3. Distribution of plastic particles of different sizes over the soil, water and aquatic 
sediment compartments, as predicted by the multi-media model SB4N. PECs are based on a 
yearly emission of 20 kt.314 
Particle size 0.1 µm 1 µm 10 µm 100 µm 1 mm 
Soil (log µg/m3) 6.43 6.38 6.17 4.57 2.62 
Water (log µg/m3) 5.45 5.44 5.39 4.89 3.08 
Sediment (log µg/m3) 1.52 2.41 4.42 6.07 6.26 
 
Coastal and marine microplastic concentration estimates based on plastic 
production. Recently, Van Cauwenberghe predicted microplastic 
concentrations in the coastal and marine environment by using plastic 
production data.338 Van Cauwenberghe calculated the cumulative emission of 
plastic based on the world plastic production, assuming that 1.7 to 4.7% of this 
annual plastic production reaches the oceans.338 Using this percentage, she 
calculated current coastal and open ocean microplastic abundance as well as 
extrapolations of future concentrations (Table 8.4).338 She used two scenarios 
to forecast a range of future environmental plastic concentrations: a business-
as-usual continuation of the current growth of the annual plastic production of 
4.5% per year, and an immediate stop to plastic production (Table 8.4).338 The 
production-based estimates obtained this way appeared to exceed current 
measured concentrations of total floating plastic debris particles by only one 
order of magnitude. Given the uncertainties in data and calculation, this 
overestimation was considered acceptable,338 also because the calculation did 
not take into account the fact that part of the emitted plastic is missed during 
sampling, settles in deeper layers339 and/or resides at beaches.  
Table 8.4. Coastal and open-ocean microplastic concentrations in surface water and sediment, 
estimated by Van Cauwenberghe.338 
Particle size 2015 
2100 
Immediate 
production stop 
Business-as-usual 
Coastal surface water 
(particles/L)a 
4.7 × 10-4 – 2.1 2.7 × 10-3 – 11.9 0.03 – 129.4 
Coastal sediment 
(particles/L) 
9.5 – 3.5 × 103 55.1 – 2.1× 104 597 – 2.2 × 105 
Open ocean surface 
water (particles/L) 
1.3 × 10-4 – 0.3 7.5 × 10-4 – 2.0 0.01 – 21.1 
Seafloor sediment 
(particles/L) 
0.7 – 15.7 3.7 – 91.1 40.5 – 987.2 
(a) Based on an assumed average polymer density of 1100 kg/m3 and a particle size distribution 
of 10% 1 – 5 mm, 25% 0.3 – 1 mm and 65% 1 – 300 µm sized particles.  
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Figure 8.6. Processes that affect the fate of plastic particles in the aquatic environment, 
adapted from Kooi et al.340 
Fate processes and models for the estuarine and marine environment. 
Overview of current models. As plastic particles reach the river mouth, the 
relative importance of the different processes that affect their fate in rivers is 
assumed to change (Figure 8.6). Here, the higher salinity causes a wider 
variety of polymer types to drift within or float upon the water column. The 
change in salinity can also destabilise dispersed submicron particles, causing 
aggregation of particles15 that might become non-buoyant, and may result in 
settling. Particles with intermediate polymer density would settle in freshwater 
but float in marine water. Polymer types that are on their way to settle, might 
change direction when they reach the estuarine environment. Their fate 
depends on the type of estuarine system.341,342 In a salt-wedge estuary, these 
polymer types will most probably drift above the halocline within the 
relatively fresh upper part of the water column, whereas in well-mixed 
estuaries they are likely to be pushed even further upward towards the water 
surface. The presence of a halocline343 as well as the strength of the tides344,345 
will affect the time during which plastic particles remain within the water 
column. In the marine environment too, the vertical distribution might consist 
of a buoyant, a settling and an in-between fraction. The in-between fraction, 
at intermediate depth, is thought to remain there due to the opposing 
mechanisms of fouling and buoyancy.299 Whereas many previous studies 
predicted that the majority of microplastic in the marine environment would 
be present in the surface layer of the upper few metres,297 recent modeling 
scenario studies indicate that the fraction at a lower, intermediate, depth may 
well be larger.299 Aggregation of plastic particles with materials of higher 
density will accelerate settling,298,299 but the same process will slow down the 
settling rate of other mineral or organic particles, as inclusion of plastic in the 
aggregate reduces their overall density.332 Diurnal and seasonal fluctuations in 
photosynthesis, and hence in biofilm growth, might induce an oscillating 
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movement of micrometre sized plastic over a depth range down to about 75 m 
below the ocean surface.299,301  
The global spatial distribution of plastic is affected by several oceanographic 
processes. Global ocean circulation, tides and Ekman transport cause 
accumulation to occur in five to six main regions.301,346 Using ocean surface 
current models, combined with debris concentrations or spatial macroplastic 
beach clean-up data, resulted in surface concentration estimates for 
macroplastic which could be compared with spatial distributions or species-
specific habitats of sea turtles and birds.347–349 These modeling efforts revealed 
where turtles and sea birds have the highest encounter rates with plastic and 
suggested where cleaning efforts might be most cost-effective. Interestingly, 
this is not so much in the main subtropical oceanic plastic accumulation 
regions, but instead in parts of the Southern Ocean where plastic 
concentrations are not extremely high but the number of seabird species is,347 
namely off the coast of China and in the Indonesian archipelago near large 
sources of debris from land331,349 and near the typical entry point where debris 
enters the Gulf of Carpentaria.348 
Some examples of processes currently missed by transport models. So far, 
plastic particle fate models have mainly included abiotic processes only, the 
exception being the influence of biofilm formation. However, it is not only the 
abiotic processes of beaching and incorporation into marine snow, but also 
more biotic processes, like ingestion and bioturbation, which are likely to 
affect the fate of plastic particles. As part of the experimental work described 
in Chapter 6 of this thesis, we studied the feedback between microplastic and 
bioturbation at the sediment-water interface.350 The unpublished data derived 
from parallel cosms with and without lugworms (Arenicola marina) were 
obtained as follows. Cosms with lugworms inhabiting polyethylene-
contaminated sediment contained 200 individuals/m2, which is within the 
range of environmentally realistic population densities.194 Microplastic 
concentrations in water were measured by microplate reader with Microplate 
Data Collection & Analysis Software (BioTek, USA). Further description of 
methods and materials can be found in Chapter 6.  
Bioturbation by A. marina appeared to increase the concentration of 
microplastic in the overlying water (Figure 8.7). The production of faeces 
heaps and the movement of lugworms along the sediment-water interface 
facilitated the release of polyethylene particles from the sediment. The data 
thus reveal that microplastic can not only have effects on organisms, but 
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organisms can also affect the distribution of microplastic in their surrounding 
compartments. This suggests a direct feedback between microplastic fate and 
effects. Bioturbating organisms can be hypothesised to affect the relative 
importance of sediments as a sink and the temporal bioavailability of 
microplastic.350 Other species of ecosystem engineers, including bivalves,52,351 
can also be expected to alter micro- and nanoplastic concentrations in 
sediment and water compartments. 
 
Figure 8.7. Microplastic concentrations (g/L ± SD) in overlying water as a result of 
bioturbation in sediment, with initial microplastic concentrations of (top - bottom) 0.005, 0.05, 
0.5 and 5 % dry weight (DW). Lugworms were added to the cosms on day 0 (dotted lines). Solid 
lines represent cosms without lugworms.350 
Apart from the environmental concentrations, internal exposure to plastic 
particles in the aquatic environment depends on the actual ingestion by 
organisms. Plastic uptake can be modeled as a mass balance of ingestion and 
loss processes, such as that calculated for a humpback whale in Chapter 7 of 
this thesis. This biodynamic modeling approach has also been used to model 
the ingestion of nano-, micro- and macroplastic by worms, fish and 
birds.129,240,312,352 Most of these studies, including the study reported on in 
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Chapter 5, have modeled ingestion to determine bioaccumulation of 
hydrophobic contaminants129,240,352 and rarely solely in the interest of ingestion 
itself, as was done in Chapter 7.312 This calculation of steady-state 
microplastic concentration may apply more universally to other organisms too 
and can be used to model plastic concentrations in entire foodwebs.353 Tissue 
or organ concentrations of nanoplastic particles that are possibly transferred 
beyond the gut system might be modeled in a similar way.  
Since plastic concentrations can vary along the vertical gradient of the water 
column, one should take care to use the appropriate average aqueous 
concentration over an appropriate depth interval to calculate steady-state 
concentrations in organisms. The presence or absence of a halocline in 
estuaries, as well as oscillatory movements in oceans, affect the concentrations 
of plastic particles and to some extent also those of organisms. Oscillatory 
movements of microplastic299 might reflect the diurnal movements of algae 
and zooplankton. Consequently, the use of average aquatic concentrations can 
mean that actual exposure concentrations are underestimated.  
Furthermore, characteristics of different filter feeding species affect whether 
plastic ingestion is solely a matter of chance of encounters. Several copepoda 
and bivalves are known to be able to discriminate between edible and non-
edible particles, leading to post-ingestive food selection or pausing of feeding 
when edible to non-edible particle ratios are insufficient.52,354–358 Other species 
are known to adjust ingestion rates depending on the nutritional value or the 
size of the food.352,359 Thus, species-specific characteristics affect whether 
lower or higher ingestion rates than determined by chance encounter can be 
anticipated. For species with different feeding types, such as scavengers and 
active predators, ingestion rates are differently related to the prevailing 
environmental concentrations. One way to model internal concentrations in 
these organisms could be by defining a plastic encounter rate, using their beak 
width, beak open-to-close ratio, beak open-to-feeding ratio, swimming 
distance and the aqueous plastic concentration. Large differences in stomach 
concentrations between individuals of the same species25,213,280,360 are partly 
explained by the regions they inhabit. However, when large differences 
between individuals of one species are found within the same region, it might 
suggest that individual food selection preferences greatly affect ingestion. 
Such large differences in individual food selection strategies are seen in many 
species and mean that plastic encounter rates can mainly be useful to predict 
average ingestion rates by a species in a region, not aiming to represent the 
possibly large individual differences. 
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8.3. Effect assessment  
To define the actual risks of micro- and nanoplastic, an assessment of exposure 
needs to be combined with an assessment of effect thresholds. Eventually, 
these can be combined with one another in a risk characterisation (Figure 8.1). 
The sections below present an overview of effect thresholds for physiological 
effects of micro- and nanoplastic and effects on bioaccumulation of chemicals 
in organisms. 
8.3.1 Effect thresholds reported in the previous chapters of this 
thesis 
There is considerable data available on the occurrence of macro- and 
microplastic in biota, mainly for the higher trophic levels, but also for 
invertebrates.34,41,47,213,280,311,361–363 Effects of plastic on organisms have been 
hypothesised or demonstrated to relate to entanglement, blocking of intestines, 
reduced nutritional value of food, increased exposure to plastic-associated 
chemicals and particle toxicity. Some of these effects have mostly been 
observed for macroplastic, such as entanglement and blocking of intestines of 
organisms in the wild (Figure 8.8).278 Other effects are more likely to be 
caused by smaller particles such as micro- and nanoplastic. Effect levels of 
micro- and nanoplastic on organisms as determined by the studies included in 
this thesis (Chapters 3, 4 and 6) are summarised in Table 8.5. In this chapter, 
the uptake into the gastrointestinal tract itself, without measured adverse 
effects on the organism’s functioning, is not considered to be an effect. 
Figure 8.8. Common dab (Limanda limanda) malformed by marine litter. Kees Goudswaard, 
Wageningen Marine Research. 
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8.3.2 Review of the literature on effect thresholds 
The scientific literature was searched for data on effect levels in order to 
ascertain how adverse effects of micro- and nanoplastic are distributed among 
species, ecosystems, exposure media and plastic particles with varying 
characteristics. The overview presented here is based on 174 published effect 
levels from 69 different studies, including the effect levels presented in the 
previous chapters of this thesis (Table 8.5) as well as many effect levels 
summarised by Lusher296 and Connors et al.294 and supplemented with effect 
thresholds published until July 2017. These threshold data are summarised in 
Table 8.6 for each exposure medium, size category, ecosystem and threshold 
value.  
What has to be considered an effect of plastic on an organism is still being 
debated in the field of plastic debris research. In some studies, for instance, 
plastic ingestion or trophic transfer, that is, secondary ingestion via a plastic-
containing lower trophic organism364–367 has been defined as an effect in itself, 
whereas the effect actually arises from the physiological consequences of the 
ingestion, such as gut obstruction and the consequent growth reduction, or an 
adverse effect may in fact even be absent. For this reason, plastic ingestion as 
an endpoint of effect is excluded here and only the following endpoints are 
considered: survival, feeding, growth, weight loss, reproduction, moulting, 
malformation, uptake in tissue beyond the gastrointestinal tract, behaviour, 
photosynthesis, oxidative stress, enzyme activity, inflammation, gene 
expression and nutrient cycling. These endpoints can all be assumed to affect 
population size, given time, eventually leading to a change of community 
composition and possible of ecological functioning. Only those studies were 
included that did not report the inclusion of associated chemicals at relevant 
effect concentrations. Effects of plastic on bioaccumulation of chemical 
substances are discussed separately further on in this chapter. This is in line 
with the suggestion by Koelmans et al.293 to deal with the additional hazard of 
bioaccumulation of chemical substances separately following existing risk 
assessment methods.  
The effect thresholds derived from the literature were partly EC50 (Effect 
concentration at which 50% of the exposed organisms is affected) values, 
partly LOEC (Lowest observed effect concentration) values and partly NOEC 
(No observed effect concentration) values for organisms that were exposed to 
micro- or nanoplastic via water, food or sediment. As threshold concentrations 
are provided in varying units in the literature, the following conversions were 
used to express all data on the basis of weight per litre of water or kg of DW 
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sediment or food: particle numbers were converted into mass data for spherical 
particles and fibres using the formulas for sphere and cylinder volume, 
respectively.294 For same-diameter but irregular particles, half the volume of a 
sphere was assumed. If a range of particle sizes was used, the average radius 
was used in the equations. If no polymer density was provided, the polymer 
densities given by Andrady8 were used, and when exposure included a mixture 
of polymer types, the average polymer density was calculated. A sediment 
density of 1.8 kg/L51 and a porewater fraction of 20% were used where 
needed.321  
8.3.3 Construction of species sensitivity distributions (SSDs) as 
a tool to explore effect data 
Effects of chemical stressors are often reported for individual species. This, 
however, does not offer insights into the consequences of the respective 
stressors at community level. To increase the relevance of the effect data for 
this community level, an approach has been developed that combines effect 
data for individual species in a species sensitivity distribution (SSD). SSDs 
are log-linear regressions through measures of effect to determine the affected 
fraction of species at a given concentration.368 SSDs are used in the 
environmental risk assessment of substances. SSDs can be used to estimate 
the concentration at which 5% of the species in a community is affected, which 
is referred to as the ‘Hazardous Concentration for 5% of the Species’ (HC5). 
Using the literature data, preliminary SSDs for the stressors micro- and 
nanoplastic were generated with the SSD generator from the US-EPA.369 
These SSDs are presented as provisional, since they involve several 
uncertainties. Ideally, SSDs use the effect threshold values of one single 
endpoint (one type of harm) for ≥10 different species, with environmental 
variables kept constant.370 Consequently, the observed SSD only expresses the 
variability of the species sensitivities and the experimental variability. Such 
data is not yet available for plastic as a stressor. Plastic as a stressor has unique 
features, which means that an SSD for microplastic is fundamentally different 
from single substance-single endpoint SSDs. First, microplastic or ‘plastic 
debris’ is a mixture of different sizes and types of particles, which implies that 
the observed distribution of the stress response reflects this variability. 
Second, the different types and sizes of particles trigger responses through 
different modes of action (different types of harm), which implies that the 
observed distribution of the stress response reflects this variability too. 
Previous studies have combined data from different endpoints to overcome the 
lack of available data.338,371 Here, a pragmatic criterion for combining different  
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endpoints was used, by combining those endpoints that all imply harm at the 
population level of a species. Hence, from the large set of thresholds 
summarised in the previous section, we here combine the endpoints of 
survival, reproduction and growth, the latter including any reduction in 
weight, length or hampering of moulting (while a subsequent effect of these 
endpoints on reproduction can be expected too) to construct SSDs, as they are 
all population-threatening. Both acute and chronic LC50, EC50 and LOEC 
values were used, with exposure durations varying from minutes to months. 
The comparability of these data was improved by using extrapolation factors 
from Diepens et al.370 to infer chronic LOEC values for these different effect 
thresholds. The ranges of extrapolation factors used for ≤21-day LC50, EC50 
and LOECs values were 10-30, 5-15 and 3-10, respectively.370 When exposure 
duration was ≤5 d, the higher ends of these ranges were used (extrapolation 
factors of 30, 15 and 10), while for exposure durations >5 d but < 5 d, the 
intermediate values of these ranges of extrapolation factors were used (20, 10, 
6.5), and when exposure duration was ≥15 d but < 21d, the lower ends of these 
ranges were used (10, 5, 3). For 21-day LC50 and EC50 values, an extrapolation 
factor of 5 was used to derive the chronic LOEC.370 Since data included those 
for several organisms that inhabit a salinity range from fresh to brackish, and 
since no mechanism is known or expected for an effect of salinity on the 
physical adverse outcome pathways related to microplastic, effect thresholds 
for marine, estuarine and freshwater species were combined. This combination 
of taxa from different habitats and ecosystem types is strictly for calculation 
purposes, and does not imply that they are supposed to share the same habitat. 
A similar approach of combining data for freshwater and marine invertebrate 
species has been used for pesticide risk assessment.370,372 In conclusion, the 
tentative SSDs for plastic debris presented here reflect the combined 
variability of species sensitivity, properties of the stressor and effect 
mechanisms, as a function of the dosage. The extrapolated chronic effect 
thresholds used to construct the SSDs can be found in the Appendix Tables 
A8.1 and A8.2.  
The separately constructed SSDs for organisms exposed to micro- and 
nanoplastic via the water phase (expressed as plastic mass per volume) are 
shown in Figure 8.9. Of the species studied, the one that seems the most 
sensitive to exposure to microplastic via the water phase is the rotifer 
Brachionus koreanus (0.5 – 6 µm spherical PS particles), and the least 
sensitive the amphipod Gammarus fossarum (32 – 250 µm irregular PMMA 
and PHB particles) (Table A8.1). For nanoplastic, the most sensitive is the 
Synthesis 
151 
copepod Tigriopus japonicus (50 nm spherical PS particles) and the least 
sensitive the algae Scenedesmus obliquus (70 nm spherical PS particles), the 
latter threshold being derived in Chapter 3 (Table A8.2). Relatively high 
sensitivities of the juveniles and of reproduction endpoints were observed for 
microplastic (Table A8.1) compared to the growth and survival endpoints. 
Effects on growth might be due to an overall decreased nutritional value of the 
food as it becomes diluted with plastic.49,51,53,373 Several studies suggest that 
such an effect, however, would not necessarily be unique for plastic but could 
similarly be caused by natural (e.g., mineral) particles.358 On the other hand,  
Figure 8.9. Species sensitivity distributions of organisms from the marine, estuarine and 
freshwater environments exposed to microplastic (Panel A) or nanoplastic (Panel B) via the 
water phase. Effect thresholds represent chronic LOECs. 
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the study exposing G. fossarum showed that effects of particles were not found 
when natural silica particles instead of plastic particles were used.374 From 
these SSDs, a hazardous concentration (HC5) of 2.0 ng/L (R2: 0.78, 95% 
confidence interval (95% CI): 1.8 × 10-3 – 2.2 × 103 ng/L) were derived here 
for microplastic. The here derived HC5 for nanoplastic is 5.4 µg/L (R2: 0.93, 
95% CI 0.93 – 31 µg/L), which is over three thousand times higher than that 
for microplastic. Confidence intervals, however, are wide and overlapping, 
implying a large degree of uncertainty. In the SSD for microplastic (Figure 
8.9A), the effect data for the species Brachionus koreanus seem to be outlying. 
Removal of this data point would result in an HC5 of 9.2 × 102 ng/L (3.3 – 1.0 
× 104 ng/L). However, this removal does not improve the R2 (0.78), and as 
four effect thresholds for the same species underlie the data point for 
Brachionus koreanus in Figure 8.9A, the likelihood of it being an outlier is 
not very high. Nevertheless, this underlines the uncertainty involved. When 
using an SSD approach to derive HC5 values, an assessment factor (AF) of 5 
has been applied by Van Cauwenberghe to obtain a predicted no effect 
concentration (PNEC).338 In this section an example is provided of how such 
a concentration could be estimated, and referred to as a preliminary safe 
standard (PSS). This results in PSS concentrations of 0.4 ng microplastic/L 
and 1.1 µg nanoplastic/L water (Table 8.7). 
For exposure via food or sediment, insufficient chronic LOEC data was 
available to construct SSDs. For the effects of microplastic on survival, growth 
or reproduction, two LOEC values had been derived before. A LOEC of 12 
g/kg food for survival of fish was published by Mazurais et al.375 and a LOEC 
of 74 g/kg DW in sediment for the growth of lugworms was reported in 
Chapter 4 of this thesis. When only a single or a few effect thresholds are 
available, an AF of 1000 has been used before to derive PNEC values based 
on data for the most sensitive endpoint available.338 For microplastic, in 
addition to effect thresholds for survival, growth and reproduction, effect 
thresholds could also be obtained from the literature for a variety of other, 
partly more sensitive, endpoints (Table A8.4). The most sensitive endpoint is 
translocation to tissue beyond the gastrointestinal tract, though it can be 
debated whether this has to be considered an effect on biological functions. 
Another aspect to keep in mind while interpreting translocation to tissues 
beyond the gastrointestinal tract when working with high concentrations366 is 
that apparent translocation might be due to cutting during dissection of tissue. 
For these reasons, we chose not to use this endpoint here and work with the 
second most sensitive endpoint, which is oxidative stress and liver damage in 
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fish at 0.1 g/kg DW food. The resulting PSS calculated from this effect 
threshold is 0.1 mg/kg food (Table 8.7). For nanoplastic, the LOEC of 1 g/kg 
food for the growth of fish (Table A8.3) provided by Cedervall et al. is the 
only available effect threshold for exposure via media other than water, so this 
value was used with an AF of 1000 to derive a preliminary PSS of 1 mg/kg 
DW food.  
Previous calculations by Van Cauwenberghe for microplastic in the marine 
environment resulted in a PNEC of 640 particles/L for exposure via water and 
a PNEC of 540 particles/kg WW for exposure via sediment.338 Use of the 
aforementioned conversion factors for particle weight (5 µg/particle) and 
porewater fraction (20%) converts these to PNECs of 3.2 mg/L and 3.4 mg/kg 
DW, respectively. The PSSs derived in this synthesis are a factor 10-7 lower 
than those for exposure via water, whereas for exposure via sediment or food, 
the suggested safe concentrations are reasonably within the same range (here 
a factor 34 lower than the PNEC reported by Van Cauwenberghe et al.338). 
That the PSS values derived here are lower than the PNECs reported by Van 
Cauwenberghe is because more recently available effect thresholds were used 
in this chapter and all thresholds were scaled to chronic LOEC values using 
extrapolation factors, leading to relatively conservative estimates. Following 
Van Cauwenberghe et al.,338 it should be emphasised that because of the 
limited availability of suitable threshold data and large confidence intervals, 
the derived safe values (PSS) are very preliminary and thus should be used 
with caution. 
 
Table 8.7. Preliminary safe standard (PSS) values for exposure to micro- and nanoplastic via 
different compartments in different ecosystems. HC5: hazardous concentration for 5% of the 
species, LOEC: lowest observed effect concentration, AF: assessment factor, 95% CI: 95% 
confidence interval. 
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8.3.4 Effect thresholds of plastic particles with varying 
characteristics 
In addition to the variability in species sensitivity and effect mechanisms, the 
data underlying the SSDs reflect that plastic as a stressor is present in a variety 
of sizes, shapes and types. This is why the SSD was used here as a tool to 
explore whether a relation could be found between the effect level and the 
varying characteristics of different plastic particles (SSDs not shown). 
However, these SSD analyses revealed no relation between effect level and 
polymer type, and within each size class (i.e., >100 nm for microplastic and 
<100 nm for nanoplastic) no relation with size could be found. This can mean 
either that no such dependence exists, or that the large variation in tested 
species, endpoints and scientific quality of the data used made that no 
dependence could be detected. While nanoplastic is considered the potentially 
most harmful size class,15 the EC50 values of the smallest nanoplastic particles 
tested (diameter around 50 nm) lie within the upper right half of the curve. 
Imhof and Laforsch did not find effects of a mixture of polymer types on mud 
snails, but suggest that a link between effect levels and either polymer type or 
size might exist, based on a comparison with effects found in studies using 
≤20 µm polystyrene beads.376 The constructed SSDs showed no clear relation 
with nanoparticle size or charge either. Several studies have reported effects 
on growth, survival and embryo toxicity for positively charged nanoplastic, 
whereas these effects are lacking, or only occur at higher concentrations, when 
the same particles are used with negatively charged surface groups.377–379 
When combining data from different studies in one SSD, these differences in 
effects within studies were obscured by the differences between studies. The 
effect levels for microplastic included here are largely based on particles with 
a spherical shape (16 studies); only two studies used fibres and 8 studies used 
irregularly shaped particles. From that, no difference in effect levels between 
microplastic particles with different shapes could be distinguished. One might 
expect a more difficult egestion or severe effects from fibre-shaped particles 
based on the known effects of asbestos and different phagocytic reactions to 
particles with this shape.380 Indeed, one study found effects on the assimilation 
efficiency for fibres, and not for spherical particles.374 Yet, the effect data for 
the fibres of both studies were in the upper right part of the SSD curve, which 
presents the data for the least sensitive cases. This might be due to the 
micrometre size and might thus be different for nanoplastic. However, all 
effect levels reported for nanoplastic thus far relate to spherical particles 
(Table A8.2).  
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Another particle characteristic that varies among studies is whether pristine 
particles are used or particles that had weathered in an environmental or 
laboratory setting. The latter is done for different purposes, to actively 
promote biofilm growth on the particles, give the particles a natural flavouring 
or make them more environmentally relevant in a general sense.49,358,381 In this 
SSD analysis, no distinction was made between these different ways of 
preparing the particles, because there was a large variation in the extent to 
which these preparation methods were described in the original articles in the 
first place. However, the inclusion of a biofilm has been found to affect the 
ingestion and egestion efficiency in organisms.358,379 Where egestion became 
reduced due to ingestion of plastic particles with biofilms, a reduced feeding 
rate was also found.379 This implies that although biofilm formation is fast and 
might (even when not specifically quantified) have been present in studies that 
claimed to use pristine particles, outcomes of effect studies with pristine 
particles might be more unfavourable for organisms under environmentally 
realistic conditions.  
The final variable particle characteristic that needs to be mentioned here is the 
concentration of chemicals within the plastic particles used to derive effect 
thresholds. The effect thresholds found might apply to the effects of plastic 
particles themselves or to chemicals transported by these particles, or to the 
combined effects of multiple stressors, as many studies assessing effects of 
plastic particles do not exclude that the particles they used contained additives 
or other chemicals. Further discussion of chemical transport by plastic 
particles is provided below in section 8.3.5.  
8.3.5 Role of plastic in bioaccumulation of chemicals 
Chapters 4-6 of this thesis showed that the effect of microplastic ingestion on 
the bioaccumulation of omnipresent hydrophobic chemicals, also referred to 
as persistent organic pollutants (POPs), is restricted to a twofold increase or 
decrease in tissue of lugworms.51,245,373 Whether an actual increase or decrease 
of bioaccumulation is found depends on the polymer type and chemical 
characteristics, as well as complex counteracting mechanisms of contribution 
to chemical uptake through plastic versus food, and whether or not there is 
chemical equilibrium.246,352,373 In short, this is demonstrated by the fact that the 
POP concentrations in the surrounding water (or porewater for sediment-
dwelling organisms) fully explained the observed bioaccumulation in 
bioassays, which is the main finding reported in Chapter 6.373 
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Although the role of microplastic ingestion in the bioaccumulation of POPs 
by organisms has been suggested to be minor for most aquatic habitats in this 
thesis and related publications, there has been considerable debate on 
this.240,244,248,352,373,382,383 The hypothesis that microplastic affects 
bioaccumulation has dominated a large part of the microplastic research 
during the past decade, and both those who do and those who do not think that 
microplastic increases the uptake of POPs find proof in experimental 
data.51,236,238,239,244,373,384 The contrasting views can be explained by taking a 
closer look at the precise hypotheses that underlie the different studies. Studies 
with varying types of polymers and POPs found that the more amorphous, 
low-density polymer types (i.e. PE) have the highest affinity for POPs and, 
just as in other absorbing pools such as lipids and organic matter, the most 
hydrophobic POPs will be most attracted to plastic. Apart from differences in 
polymer types and chemicals, it is the use of different species and in particular 
different exposure scenarios in different studies which results in different 
conclusions.238,239,244,364 Microplastic ingestion is likely to increase 
bioaccumulation in organisms when these organisms are relatively clean at the 
start of exposure and are fed with microplastic loaded with POPs. Microplastic 
is less likely to increase bioaccumulation in organisms fed with microplastic 
when the POP concentrations in the organisms are already closer to – or at 
chemical equilibrium with – the surrounding environmental media like water 
and diet components. In hotspot locations, where plastic makes up a relatively 
large fraction of the diet and the POP concentration gradient allows chemical 
transfer to the organism, plastic might however significantly increase 
exposure to chemicals.385,386 
As for nanoplastic particles, there are two reasons why they might deliver a 
more substantial contribution to bioaccumulation of POPs in organisms than 
microplastic particles. The first reason is a much higher (1-2 orders of 
magnitude) affinity of POPs to these particles, compared to microplastic.75,387 
The second reason is that nanoplastic might be able to reach other tissues than 
microplastic.15 The small size of nanoparticles allows them to enter cells via 
endocytosis, penetrate tissues, move directly from the digestive tract to the 
circulatory system, and cross the blood-brain barrier.29,388,389 Biofilm 
formation has been found to decrease sorption to nanoplastic, whereas 
sorption was enhanced in a marine as opposed to a freshwater setting.75 This 
suggests that the presence of nanoplastic may potentially increase the uptake 
of POPs from the environment in organisms, the extent of which depends on 
the specific environment. 
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8.4. Risk characterisation for nano- and microplastic 
particle effects  
A comparison of plastic particle effect thresholds with exposure 
concentrations reveals to what extent organisms may be at risk (Figure 8.10). 
As exposure concentrations of micro- and nanoplastic were given in particles 
per volume in Table 8.1, the comparison with chronic LOEC values is made 
here using the unit of particles/L. It might be preferable to work with particle 
mass per medium volume or mass, as in Figure 8.9. However, environmental 
fate studies (section 8.2.1) often do not provide detailed information on 
particle characteristics from which a conversion factor from mass to particle 
numbers or vice versa could be derived (a general particle mass of 5 
µg/particle could be used instead, but this is a rough estimate), whereas the 
effect threshold studies from the literature (section 8.3.2) often do include this 
information. Therefore, less uncertainty is introduced when the effect 
threshold dataset is converted to particle concentrations, rather than converting 
the environmental concentrations dataset to mass concentrations. Hence, 
exposure and effect levels are compared here as particle concentrations. A 
further advantage is that, additional to the SSDs using mass concentrations 
(Figure 8.9), the same data is here presented as SSDs using particle 
concentrations (Figure 8.10). 
Risks of microplastic in water. For organisms exposed to microplastic in 
water, the HC5 derived from the SSD in Figure 8.10 is 113 particles/L (R2: 
0.96, 95% CI 13 – 1000 particles/L). This HC5 for microplastic is of the same 
order as the worldwide HLRR of microplastic concentrations in-near shore 
surface water (Figure 8.10A). Worldwide HLRR in freshwater up to and 
including the year 2016 are three orders of magnitude lower, and those in open 
ocean surface water almost five orders of magnitude lower, than this HC5. 
Taking into account that amounts of microplastic are underestimated by up to 
a factor of 30 when based on surface sampling,297 microplastic concentrations 
might present a risk to 10–20% of the species at hotspot locations in near-
shore regions (95% CI 5-30%).  
Risks of nanoplastic in water. For organisms exposed to nanoplastic in water, 
the HC5 is 5.97 × 1010 particles/L (R2: 0.96, 95% CI (1.6 – 22) × 1010 
particles/L). Effect threshold concentrations for nanoplastic expressed in 
particles/L are generally seven orders of magnitude higher than those for 
microplastic. Since measured concentrations of nanoplastic in the 
environment are lacking, no direct comparison with environmental 
nanoplastic concentrations can be made. However, environmental 
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concentrations of nanoplastic potentially becoming 14 orders of magnitude 
higher than those of microplastic (section 8.2.4) in the future, due to 
fragmentation of larger plastic particles, would mean that environmental 
nanoplastic concentrations could exceed the effect thresholds over time. 
Within a timeframe of several hundreds of years,338 nanoplastic concentrations 
would then be within the range of effect thresholds included in Figure 8.10B.  
Risks of microplastic in sediment or food. For aquatic organisms exposed to 
microplastic via the media food and sediment, only two chronic LOEC values 
could be derived when limiting the selection of data to the endpoints survival, 
growth and reproduction (2.2 × 105 and 4.1 × 109 particles/kg). Effect 
threshold values for other endpoints are available in the literature (Table 
A8.4), these endpoints are not by definition threatening populations, although 
they might lead to community changes. The worldwide HLRR of microplastic 
concentrations in freshwater sediment and beach sediment are within the range 
of effect thresholds for these not by definition population threatening 
endpoints (Table A8.4) but microplastic concentrations in freshwater, 
subtidal, beach and seafloor sediment are below the two chronic LOEC values 
for population threatening effects.  
In conclusion, based on the preliminary SSDs and worst case worldwide 
HLRR exposure estimates, the exceedance of hazardous microplastic 
concentrations for the most sensitive species currently occurs in hotspot 
locations of near-shore surface waters. Van Cauwenberghe (2016) predicted 
that only sediment-dwelling organisms would be at risk of exposure to 
microplastic concentrations exceeding the effect thresholds.338 The difference 
between her prediction and the findings in the present chapter is due to the 
(recent) availability of more effect thresholds and the use of extrapolation 
factors to scale these thresholds consistently to chronic LOECs. The present 
risk assessment is based on comparing effect threshold values from separate 
bioassays and HLRR values. However, it is strongly advisable to address and 
quantify the present uncertainties using probabilistic risk assessment methods. 
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Figure 8.10. Risk characterisation for microplastic and nanoplastic. Separate panels are 
provided for exposure to microplastic via water (Panel A), and to nanoplastic via water (Panel 
B). Solid black curves represent SSDs with plastic concentrations expressed in particles per 
volume. Grey curves represent the 95% confidence intervals. SSDs are based on (Panel A); 
chronic LOEC concentration data (particles/L) for microplastic and the endpoints survival, 
growth and reproduction (Table A8.1, as in Figure 8.9A) and on (Panel B); LOEC 
concentration data (particles/L) for nanoplastic and the endpoints survival, growth and 
reproduction (Table A8.2, as in Figure 8.9B). Vertical lines indicate measured environmental 
concentrations as worldwide highest limits of reported ranges (HLRR) (Table 8.1) for exposure 
via water (Panel A); microplastic concentrations measured in freshwater surface water (blue 
dotted line, near-shore surface water (blue dashed line) and open ocean surface water (blue 
dot-dashed line). For nanoplastic (Panel B) no vertical lines are drawn because no HLRR data 
are available yet. 
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8.5 Outlook 
Hotspots, underestimated environmental concentrations297,384 and ongoing 
degradation of macro- and microplastic into nanoplastic result in exceedance 
of effect thresholds, causing risks of organisms being exposed to plastic 
particles at specific locations. As regards microplastic, current scientific 
methods are fairly well able to assess their occurrence, effects and hazards. 
Previous detection of microplastic and other plastic debris was often based on 
visual appearance, but this is increasingly being replaced by techniques like 
FTIR and Raman spectroscopy. These techniques are accessible to more and 
more research groups, so that confirmation of the occurrence in different 
media and different organisms with these techniques will continue for several 
more years. The level of public interest in the subject of microplastic pollution 
is expected to peak around 2022, as has been forecast based on the history of 
attention focused on other contaminants of emerging concern (CECs, i.e., 
harmful environmental agents whose identities, occurrences, effects and 
hazards are not yet sufficiently understood).390 Some of the currently assumed 
effects of microplastic can be considered less harmful than anticipated before. 
An example is the often limited effect of microplastic on bioaccumulation of 
other contaminants in organisms. This view appears to receive growing 
recognition,51,240,241,243–246,352,373,391–393 which might constitute a paradigm shift. 
On the other hand, the work reported on in this thesis provisionally shows that 
particle effect thresholds inferred from scientific literature data are exceeded, 
in particular in near-shore surface water hotspot locations and, although very 
limited population threating effect threshold data are available, possibly also 
in freshwater sediment and beach sediment. The replaceability of microplastic 
by more natural materials, the public interest in microplastic pollution, the 
improvement of WWTPs330 and bans on the use of microplastic in several 
countries make it unlikely that the development, marketing, disposal and 
consumption of products containing microplastic will increase. However, the 
degradation of macroplastic that is already present in the environment and the 
ongoing disposal of new macroplastic by our consumer society might lead to 
new, higher, levels of microplastic pollution, with consequences for species 
and possible renewed political and scientific attention. Further development 
of SSDs293 based on additional and higher quality effect threshold data will 
further improve insight in the risk of exposure to plastic. Separating the risk 
of particle effects from that of chemical transfer effects, and considering the 
latter within a more complete environmental setting including all relevant 
chemical transfer pathways, will help to assess the overall risk of exposure to 
plastic.293,392 The generation of knowledge about the occurrence and effects of 
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nanoplastic has been different from that for microplastic. The level of interest 
in nanomaterials in general was expected to peak in 2016,390 but nanoplastic 
is a specific case. Although these particles are often bracketed together with 
microplastic, our current technical ability to determine their occurrence, fate 
and effects is far less highly developed. Breakthroughs in detection techniques 
for nanoplastic in environmental media, as well as methods to assess their fate 
and effects at the level of tissues or organisms, will lead to enhanced 
knowledge about nanoplastic, but this will come later than for microplastic. 
For other contaminants of emerging concern, attention by policy makers and 
the development of new regulations have been shown to peak a few years after 
the peak in scientific attention.390 Therefore, within about a decade, policy 
regulations might be introduced for microplastic and could be under 
development for nanoplastic too. Further assessment of the risk of micro- and 
nanoplastic and further introduction of regulations on the use of plastic will 
diminish the risk of exposure and will help frame the public concern and the 
scientific debate relative to those regarding environmental concerns other than 
plastic.  
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1. Figure A2.1-A2.7 
 
2. Table A2.1-A2.4 
 
3. NanoDUFLOW Model description, with parameter values (Table A2.5) 
 
4. Calculation of the attachment efficiency (αhet) between nanoplastic, 
microplastic and clays from experimental data, with α values (Table 
A2.6) 
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Figure A2.1. Description see Figure A2.4. Scenarios with average polymer density (1040 
kg/m3). 
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Figure A2.2. Description see Figure A2.4. Scenarios with high polymer density (1400 kg/m3). 
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Figure A2.3. Description see Figure A2.4. Scenarios with biofilm, α = 0.01. 
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Figure A2.4. Scenarios with biofilm, α = 0.03. Figure A2.1-4. Spatial distribution of plastic 
over a 40 km river stretch. Plastic concentrations are given for the water column (left-sided 
panels) and for sediment (right-sided panels). From top to bottom, concentrations are given 
with increasing initial plastic particle sizes ranging from 100 nm to 10 mm. These 
concentrations are reached after nine days of plastic input into the river, representing steady-
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state concentrations for the water column and intermediate state for the sediment. Different 
sections along the river are characterised by either net sedimentation or net resuspension, 
sections with net resuspension show no accumulation of plastic in the sediment. The simulations 
used an ‘average plastic’ density of 1040 kg/m3 (Fig. A2.1), which is similar to that of 
polystyrene.The upper curves in the panels indicate the total concentration of microplastic, 
whereas the coloured areas indicate how plastic particles in singular form (Pl1) and plastic in 
heteroaggregates (SS1-5Pl1-5) with suspended solids of different size classes (SS1-5), contribute 
to the total concentration. Homoaggregate (Pl2-5) concentrations were negligible and therefore 
not visible in the figure. Heteroaggregate concentrations are plotted as sum for SSxPl1-5, though 
are mainly composed of SSxPl1. Additionally shown here are simulations with a plastic density 
of 1400 kg/m3 (Fig. A2.2), which is similar to that of the polymer types PET and PVC. Figures 
A3-4 show scenarios with a biofilm on the plastic particles, with a default attachment efficiency 
of 0.01 (Fig. A2.3) and elevated attachement efficiency of 0.03 (Fig. A2.4). 
 
 
Fig. A2.5. Concentration of plastic as a function of time, in water at the end of the 40 km river 
system (A) and in sediment at the distance within 1 km from the input source where plastic 
concentrations are highest (B, for the 5 plotted particle sizes respectively 538, 638, 638, 340 
and 49 m downstream the input source), at the main sedimentation area 14.4 km downstream 
(C) and at the end of the 40 km river system (D). In the water compartment, steady-state 
concentrations are reached in 5 days. In the sediment compartment, steady-state is not reached 
within the simulated period of 9 days. There is a linear increase of plastic concentrations in the 
sediment (Table A2.3) within 1 km from the input source. After a time lag of 1 (C) or 3 (D) days 
a linear increase of plastic concentrations in the sediment starts at the main sedimentation area 
and 40 km downstream respectively. For bigger particles (i.e. ≥500 µm, Table A2.4) rapid 
sedimentation resulted in high concentrations at the start of the river and in low concentrations 
further downstream.  
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Figure A2.6. Subprocess rates for plastic particles with a size of 100 nm to 10 mm at a plastic 
input concentration of 1 ng/L, and a default ‘average plastic’ density (1040 kg/m3) and 
attachment efficiency (0.01). Panel A: Sedimentation rate of heteroaggregates and singular 
particles. Panel B: initial heteroaggregation rate of singular plastic particles (Pl1) with 
suspended solids of different size classes (SS1-5) available in the water phase of the river system. 
Panel C: Collision frequency as part of heteroaggregation, of singular plastic particles (Pl1) 
with suspended solids of different size classes (SS1-5) available in the water phase of the river 
system. Three aggregation regimes 77 affect the overall collision frequency and are calculated 
here separately. Panel D: perikinetic aggregation, Panel E: orthokinetic aggregation, Panel F: 
and differential settling. Dips in panel F occur where the sedimentation rate of Pl approaches 
that of SS, reducing the absolute difference (Eq. A2.5, last term) to zero. 
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Figure A2.7. Collision frequency as part of homoaggregation (Panel A) and its corresponding 
initial homoaggregation rate (Panel B) of singular plastic particles (Pl1), with a size of 100 nm 
to 10 mm at a plastic input concentration of 1 ng/L and a default density (1040 kg/m3) and 
attachment efficiency (0.01). The relatively low homoaggregation rate compared to the 
heteroaggregation rate (Fig. A2.6B) makes that exclusion of homoaggregation does not affect 
overall retention. 
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Table A2.1. Characteristics of the spatially heterogeneous Dommel model (after Quik et al., 
2015).71 
Length 40.3 km 
Discharge 1 m3 s-1 
Min – max (Avg.) 
flow rate 
0.00155 – 0.373 
(0.199) m s-1 
Min – max width 8 – 288 m 
Min – max depth 0.4 -3.6 m 
Calc. sections 477 
Avg. section length 87.7 m 
 
 
Table A2.2. Average microplastic concentrations in freshwater. Where originally numbers / 
area were given a sampling depth of 0.1 m was assumed and where numbers per volume were 
given a mass per particle of 5 µg was used.105 
 
 
 
Location 
particle 
km-2 
particle 
L-1 
ng L-1 Reference 
US, five great lakes 4.3E+04 4.3E-04 2.2 57 
Switzerland, lake 
Geneva 
4.8E+04 4.8E-04 2.4 38 
Austria, Danube  3.2E-04 1.6 58 
Netherlands, Maas and 
Waal catchment area 
 7.9E-05 4.0E-01 101 
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NanoDUFLOW Model description 
Adjusted from Quik et al. (2015). An extended overview of process 
descriptions for NanoDUFLOW is provided below, followed by parameter 
values in Table A2.5.  
Transformation processes 
Homoaggregation 
Homoaggregation is the process where plastic particles interact with each 
other to form aggregates. The aggregation rate constant is the product of the 
frequency of collisions between plastic particles (K) and the attachment 
efficiency (α). Homoaggregation can be quantitatively described by the Von 
Smoluchowski equation,394 as recommended before for modeling the fate of 
nano particles in natural waters:71,82,395,396 
𝑑𝑛𝑗
𝑑𝑡
=
1
2
 ∑ 𝛼𝑖,𝑗−1 𝐾𝑖,𝑗−𝑖 𝑛𝑖 𝑛𝑗−𝑖 − 𝑛𝑗
𝑖=𝑗−1
𝑖=1 ∑ 𝛼𝑖,𝑗 𝐾𝑖,𝑗 𝑛𝑖
𝑖=∞
𝑖=1             (A2.1) 
nj  Particle number concentration of size class j [109 particle m-3] in giga 
particles (109). 
t Time [s] 
αi,j  Attachment efficiency of particle i with j [-] 
Ki,j  Collision frequency of particle i with j [m3 109 particle-1 s-1] 
The collision frequency (Ki,j) is given by:  
𝐾𝑖,𝑗 = (
2𝑘𝑏𝑇
3𝜇
 
(𝑎𝑖+𝑎𝑗)
2
𝑎𝑖𝑎𝑗
+
4
3
𝐺 (𝑎𝑖 + 𝑎𝑗)
3
 + (
2𝜋𝑔
9𝜇
) (𝜌𝑝 −
𝜌𝑤)(𝑎𝑖+𝑎𝑗)(𝑎𝑖−𝑎𝑗)) 10
9               (A2.2) 
kb Boltzman constant [m2 kg s-2 K-1] 
T Temperature [K] 
µ Viscosity [kg s-1 m-1] 
a Particle radius [m] 
G Shear rate [s-1] (calculated from DUFLOW flow rate, see Table A2.5, 
Eq. A2.20) 
g Gravitation acceleration [m s-2] 
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ρp Density of the particle [kg m-3] 
ρw Density of the suspending medium [kg m-3] 
Homoaggregation is implemented in DUFLOW by using five size classes of 
plastic particles, which grow from one class to the next and are corrected for 
the difference in mass of the two size classes (Eq. A2.3).  
This leads to the following simplification of Eq. A1: 
𝑑𝑛𝑗
𝑑𝑡
= −
1
2
 𝛼ℎ𝑜𝑚𝐾𝑗,𝑗 𝑛𝑗𝑛𝑗 +
1
2
𝛼ℎ𝑜𝑚 𝐾𝑖,𝑖 𝑛𝑖𝑛𝑖
𝜌𝑖𝑎𝑖
3
𝜌𝑗𝑎𝑗
3  with i = j-1    (A2.3) 
Where the second term in Eq. A3 is zero for j=1. 
This simplification implies that plastic removal due to interactions of 
homoaggregates with primary plastic particles and plastic homoaggregates 
from other size classes is assumed to be negligible, which is based on the 
extremely fast initial removal of these primary plastic particles due to homo- 
and heteroaggregation. In a previous study we used a full Smoluchowski 
model (i.e. Eq. A2.1) and showed that sedimentation due to homoaggregation 
is negligible at low particle concentrations (e.g. 10 µg L-1 CeO2 ENPs).82 In 
order to test if this is also true for the present simplified homoaggregation 
implementation (Eq. A2.3), Quik et al. (2015) performed two different model 
simulations: (1) with αhom = 0 and (2) with αhom = 1 (i.e. minimizing and 
maximizing the role of homoaggregation, respectively) for the default 
modeled plastic concentration. This resulted in no discernible difference in the 
concentration profile, which implies that the simplification in Eq. A3 does not 
affect the model scenarios calculations in the present chapter and thus that the 
assumption is valid.  
Heteroaggregation 
Heteroaggregation is the process where plastic particles interact with natural 
suspended solids (SS) to form an aggregate. The quantitative description of 
heteroaggregation is based on the same principles as homoaggregation, where 
the rate of change in heteroaggregate concentrations is made up by the 
attachment efficiency combined with the collision frequency. For plastic 
particles this is given by:71,72,80,82,395 
𝑑𝑛𝑗
𝑑𝑡
= −𝛼ℎ𝑒𝑡𝑛𝑗  ∑ 𝐾𝑗,𝑆𝑆𝑖 𝑛𝑆𝑆𝑖
𝑖
1                (A2.4) 
Where n is the number of size classes of SS and Kj,SSj given by:396 
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𝐾𝑗,𝑆𝑆𝑖 = (
2𝑘𝑏𝑇
3𝜇
 
(𝑎𝑗+𝑎𝑆𝑆𝑖)
2
𝑎𝑗𝑎𝑆𝑆𝑖
+
4
3
𝐺 (𝑎𝑗 + 𝑎𝑆𝑆𝑖)
3
+ 𝜋 (𝑎𝑗 + 𝑎𝑆𝑆𝑖)
2
|𝑣𝑠,𝑗 −
𝑣𝑠,𝑆𝑆𝑖|) 10
9                  (A2.5) 
where in the term for orthokinetic aggregation G is calculated from the flow 
rate (calculated by the DUFLOW hydrological model), thus providing a direct 
link between river morphometry, hydrology and aggregation behaviour (river 
morphometry  flow velocity  shear  orthokinetic aggregation  
collision frequency  heteroaggregation rate), see Table A2.5, Eq. A2.20. 
Surface modification 
The surfaces of pristine plastic particles are supposed to be modified by natural 
organic matter such as humic acid, fulvic acid or biofilm growth. Particles may 
be repelled from each other by an electric charge on the particle surface, i.e. 
electrostatic repulsion. Aggregation can also be limited by a physical barrier 
formed by large organic molecules, which is referred to as steric hindrance. In 
NanoDUFLOW these issues are implicitly accounted for by assigning a 
conditional attachment efficiency (α), which scales between 0 and 1.71 
Formation of a biofilm on plastic particles was included as an extra scenario. 
Implementation involved adjustment of total radius and overall density of the 
plastic particle as a result of the addition of a biofilm layer with a thickness of 
0.4 µm, with a density of 1250 kg/m3 on the particle. Attachment efficiencies 
for plastic particles with a biofilm were simultaneously changed by a factor 1-
3.70,87 
Following Praetorius et al.72 and De Klein et al.84 our scenario calculations 
used an attachment efficiency for homoaggregation and for heteroaggregation 
(αhom and αhet) that was constant over the flow distance. 
Degradation 
To take into account processes that transform the plastic particles, such as 
physical weathering, a degradation term is introduced using a first order 
removal rate, kdeg.  
𝑑𝑛𝑗
𝑑𝑡
= −𝑘𝑑𝑒𝑔 𝑛𝑗                 (A2.6) 
kdeg  Degradation rate constant 
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General 
Most of these transformation processes take place in the water phase, though 
degradation takes place in the sediment as well. Furthermore, 
heteroaggregation also takes place in the sediment when singular plastic 
particles or homoaggregates settle to the sediment. Plastic particles that have 
entered the sediment are assumed not to remain as non-attached singular 
plastic particle or plastic homoaggregates in the sediment phase. Because of 
the very high collision frequency between plastic particles and SSs in the 
sediment, they can be assumed to be converted to heteroaggregates. This is 
opposing to the water phase, where the collision frequency is more limited. 
Transport processes 
Sedimentation 
Sedimentation is the gravitational transport of plastic particles or SSs from the 
water column to the sediment. Separate sedimentation rates are calculated for 
each plastic particle size, homoaggregate class, SS class and heteroaggregate 
class. The sedimentation rate is calculated using Stokes law.397 with the 
assumption that the particles are on average spherical.396 
dnj
dt
= −
vs
d
nj                  (A2.7) 
d Sedimentation length [m] 
vs Sedimentation rate [m s-1]  
The sedimentation rate (vs) can be calculated with:  
vs =
2aj
2(ρp−ρw)g
9μ
                 (A2.8) 
Sedimentation rates for plastic-SS heteroaggregates are calculated based on 
the size (aj) and density (ρ) of the SS and plastic in the heteroaggregate. 
The density of biofouled plastic particles is calculated according to Table 
A2.5, Eq. A2.19. 
Sediment transport 
Lateral transport of sediment is modeled as resuspension - sedimentation and 
horizontal sediment transport within the water column.398,399 
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Burial to deeper sediment layers 
When there is net sedimentation, burial from the mixed sediment top layer is 
modeled as a first order loss process.102 The top sediment layer of 10 cm is 
assumed to be available for resuspension. Burial converts this layer to more 
compact deeper sediment layers, which results in burial of the incorporated 
plastic-SS heteroaggregates to these deeper sediment layers. 
Sediment burial is quantified using first order kinetics:  
dnj
dt
= −kburnj                 (A2.9) 
Resuspension 
Resuspension is described using a critical shear stress level below which 
resuspension does not occur according to the equations of Krone and 
Partheniades, applying for the suspended load transport.398 When the critical 
shear stress (τcrit) is exceeded, a resuspension flux (Rj) is calculated based on 
the ratio between the actual and the critical shear stress and a resuspension rate 
constant. 
Rj = Rjmax (
τ
τcrit
− 1)               (A2.10) 
Where τ = ρw (
g0.5vw
Chezy
)
2
  [Pa]            (A2.11)  
Rjmax  Maximum resuspension constant for SS or Pl-SS j [109 particle m-2 s-
1] 
vw  Flow rate of water obtained from DUFLOW [m s-1] 
Chezy  Chezycoefficient [m0.5 s-1] 
Advection 
Advection is implemented using DUFLOW Modeling Studio (v3.8.7) which 
is a software package for one-dimensional unsteady flow in open-channel 
systems.212,400 Water levels and flow rates are determined by solving the St. 
Venant equations of continuity and momentum with the Preissmann scheme, 
using initial and boundary conditions such as an incoming flow at the upstream 
part of the model and a fixed downstream water level. DUFLOW calculates 
discharge, water level and mean velocity for each section and for each time 
step. Chemical transport is modeled by solving the advection-diffusion 
equation simultaneously with the hydrological equations for all network 
sections. 
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State variables 
The state of i classes of plastic homoaggregates, j classes of SS and all i × j 
combinations of Pl-SS heteroaggregates are accounted for using the above 
mentioned processes. This is done in the water and sediment compartment 
with i =5 and j=5. 
Rate equations 
This results in the following overall mass balance equation for plastic particles 
in water: 
𝑑𝑛𝑖
𝑑𝑡
= 𝑛𝑖 (−𝛼ℎ𝑒𝑡  ∑ (𝐾𝑖,𝑗 𝑛𝑗)
𝑗
1 −
𝑣𝑠,𝑖
d
− 𝑘𝑑𝑒𝑔,𝑖 −
1
2
 𝛼ℎ𝑜𝑚𝐾𝑖,𝑖 𝑛𝑖) +
1
2
𝛼ℎ𝑜𝑚 𝐾𝑖−1,𝑖−1 𝑛𝑖−1𝑛𝑖−1
𝜌𝑖−1𝑎𝑖−1
3
𝜌𝑖𝑎𝑖
3              (A2.12) 
The mass balance equation for suspended solids in water reads: 
𝑑𝑛𝑗
𝑑𝑡
= 𝑛𝑗 (−𝛼ℎ𝑒𝑡  ∑ (𝐾𝑖,𝑗 𝑛𝑖)
𝑖
1 −
𝑣𝑠,𝑗
d
) +
𝑅𝑗
d
           (A2.13) 
And for heteroaggregates in water: 
𝑑𝑛𝑖,𝑗
𝑑𝑡
= −𝑛𝑖,𝑗 (
𝑣𝑠,𝑖𝑗
d
+ 𝑘𝑑𝑒𝑔,𝑖) + 𝛼ℎ𝑒𝑡𝐾𝑖,𝑗𝑛𝑖𝑛𝑗 +
𝑅𝑖,𝑗
d
           (A2.14) 
Plastic particles which are removed from the water phase due to direct 
sedimentation are accounted for, but are assumed to be transformed to 
heteroaggregates instantaneously upon arrival in the sediment. 
𝑑𝑛𝑠,𝑖
𝑑𝑡
= 𝑛𝑖𝑣𝑠,𝑖               (A2.15) 
The mass balance for the settled (formerly suspended) solids present in the 
sediment  
𝑑𝑛𝑠,𝑗
𝑑𝑡
= 𝑛𝑗𝑣𝑠,𝑗 − 𝑛𝑠𝑗𝑘𝑏𝑢𝑟,𝑗 − 𝐹𝑃𝑙,𝑆𝑆𝑗 ∑ (𝑣𝑠,𝑖𝑛𝑖)𝑖 − 𝑅𝑗          (A2.16) 
Where FPl,SSj is: 
𝐹𝑃𝑙,𝑆𝑆𝑗 =
𝑛𝑗
∑ 𝑛𝑗
𝑗
1
               (A2.17) 
The mass balance for heteroaggregates present in sediment is: 
𝑑𝑛𝑠,𝑖,𝑗
𝑑𝑡
= 𝑛𝑖,𝑗𝑣𝑠,𝑖,𝑗 + 𝑛𝑖𝑣𝑠,𝑖𝐹𝑃𝑙,𝑆𝑆𝑗 − 𝑛𝑠,𝑖,𝑗(𝑘𝑑𝑒𝑔,𝑃𝑙𝑗 + 𝑘𝑏𝑢𝑟,𝑃𝑙𝑗) − 𝑅𝑖,𝑗     (A2.18) 
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Calculation of the attachment efficiency (αhet) between 
nanoplastic, microplastic and clays from experimental data 
 
Summary of aggregation-sedimentation experiment 
Heteroaggregation was studied in three experiments for two plastic particle 
sizes and two clay types representing suspended solids. The aggregation-
sedimentation experiments of plastic with suspended solids were performed 
in 0.9L glass columns (diameter 5 cm, height 43 cm) with lake water 
(Wageningen, Droevendaalsesteeg) filtered through 0.7 µm (Whatman, 
GF/F). The suspended solids kaolin clay (Fluka 60609) or bentonite clay 
(Sigma 285234) were dispersed at a concentration of 5 mg/L, which is a 
representative value for rivers with low discharge. Either 70 nm or 1050 nm 
polystyrene (Chapter 3)49,75 was mixed with the lake water at a concentration 
of 50 mg/L. Supernatants were sampled after settling times of 20 and 40 
minutes, 1, 4 and 6 hours and 1 - 3 days, and measured by Dynamic Light 
Scattering (DLS) and by UV-VIS spectrometry. Values for αhet were 
calculated following the method of Barton et al.74 using the data obtained by 
both detection methods.  
Calculation of attachment efficiency 
DLS (number concentrations) and spectrophotometry (absorption ) data were 
transferred to particle concentrations in the supernatants of the sedimentation 
columns with calibration lines (R2 > 0.93; R2 > 0.98). From these the removal 
from the water phase relative to the initial concentrations was calculated. The 
distribution coefficient y after settling time t was calculated by: 
𝑦𝑡 = 𝑟𝑡
𝑐0
𝑐𝑡 × 𝐶𝐵
         (Eq. A2.22) 
with c0 and ct the plastic particle concentrations at the start of the experiment 
and after the settling time respectively, CB the mass concentration of 
background particles (clay) and rt the removal from the water column.74 
𝑟𝑡 = 
𝑐0 − 𝑐𝑡
𝑐0
         (Eq. A2.23) 
Barton subsequently uses the following relation between the distribution 
coefficient over time and attachment efficiency: 
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𝑦t = 
1
𝑐B
(
 
 1
(𝑒
−(𝛼𝐾𝑗,𝑆𝑆𝑗𝐵+ 𝑘B)𝑡+ 
𝑘B
(𝛼𝐾𝑗,𝑆𝑆𝑗𝐵+ 𝑘B)
 (1−𝑒
−(𝛼𝐾𝑗,𝑆𝑆𝑗𝐵+ 𝑘B)𝑡))
− 1
)
 
 
 
          (Eq. A2.24) 
with Kj,SSj the collision rate constant, B the particle number concentration of 
background particles and kB the breakup constant.74 To relate distribution 
coefficients to attachment efficiency during early time periods, Barton 
assumes a negligible role of breakup of heteroaggregates, resulting in a 
simplified equation:  
ln(𝑦𝑡𝐶𝐵 + 1) =  𝛼𝐾𝑗,𝑆𝑆𝑗𝐵𝑡       (Eq. A2.25) 
In our experiment increased removal from the water phase was observed until 
a settling time of 1 hour, after which break up of heteroaggregates might have 
started to play a growing role. We therefore used the particle concentrations 
in the supernatant after 40 minutes settling time and the simplified relation 
between yt and the attachment efficiency α (Eq. A2.25) to determine the 
experimental alpha values given in table A2.6. Kj,SSj, was calculated by Eq. 
A2.5 for water at room temperature (20 °C) with a flow rate according to Table 
A2.1 and theoretical sedimentation rates by Eq. A2.8. 
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1. Details on the nano-PS concentrations in the bioassays 
 
2. Pilot bioassay to assess sodium dodecyl sulphate (SDS) toxicity 
thresholds for Scenedesmus obliquus 
 
3. Nile Red availability in the bioassays 
 
4. Figure A3.1. TEM image of nano-PS  
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Details on the nano-PS concentrations in the bioassays 
Scenedesmus obliquus bioassay 
Scenedesmus obliquus were exposed to 44×10-1100 mg/L nano-PS, 
specifically being 4.4×101, 9.9×101, 2.2×102, 4.9×102 and 1.1×103 mg nano-
PS/L. 
Daphnia magna bioassay 
Pristine exposures were applied at ten microplastic concentrations in the range 
of 0.22 – 150 mg nano-PS/L, specifically being 2.2×10-1, 4.4×10-1, 8.8×10-1, 
1.8, 3.5, 7.0, 1.4×101, 3.2×101, 7.0×101, 1.5×102 mg nano-PS/L. Pristine-
kairomone exposures were at 8.8×10-1 and 1.8 mg nano-PS/L. The aged 
treatment contained 3.2×101 nano-PS/L and the aged-filtered treatment was 
pre-treated with 3.2×101 nano-PS/L, after which it was filtered as stated in the 
main chapter. 
 
Pilot bioassay to assess sodium dodecyl sulphate (SDS) 
toxicity thresholds for Scenedesmus obliquus 
Methods 
The test algae Scenedesmus obliquus SAG276/3a was obtained from the 
culture collection of SAG (Göttingen, Germany). It was grown in a 1 L 
chemostat on a modified WC medium in a temperature-controlled chamber at 
20°C under continuous light (100 µmol/m2/s). Algae were collected from the 
chemostat and used in several assays run in 100 ml Erlenmeyer flasks 
containing 50 ml of medium. Flasks were incubated in a climate controlled 
chamber at 20 °C under continuous cool-fluorescent light at 175 µmol/m2/s 
for 48 h on a rotating shaking table (80 rpm). Algae were exposed to sodium 
dodecyl sulphate (SDS, Merck, Amsterdam, The Netherlands, 113760) at a 
log increase concentration range of 0.001-10 mg/L. A control without SDS 
was included and all treatments were performed in triplicate. Test dispersions 
were diluted 200×, after which cell densities and size distributions were 
determined by Coulter Multisizer II (Coulter Electronics, Luton, UK, capillary 
100 µm orifice width). Growth rates (µ) of S. obliquus were predicted from 
the increase in biovolume (V) with the formula µ = (ln(Vend)-ln(Vstart)/dt, with 
t being the time in hours. 
Results 
Growth rates were within a range of 1.3-1.5 day-1, and did not significantly 
differ among treatments (1-way ANOVA, p-value = 0.087). This implies SDS 
did not cause effects at least up to a concentration of 10 mg/L, which is 200 
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times higher than the maximum concentrations that occurred in the assays 
reported in the main chapter. 
 
Nile Red availability in the bioassays 
Fluorescent dyes have been used before in living systems, without effects 
reported.11,117,120,140,141,388,401,402 In the nano-PS used in this bioassay, the 
fluorescent hydrophobic dye Nile Red was included in the polymer matrix for 
visualisation purposes. The nano-PS contained 0.01% on mass basis of Nile 
Red. Due to its hydrophobicity, Nile Red becomes practically completely 
incorporated in the polymer matrix during synthesis of the nano-PS. During 
the bioassay, leaching of Nile Red from the nano-PS is negligible. As the glass 
transition temperature of PS is ~100 °C,144 PS is a glassy polymer with 
extremely low intrapolymer diffusivities at the temperatures in the bioassay of 
respectively 20 °C and 21 °C. However, as Wu et al.142 report an effect of Nile 
Red on the endpoint chlorophyll fluorescence of the alga Botryococcus braunii 
at a total concentration of 1 mg/L, we calculated the maximum exposure to 
Nile Red in our bioassays. Even if all Nile Red would have been released from 
the nano-PS, the maximum total concentrations in respectively our algae and 
Daphnia bioassays would have been a factor 9 – 64 below the concentration 
reported by Wu et al. The previous calculation is worst case, assuming all Nile 
Red is in the water, which is not realistic. A more realistic maximum Nile Red 
exposure concentration for our bioassays can be estimated assuming release 
of Nile Red from the nano-PS only until thermodynamic partitioning 
equilibrium between nano-PS, water and algae has been established 
(equilibrium partitioning theory).  
Combination of: 
- the mass balance equation: CW = Mtot / (VW + knano-PS×Mnano-PS + 
kalgae×Malgae, Chapter 5),128 in which CW is the aqueous Nile Red 
concentration in mg/L, Mtot the total Nile Red mass in mg, VW the water 
volume in the bioassay in L, Mnano-PS and Malgae the masses of respectively 
nano-PS and algae in the bioassay in kg and knano-PS and kalgae the 
partitioning coefficients of Nile Red to respectively nano-PS and algae in 
L/kg; 
- the partitioning relationships and coefficients logKOW = 5,141,403 knano-PS = 
6.5 derived from the relationship between KOW and Kd of the nano-PS that 
was used in our bioassay404 and kalg ≈ KOW*flip, with flip being the lipid 
fraction of the algae of 0.075;405  
- Nile Red, nano-PS and algal masses at the effect thresholds in the 
bioassays, 
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yields an aqueous equilibrium concentration of 3.1×10-5 and 3.2×10-5 mg/L in 
the Daphnia and the algae bioassay, respectively. These concentrations are a 
factor 1.5×104 below the toxic aqueous concentration of 0.47 mg/L, which we 
calculated from the total concentration reported by Wu et al.142 based on 
partitioning between water and algae. Even taking uncertainty into account, 
by calculating the aqueous concentration with an initial total amount of Nile 
Red a hundred times as high as in our bioassay, the aqueous concentration 
would still be below 3.2×10-5 mg/L due to the high hydrophobicity of Nile 
Red. We therefore argue that the observed toxicity in our bioassay cannot be 
explained by the Nile Red concentration. Furthermore, as mentioned in the 
main manuscript, a radical increase in malformation occurrence was observed 
in the aged treatment, in contrast to the pristine treatment, which implies that 
these malformations were not due to any initially present cocontaminant like 
styrene, SDS or Nile Red. 
Figure A3.1. The TEM image from Velzeboer et al. 2014 confirms the nominal size 
of ~70 nm of the primary nano-PS in freshwater.404 
500 nm 
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Pilot experiment: Methods, results and discussion 
In this work two experiments were performed, a pilot experiment and the main 
bioassay. The pilot experiment followed previously published procedures and 
is addressed here. The bioassay is described in the main chapter. The overall 
discussions in the main chapter cover the outcomes of both experiments. 
Materials and Methods 
Prior to the pilot experiment, the test organisms cleared their guts in clean sea 
water overnight and were randomly assigned to the test beakers, such that each 
beaker contained a group of 5 Arenicola marina individuals with a known 
weight. The average group weight was 26.5 g and the variation (SD) among 
groups was 5.2 g. For the pilot experiment, we used closed 2 L glass test 
beakers with a diameter of 19 cm and a height of 9 cm. Due to the use of small 
test beakers, the water characteristics were variable over time. Additional to 
the plastic effect, the impact of these water quality variables on survival, 
activity and weight could be established. The test beakers contained ±2.2 kg 
sediment (WW, 5 cm thick layer) and ±0.7 L sea water (water layer of 2.5 cm). 
The lower two-third of the sediment did not contain plastic. The upper one-
third of the sediment (1.7 cm, 0.72 kg) contained the polystyrene microplastic 
(PS), because the lugworm feeds on the upper sediment layer.189 Effects of PS 
were assessed by exposing A. marina to a range of PS concentrations: 0, 1, 3, 
10, 30 and 100 g PS/L in PCB contaminated sediment. These concentrations 
agree to 0, 0.074, 0.22, 0.74, 2.2 and 7.4 % DW PS in the sediment. Mixing 
of the sediment occurred during four weeks prior to the pilot experiment. The 
systems stabilised during one day, before addition of the lugworms. All 
treatments were performed in quadruplicate and randomly assigned to the test 
beakers. We applied aeration and refreshed the water twice a week. The 
dissolved oxygen saturation, temperature, pH, salinity, NH4+ and NO2- 
averaged 7.9 mg/L (79 % saturation), 13.4 °C, 8.0, 31 ‰, 6.4 mg/L and 0.07 
mg/L respectively. Analysis of the water quality variables and the endpoints 
were done as in the bioassay, described in the main chapter.  
 
Results and Discussion 
Effects of water quality variables. The use of small test systems showed the 
sensitivity of the organisms to variable water conditions. There were 
significant effects of the water quality variables on the endpoints (Fig. A4.2). 
We found a positive relation between the average amount of days that an 
organism survived in the experiment and average oxygen concentration 
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(Regression, p=0.002). Furthermore, a positive relation between average 
activity and average oxygen concentration (p=0.012) was detected. Our 
findings of a significant negative effect of low oxygen concentrations on the 
activity are in accordance with Cadée180 who mentions that feeding might stop 
at low oxygen levels in the overlying water. High mortality might have been 
an indirect effect, initiated by starvation as a result of the negative effect of 
oxygen deficiency on the feeding activity of A. marina. This would imply that 
the duration of the deficiency was crucial, which is in agreement with our 
observations that high mortality started after one and a half week of exposure. 
However, literature shows that A. marina is assumed to be tolerant to oxygen 
deficiency.406 In this pilot experiment, the lowest measured concentrations 
were on the first day 2.5 mg/L and remained for the rest of the experiment 
above 5.5 mg/L, while A. marina can tolerate oxygen concentrations as low as 
3.2 - 4.1 mg/L that occur during ebb.406 Additionally, A. marina survived 
concentrations as low as tenths or even hundredths of mg/L in a laboratory 
experiment and calculations imply that A. marina can survive 71 minutes 
without external oxygen supply.406 For wet, dry and AFD weight (WW, DW, 
AFDW) loss, a significant negative relation with salinity was discovered 
(p=0.031, p=0.050, p=0.002), which agrees to previous reports.407 For AFDW 
loss, a significant positive relation with pH was determined (p=0.031). As far 
as we know, this has not been quantified before and might only count for the 
observed limited pH range (Appendix Table A4.1). We found no relation 
between the endpoints and temperature, NH4+ and NO2- concentration. 
Furthermore, there was no significant spatial pattern in water quality variables 
and endpoints. By using the significantly influential water quality variables as 
covariables, the relation between the investigated endpoints and the treatment 
did not change. Nevertheless, we conclude that a set up in which water quality 
variables can be maintained constant is required in order to detect effects of 
PS. This was implemented in the bioassay described in the main text.  
Effects of microplastic on fitness and performance of A. marina. Survival. The 
total mortality was 48.3 % in the pilot experiment, which is much higher than 
the average annual mortality of 22 % observed in the Dutch Wadden Sea.194 
Irrespective of the plastic concentration (ANOVA, p=0.457) (Fig. A4.3A), 
survival was low. Also, no relation between the treatments and the amount of 
days that an organism survived was revealed (p=0.460). The mortality rate did 
not significantly differ between the treatments (ANOVA, p=0.561) (Fig. 
A4.6A), with Kmort = -ln(B/B0)/t with B=survival n at time t, B0=survival n at 
start of the experiment and t is time in days.408 It was ascertained that the 
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contamination with PCBs did not result in PCB toxicity or plastic avoidance 
behaviour by A. marina, because of the use of low PCB concentrations 
(Appendix Table 4.2). The measured PCB concentrations were 350 times 
lower than toxicity thresholds.183 
Ingestion of plastic. The organisms that survived the entire 28 days exposure 
period and were allowed to clear their guts had no plastic in their system, even 
those being exposed to the highest plastic concentrations. While in some of 
the organisms that died during the experiment, plastic was encountered after 
dissection. The difference in the amount of internal plastic particles between 
organisms that did or did not survive the exposure period was significant 
(Mann-Whitney U test, p=3.21×10-10). This supports the supposition that A. 
marina ingested PS particles of ≥400 µm but that these particles did not 
accumulate in this organism. 
Gut content. The material that was egested during gut clearance overnight 
contained plastic particles. Here, no differentiation is made between internally 
detected plastic (in worms that died during the experiment) and plastic egested 
during gut clearance (by worms that survived the experiment), i.e. both are 
called gut content. By doing so, a negative relation between the amount of 
plastic particles in the gut content and survival was identified (Mann-Whitney 
U test, p=9.34×10-7) (Fig. A4.4B). Linear regression showed that the amount 
of plastic particles in the gut content increased with the plastic concentration 
to which A. marina was exposed (1-sided P-value=0.023). Because of the non-
normality of the data, we further investigated this relation with the Kruskal-
Wallis test, which gave significant differences between treatments 
(p=2.48×10-4). As a post hoc test, pair-wise comparisons of the treatments 
were done with the Mann-Whitney U test, which revealed three significantly 
different treatment classes (1-sided p=0.004, p=3.94×10-5, p=0.025 
respectively). Fig. A4.4A shows that the amount of plastic particles in the gut 
content increased significantly over the following grouped treatments: low 
(treatment 0 and 0.074 %), middle (treatment 0.22 and 0.74 %), high 
(treatment 2.2 and 7.4 %). The findings imply a positive relation between 
environmental plastic concentration and ingestion of plastic. To see if the 
amount of plastic particles in the gut content was proportional to the exposure 
plastic concentrations, the gut volume was calculated. The average faeces 
production of 2.4ml/day during the winter and a defecation time of 20 minutes 
from Cadée180 were used to calculate a gut volume of 3.33×10-5 L. The weight 
of our used plastic particles ranged from 3.5×10-8 - 1.2×10-6 g (radius of 0.2 - 
0.65 mm, density of 1.05 g/L(8)). By using these numbers, the calculated gut 
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concentrations ranged in the 0.22 % treatment up to 3.9×10-4 - 1.3×10-2 % (1 
- 3 orders of magnitude lower than the exposure concentration), in the 0.74 % 
treatment up to 7.8×10-5 - 2.7×10-3 % (2 - 4 orders of magnitude lower), in the 
2.2 and 7.4 % treatments up to 7.8×10-4 - 2.7×10-2 % (2 - 4 orders of magnitude 
lower). 
Activity. The activity averaged 0.43 heap/individual/day (SD 0.41). Average 
activity did not significantly differ between the treatments (ANOVA, 
p=0.708) (Fig. A4.1B), also not by considering the activity in the first one, 
two or three weeks only. This was investigated because it could be speculated 
that in a later stage of the experiment, treatment effects become overwhelmed 
by captivity disadvantages, but this was not the case. The activity in the control 
treatment peaked after two weeks exposure, but was not significantly higher 
than the activity in the other treatments (Fig. A4.3A). The lack of fit between 
treatment and activity in the pilot experiment might be explained by the impact 
of the water quality variables. The oxygen concentration had a significant 
impact on the activity. To compare the two experiments, we included the 
activity between the second and ninth day only and excluded the treatments 
that were not executed in both the pilot experiment and the bioassay (0.22 % 
and 2.2 % from the pilot experiment and treatment Oesterput from the 
bioassay). The calculated activity was 0.27 heap/individual/day in the pilot 
experiment and 0.42 heap/individual/day in the bioassay, which is a significant 
difference (Two samples t-test, p=2.24×10-4) (Appendix Fig. A4.5A). This is 
interpreted as worms having a better condition in the bioassay. 
Weight loss. Weight loss was observed in all but one group. The mean WW 
loss was 1.33 g/individual (25.1 %, SD 0.98), the mean DW loss was 0.31 
g/individual (36.1 %, SD 0.12) and the mean AFDW loss was 0.25 
g/individual (36.5 %, SD 0.098). There was no significant relation between 
plastic concentration and absolute WW/DW/AFDW loss (Regression, 
p=0.810, p=0.823, p=0.265 respectively) (Fig. A4.3C), also not by taking the 
relative instead of the absolute loss. Some of the worms emerged from the 
sediment several days before the end of the experiment. Because this was 
assumed to be a sign of a weak condition, we investigated whether there was 
a relation between weight loss and the position in the test beaker (in or above 
the sediment), which was not the case (Two samples t test, p=0.541, p=0.518, 
p=0.693) (Fig. A4.6B). The results did not change when worms in and above 
the sediment were analysed separately. Similar to the activity analysis, an 
effect of plastic on weight loss could be invisible in this pilot experiment 
because it might not have been the main stressor in this experiment. It could 
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be that the weight losses were highly impacted by the variability of the salinity, 
which is in accordance with the findings of Spaargaren and Weber,407 and the 
pH. Mortality of heavy (adult) worms might, next to individual weight loss, 
explain the observed mean weight loss in the pilot experiment, but the latter 
one is expected to play a major role.192 To compare the two experiments, the 
treatments 0.22 and 2.2 % from the pilot experiment and treatment Oesterput 
from the bioassay were excluded from analysis. The DW and AFDW loss in 
the bioassay turned out to be significantly lower than in the pilot experiment 
(Two samples t test, p=3.74×10-6, p=8.24×10-9) (Appendix Fig. A4.7B). The 
WW losses did not significantly differ between the two bioassays (p=0.267). 
The organisms in the bioassay did not preliminary clear their guts, while the 
organisms in the pilot experiment did. As a result, the start weight in the 
bioassay was overestimated and the difference in weight loss compared to the 
pilot experiment even larger than noted. 
Table A4.1. Water quality variables in the pilot experiment and the bioassay. 
 
Table A4.2. Concentrations of most abundant PCBs and sum of all PCBs (ΣPCBs) in the 
contaminated sediment (µg/kg DW) (mixture of Diemen and Oesterput sediment). 
 
 
 
  
Water quality 
variables 
Pilot experiment Bioassay 
Mean Range Mean Range 
Oxygen (mg/L) 7.87 2.50-10.51 10.07 9.66-11.15 
Oxygen (%) 78.9 29.5-98.7 94.2 91.7-103.2 
Temperature (°C) 13.4 11.2-15.1 12.3 11.2-13.5 
pH  8.03 7.61-8.30 8.16 8.07-8.25 
Salinity (‰) 30.9 23.4-33.3 32.1 31.7-33.0 
NH4+ (mg/L) 6.4 2-10 0.2 0-1 
NO2- (mg/L) 0.07 0.0-0.6 0.03 0.0-0.2 
PCB 
congener 
Concentration 
(µg/kg DW) 
 PCB 
congener 
Concentration 
(µg/kg DW) 
PCB 28 0.11  PCB 149 0.76 
PCB 52 0.25  PCB 153 0.93 
PCB 101 0.62  PCB 170 0.28 
PCB 118 0.33  PCB 180 0.56 
PCB 138 0.75  ΣPCBs 5.28 
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Table A4.3. Statistics PCB analysis.a) 
PCB 
congener 
logKOWb) 
ANOVAc) 
p-value 
# values >dld) 
Treatment 
with all 
values <dle) 
PCB 18 5.43 7.095×10-7 23 - 
PCB 20 5.58 1.287×10-5 21 Oesterput 
PCB 28 5.58 8.133×10-8 25 - 
PCB 29 5.58 0.236 20 0 % 
PCB 31 5.58 8.663×10-8 27 - 
PCB 44 6.02 1.456×10-8 27 - 
PCB 52 6.02 1.504×10-8 27 - 
PCB 101 6.42 6.097×10-8 27 - 
PCB 105 6.51 4.840×10-9 27 - 
PCB 118 6.51 5.064×10-8 27 - 
PCB 138 6.82 7.485×10-7 27 - 
PCB 149 6.66 3.096×10-8 27 - 
PCB 153 6.82 6.324×10-7 27 - 
PCB 155 6.50 3.818×10-5 24 - 
PCB 170 7.21 3.326×10-7 27 - 
PCB 180 7.21 7.120×10-7 27 - 
PCB 194 7.61 0.540 8 
Start, 
Oesterput, 
0 % 
PCB 204 7.39 0.583 12 
Sediment, 
Start, 
Oesterput 
PCB 209 8.27 0.001 12 
Start, 
Oesterput, 
0 % 
ΣPCBs  5.112×10-8 27 - 
a) Analysis of differences between treatments. 
b) From Van Noort et al.232 
.c) Appearance of differences between treatments, investigated with ANOVA. 
d) Total amount of values: 27. 
e) In some cases, the outcomes of all quadruplicates within a treatment were below the detection 
limit.
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Table A4.4. SumPCB (ΣPCB) concentrations in the various treatments of the bioassay. 
 Mean 
(µg/kg) 
SD %SD 
Sediment 1.84 0.22 11.7 
Non-exp. lugworms 2.43 0.22 9.3 
Treatment C 2.40 0.61 25.5 
Treatment 0 % 7.00 1.35 19.2 
Treatment 0.074 % 9.01 1.76 19.5 
Treatment 0.74 % 8.54 1.48 17.4 
Treatment 7.4 % 8.31 2.17 26.1 
 
Table A4.5. BSAFs.a) 
PS Treatment 0 % 0.074 % 0.74 % 7.4 % 
PCB congener:     
PCB 18 14.80 22.69 18.30 20.15 
PCB 20 12.33 14.06 18.39 17.94 
PCB 28 35.29 40.21 26.56 46.14 
PCB 29 - 0.40 3.08 6.89 
PCB 31 21.03 26.64 22.47 27.04 
PCB 44 31.52 31.92 39.26 34.75 
PCB 52 31.35 39.40 35.92 40.45 
PCB 101 29.59 32.48 31.73 32.71 
PCB 105 10.60 19.36 18.91 13.90 
PCB 118 27.52 29.01 29.80 29.95 
PCB 138 33.86 36.20 33.79 37.27 
PCB 149 22.75 24.73 24.93 24.87 
PCB 153 27.23 29.46 29.91 30.45 
PCB 155 82.31 106.72 97.10 100.57 
PCB 170 11.35 12.61 12.48 11.80 
PCB 180 10.29 10.53 10.56 10.96 
PCB 194 - 20.72 10.51 10.41 
PCB 204 - - - - 
PCB 209 - 2.60 2.47 4.23 
ΣPCBs 20.47 23.40 22.84 24.48 
a) Concentration in the organism (µg/kg) / concentration in sediment (µg/kg), both on a DW 
basis. 
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Table A4.6. Tissue concentration ratios (Contaminated sediment exposed / clean sediment 
exposed).  
PS Treatment 0 % 0.074 % 0.74 % 7.4 % 
PCB congener:     
PCB 18 4.32 7.49 7.98 5.80 
PCB 20 - - - - 
PCB 28 4.58 5.80 3.71 5.93 
PCB 29 - 0.16 0.81 1.70 
PCB 31 5.33 7.47 6.28 6.81 
PCB 44 3.71 4.23 5.07 4.08 
PCB 52 8.07 11.46 10.14 10.41 
PCB 101 4.28 5.30 5.02 4.70 
PCB 105 3.77 7.75 7.36 4.89 
PCB 118 2.40 2.86 2.85 2.59 
PCB 138 2.13 2.56 2.32 2.32 
PCB 149 3.35 4.10 4.01 3.64 
PCB 153 2.11 2.58 2.53 2.34 
PCB 155 2.26 3.30 2.90 2.72 
PCB 170 3.51 4.37 4.22 3.61 
PCB 180 5.38 6.19 6.02 5.68 
PCB 194 - - - - 
PCB 204 - - - - 
PCB 209 - - - - 
ΣPCBs 2.92 3.76 3.56 3.47 
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Table A4.7. Tissue concentration ratios (Contaminated sediment with PS / Contaminated 
sediment without PS). 
PS Treatment 0.074 % 0.74 % 7.4 % 
PCB congener:    
PCB 18 1.73 1.85 1.34 
PCB 20 1.29 1.63 1.43 
PCB 28 1.27 0.81 1.29 
PCB 29 - - - 
PCB 31 1.40 1.18 1.28 
PCB 44 1.14 1.36 1.10 
PCB 52 1.42 1.26 1.29 
PCB 101 1.24 1.17 1.10 
PCB 105 2.06 1.95 1.30 
PCB 118 1.19 1.19 1.08 
PCB 138 1.20 1.09 1.09 
PCB 149 1.22 1.20 1.08 
PCB 153 1.22 1.20 1.11 
PCB 155 1.46 1.28 1.20 
PCB 170 1.25 1.20 1.03 
PCB 180 1.15 1.12 1.06 
PCB 194 - - - 
PCB 204 3.64 1.24 1.46 
PCB 209 - - - 
ΣPCBs 1.29 1.22 1.19 
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Figure A4.1. Schematic presentation of the experimental set up. The pilot experiment consisted 
of six treatments in 2 L test beakers. The bioassay used five treatments of which one in a PCB 
clean environment and four in a PCB contaminated environment and was carried out in 2L test 
beakers in large aquaria. The amount of white dots visually indicates differences in plastic 
concentration. 
 
 
 
 
 
 
 
 
 
 
 
 
 
Figure A4.2. Pilot experiment; Influence of water quality variables. A. Relation between oxygen 
concentration and amount of days of survival. B. Relation between oxygen concentration and 
mean activity. C. Relation between salinity and DW loss. D. Relation between pH and AFDW 
loss. 
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Figure A4.3. A. Pilot experiment; Difference in total amount of organisms that survived 
between treatments. B. Pilot experiment; Difference in activity between treatments. C. Pilot 
experiment; Difference in DW loss between treatments. D. Bioassay; Difference in the amount 
of organisms that remained in their test beaker between treatments. The bars indicate mean ± 
standard error (SE). 
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Figure A4.4. Pilot experiment. A. Difference in amount of plastic particles in gut content 
between exposure plastic concentrations. Expressed in treatment classes (Low = 0 and 0.074 
%. Middle = 0.22 and 0.74 %. High = 2.2 and 7.4 %). B. Amount of plastic particles in the gut 
content of organisms that died during the experiment. compared to the organisms that survived. 
The bars indicate mean ± standard error (SE). 
 
 
 
 
 
 
 
Figure A4.5. Variation of the activity over time. A. Pilot experiment. B. Bioassay. 
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Figure A4.6. Pilot experiment. A. Difference in mortality rate between treatments. B. Difference 
in DW loss between worms that were in and above the sediment at the end of the experiment. 
The bars indicate mean ± SE. 
 
 
 
 
 
 
 
 
Figure A4.7. A. Activity of A. marina in the pilot experiment compared to the bioassay. B. DW 
loss of A. marina in the pilot experiment compared to the bioassay. The bars indicate mean ± 
SE. 
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Derivation of the microplastic absorption efficiency 
equation (Equation 5.4) 
For calculation of the absorbed concentration CPLR,t (µg/kg), we approximate 
the exchange of POPs between plastic and lipids as a first order reversible 
process CPL,t ↔ CL,t (µg/kg) with forward and backward rate constants k1 and 
k2 (d-1).  
𝑑𝐶𝑃𝐿,𝑡
𝑑𝑡
= 𝑘2𝐶𝐿,𝑡 − 𝑘1𝐶𝑃𝐿,𝑡                (A5.i) 
In Equation (i), CPL,t is the concentration in the plastic during gut passage, CL,t 
is the concentration in the biota lipids and t is gut passage time (d). This means 
that t=0 at the moment of ingestion of the plastic particle, and t is equal to the 
total gut retention time (t=GRT) at the moment of egestion of the plastic 
particle. Exchange of POPs between plastic and biota lipids takes place during 
0<t<GRT. It is assumed that during this exchange process as condensed in 
Equation i, the total mass of the POP (Qtotal) in the plastic and the biota lipids 
is constant. This results in the following mass balance equation: 
𝑀𝑃𝐿𝐶𝑃𝐿,𝑡 +𝑀𝐿𝐶𝐿,𝑡 = 𝑀𝑃𝐿𝐶𝑃𝐿
𝐼𝑛𝑔 +𝑀𝐿𝐶𝐿
𝐼𝑛𝑔 = 𝑄𝑡𝑜𝑡𝑎𝑙            (A5.ii) 
in which MPL and ML (kg) are the masses of plastic and biota lipids present in 
the organism and 𝐶𝑃𝐿
𝐼𝑛𝑔
 and 𝐶𝐿
𝐼𝑛𝑔
 (µg/kg) are the concentrations of the POP in 
the ingested plastic particle and the biota lipids at the moment of ingestion (i.e. 
at t=0), respectively. Equation (ii) defines that at any time between t=0 and 
t=GRT, the sum of the time dependent masses of POP in plastic and biota 
lipids, equates to the initial masses in these phases at the moment of 
microplastic ingestion (t=0). Equation (i) expresses the change of the 
concentration in the plastic as a function of time. However, to calculate the 
absorption from the plastic, we need the concentration that has been removed 
(i.e. absorbed) from the plastic as a result of the concentration gradient 
between plastic and lipids. This is calculated as follows. The removed 
concentration CPLR,t during gut passage is equal to the initial concentration 
(t=0) in the plastic at ingestion (𝐶𝑃𝐿
𝐼𝑛𝑔
), minus the actual concentration during 
gut passage: 
𝐶𝑃𝐿𝑅,𝑡 = 𝐶𝑃𝐿
𝐼𝑛𝑔 − 𝐶𝑃𝐿,𝑡 or      𝐶𝑃𝐿,𝑡 = 𝐶𝑃𝐿
𝐼𝑛𝑔 − 𝐶𝑃𝐿𝑅,𝑡                (A5.iii) 
This Equation (iii) shows how the actual concentration in the plastic CPL,t, can 
be rewritten as the (constant) concentration at ingestion, minus the 
concentration that has been absorbed from the plastic. The absorbed quantity 
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of POP from the plastic leads to an increase in the quantity and concentration 
of POP in the biota lipids over time. This increase can be calculated using the 
mass balance equation (ii) and elimination of CPL,t using Equation (iii): 
𝑀𝑃𝐿(𝐶𝑃𝐿
𝐼𝑛𝑔 − 𝐶𝑃𝐿𝑅,𝑡) + 𝑀𝐿𝐶𝐿,𝑡 = 𝑀𝑃𝐿𝐶𝑃𝐿
𝐼𝑛𝑔 +𝑀𝐿𝐶𝐿
𝐼𝑛𝑔
 
which after rearrangement gives: 
𝐶𝐿,𝑡 = 𝐶𝐿
𝐼𝑛𝑔 +
𝑀𝑃𝐿
𝑀𝐿
𝐶𝑃𝐿𝑅,𝑡              (A5.iv) 
Using Equations (iii) and (iv), CPL,t and CL,t in Equation (i) can be eliminated, 
which after rearrangement expresses the exchange process in terms of the 
absorbed concentration only, instead of the concentrations in the separate 
phases: 
𝑑𝐶𝑃𝐿𝑅,𝑡
𝑑𝑡
= 𝑘1(𝐶𝑃𝐿
𝐼𝑛𝑔 − 𝐶𝑃𝐿𝑅,𝑡) − 𝑘2 (𝐶𝐿
𝐼𝑛𝑔 +
𝑀𝑃𝐿
𝑀𝐿
𝐶𝑃𝐿𝑅,𝑡)                  (A5.v) 
Equation (v) is an ordinary linear differential equation of the form dx/dt=a*(b-
x)-c*(d+e*x), which can be analytically solved to yield: 
𝐶𝑃𝐿𝑅,𝐺𝑅𝑇 =
𝑘1𝐶𝑃𝐿
𝐼𝑛𝑔
−𝑘2𝐶𝐿
𝐼𝑛𝑔
𝑘1+
𝑀𝑃𝐿
𝑀𝐿
𝑘2
(1 − 𝑒
−(𝑘1+
𝑀𝑃𝐿
𝑀𝐿
𝑘2)𝐺𝑅𝑇
)                (A5. vi)
in which time t is replaced by the gut retention time GRT. Equation (vi) 
expresses the concentration absorbed from the plastic during gut passage, as a 
function of kinetic constants, masses of plastic and biota lipids, initial 
concentrations in plastic and biota lipids and gut retention time. Note that in 
Equations (i-v), time t does not relate to total bioaccumulation time (by default 
simulated for 28 d), but to gut passage time only (about 0.03 d). This serves 
the calculation of the absorbed concentration i.e. Equation (vi), which then is 
recalculated for each time step in the 28 d bioaccumulation simulation, 
according to Equation 5.1 in the main manuscript. The value of 𝐶𝑃𝐿
𝐼𝑛𝑔
 is 
assumed constant during the simulation, due to the excess of sediment and 
plastic compared to biota lipids. However, the value of  𝐶𝐿
𝐼𝑛𝑔
 changes over 
time and equates to 𝐶𝐵,𝑡/𝑓𝑙𝑖𝑝 in Equation 1 (𝐶𝐵,𝑡/𝑓𝑙𝑖𝑝𝐶𝐿
𝐼𝑛𝑔), where the 
subscript ‘t’ now refers to 28 d simulation time. Similarly, 𝐶𝑃𝐿𝑅 and GRT also 
change during simulation time and therefore are written as 𝐶𝑃𝐿𝑅,𝑡 and GRT,t: 
𝐶𝑃𝐿𝑅,𝑡 =
𝑘1𝐶𝑃𝐿
𝐼𝑛𝑔
−𝑘2𝐶𝐿,𝑡
𝐼𝑛𝑔
𝑘1+
𝑀𝑃𝐿
𝑀𝐿
𝑘2
(1 − 𝑒
−(𝑘1+
𝑀𝑃𝐿
𝑀𝐿
𝑘2)𝐺𝑅𝑇,𝑡
)               (A5.vii) 
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Equation (vii) is Equation 4 in the main manuscript. From Equation (A5.vii / 
4) the absorption efficiency can be calculated as 𝑎𝑃𝐿,𝑡 = 𝐶𝑃𝐿𝑅,𝑡/𝐶𝑃𝐿
𝐼𝑛𝑔
 (Eq. 5.5 
in main manuscript). Note that 𝑎𝑃𝐿,𝑡 is defined only for absorption, i.e., the 
concentrations in 𝐶𝑃𝐿𝑅,𝑡/𝐶𝑃𝐿
𝐼𝑛𝑔
 both higher than zero.  
 
Mass transfer from microplastic to the gut fluid in A. 
Marina. Evaluation of the rate limiting process. 
The release of polychlorobiphenyls from plastic particles to the gut fluid is 
determined by diffusion in the polymer matrix and diffusion across a stagnant 
boundary layer surrounding the plastic particle. In this chapter it is shown that 
the first-mentioned polymer diffusion is the slowest step and therefore is rate 
limiting for the overall exchange process. This section provides a quantitative 
theoretical analysis of the rates for the two processes in order to support this 
approach. This is done by calculating the effective first order kinetic constant 
(k1 in main chapter Eq. 2) for each of the rate limitations. Here, the rate 
constants for polymer (P) diffusion and for boundary layer (BL) diffusion will 
be referred to as kP and kBL, respectively. It will be shown that expected values 
for kP (d-1) are orders of magnitude smaller than those for kBL (d-1), which 
supports our assumption that polymer diffusion is rate limiting.  
Polymer diffusion 
If the desorption rate is limited by diffusion through a homogeneous polymeric 
sphere, the release of PCBs can be describe by Fick’s law of diffusion in radial 
coordinates:21,223,227 
𝑑𝐶
𝑑𝑡
= 𝐷𝑝 (
𝑑2𝐶
𝑑𝑥2
+
2
𝑥
𝑑𝐶
𝑑𝑥
)                (A5.1) 
where C is the PCB concentration in the plastic, t is time, x is the distance from 
the centre of the sphere with radius r, and 0<x<r. Wu and Gschwend223 and 
Schwarzenbach et al.227 provide a linear approximation of the radial diffusion 
model, according to which a first order desorption rate constant for polymer 
diffusion from a spherical particle can be expressed as: 
𝑘𝐷 ≅ 23
𝐷𝑃
𝑟2
                 (A5.2) 
This equation allows estimation of kD for PCBs if polymer diffusivities Dp and 
particle radius r are known. Polymer diffusivities Dp for diffusion of PCBs in 
polystyrene (PS) and polyethylene (PE) were taken from Pascall et al.188 and 
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Rusina et al.234 respectively. Particle radius r for our scenario studies were 50 
nm, 0.2 mm and 0.65 mm respectively. The resultant kP values for PCBs are 
presented in Table A5.2. 
Diffusion across the stagnant boundary layer 
If transfer through the stagnant film surrounding the microplastic particle is 
rate limiting, the release of PCBs can be described by:227,409 
𝑑𝐶
𝑑𝑡
= −
𝐾𝐿×𝐴
𝑉×𝐾𝑃𝐿
𝐺𝑈𝑇 𝐶 = −𝑘𝐵𝐶               (A5.3) 
Where KL is the mass-transfer coefficient (md-1), A is the spherical particle 
surface (A=4πr2; m2), V is plastic sphere volume (V=4/3 πr3; m3) and KPLGUT 
is the apparent plastic-water partition coefficient in the gut. KPLGUT is the 
plastic-water partition coefficient for pure water, corrected for the solubility 
increase due to digestive surfactants, proteins, food hydrolysates such as 
membrane fragments and other colloidal or dissolved organic matter:228,410–413 
𝐾𝑃𝐿
𝐺𝑈𝑇 =
𝐾𝑃𝐿
1+𝐾𝐷𝑂𝑀[𝐷𝑂𝑀]
                (A5.4) 
in which [DOM] is the concentration of DOM in the gut (kg/L), KDOM (L/kg) 
is a DOM water partition coefficient and KPL (L/kg) is a plastic-water partition 
coefficient. For transport across a planar boundary layer (BL), usually a linear 
concentration gradient is assumed, so that KL can be approximated by DM/δ, 
where DM is PCB diffusivity in water and δ is the thickness of the BL.227 
However, for a spherical particle, the BL also will be spherical. The spherical 
boundary increases the concentration gradient across the boundary, leading to 
an increase of KL by a factor (1+ δ/r) (Schwarzenbach et al.227 p874, eq. 19-
68):  
𝐾𝐿
𝑆𝑝ℎ𝑒𝑟𝑖𝑐𝑎𝑙 𝑝𝑎𝑟𝑡𝑖𝑐𝑙𝑒 = 𝐾𝐿 (1 +
𝛿
𝑟
)              (A5.5) 
Consequently, the increase is larger for smaller microparticles. Besides 
molecular diffusion of dissolved PCBs across the BL, in an organism’s gut 
diffusion of PCBs that are associated with organic molecules (DOM) will 
contribute to the flux across the BL.229,257,261,414 The extent of association of 
PCBs with DOM can be quantified through a traditional DOM water partition 
coefficient KDOM (L/kg). The (labile) PCB-DOM complexes will have a lower 
aqueous diffusivity than the freely dissolved PCBs229,257 which has to be 
accounted for. The overall mass transfer coefficient including DOM facilitated 
transport can be expressed as:229,261 
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𝐾𝐿
𝐷𝑂𝑀 𝑖𝑛𝑐𝑙𝑢𝑠𝑖𝑣𝑒 = 𝐾𝐿 + 𝐾𝐿
𝐷𝑂𝑀𝐾𝐷𝑂𝑀[𝐷𝑂𝑀]             (A5.6) 
in which KLDOM is the mass transfer coefficient of the PCB-DOM complexes 
(m/d) and [DOM] is the concentration of DOM in the gut (kg/L). 
Consequently, the transport facilitation by DOM will be more important for 
more hydrophobic PCBs. Accounting for both mechanisms and because the 
relative increase due to the spherical boundary is identical for diffusion of 
freely as well as DOM-associated PCBs, kB in Eq. 3 becomes: 
𝑘𝐵 =
3(1+
𝛿
𝑟
)(𝐾𝐿+𝐾𝐿
𝐷𝑂𝑀𝐾𝐷𝑂𝑀[𝐷𝑂𝑀])(1+𝐾𝐷𝑂𝑀[𝐷𝑂𝑀])
𝑟𝐾𝑃𝐿
                            (A5.7) 
Values for KLDOM were taken as 0.02KL, based on data provided by Ter Laak 
et al.,229 showing a more or less constant ratio of 0.02±0.01 between stagnant 
boundary layer diffusivities for DOM-bound and freely dissolved PCBs. A 
very similar value of KLDOM/KL =0.025 was recently reported by 
Kupryianchyk et al.261  
To assess the solubility increase in the gut, the term 𝐾𝐷𝑂𝑀[𝐷𝑂𝑀] in Eq. A5.4 
and A5.7 needs to be estimated. KDOM values can be approximated as 
0.06KOW,410,415 with KOW the octanol-water partition coefficient. The DOM 
concentration in the gut relates to a mixture of solubilised sediment organic 
matter, surfactants and proteins present in the gut.228,257,412,413 Mayer et al.257 
report a value of [DOM]=15.5×10-3 kg/L for the polychaete Neris virens, 
which is of the same class as A. Marina. Alternatively, we may assume that 
the modeled PCB absorption efficiency from sediment organic matter 
(aSED=0.015) matches the actual fraction of organic matter solubilised at the 
end of the gut. For the entire gut, this would yield a DOM concentration (kg/L) 
of: 
[𝐷𝑂𝑀] =
0.5 × 𝑉𝐺𝑈𝑇𝜎𝑆𝐸𝐷𝑓𝑂𝑀𝑎𝑆𝐸𝐷
𝑉𝐺𝑈𝑇
= 0.5 × 1.8 × 0.0173 × 0.015 
= 2.3 × 10−3 kg/L                     (A5.8) 
In Eq. A5.8, the factor 0.5 accounts for averaging the solubilisation over the 
gut (aSED=0 at start and aSED=0.015 at the end of the gut), VGUT is gut volume 
(calculated through Eq. 5.9 in the main chapter) and σSED is the density (kg/L) 
of the sediment. Based on these data, the solubility increase 𝐾𝐷𝑂𝑀[𝐷𝑂𝑀] in 
Eq. A5.4 and A5.7, would equate to 0.06 𝐾𝑂𝑊[𝐷𝑂𝑀], which yields a 
solubility increase ranging from 0.14×10-3KOW to 1×10-3KOW based on this 
range of DOM values of 2.3 to 15.5 g/L. Interestingly, Voparil et al.228 
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reported a solubility increase in A. Marina gut fluids of ~10,000 for 
dibenzo(a,h)-anthracene (Figure 2 in Voparil et al.228). With KOW=107.11 for 
dibenzo(a,h)-anthracene this translates into a solubility increase of 0.78×10-
3×KOW, which agrees well to the range of 0.14×10-3KOW to 1×10-3KOW 
mentioned above. Therefore, in the calculation of kB (Eq. A5.7) this latter 
intermediate value is used.  
Values for KPL (L/kg) were taken from Pascall et al.188 and Smedes et al.216 for 
partitioning of PCBs to PS and PE, respectively.  
For the thickness of the undisturbed BL (δ) in surface water, values of 50 – 
250 µm are often used.227 In the gut, however, direct sediment-plastic particle 
contact and peristaltic contractions of the gut will drastically increase transport 
rates across the UBL, because the UBL would no longer be ‘undisturbed’. 
Direct contact and particle collisions will drastically reduce the effective 
thickness of the BL, if not, completely eliminate the BL. This accelerating 
effect of direct contact has been shown by Mayer et al.257 and by Smedes et 
al.224 They conclude that direct particle contact257 and/or turbulence in dense 
sediment suspensions224 disrupt the water UBL and decrease the diffusion 
distance resulting in a faster transport of compounds. If the BL thickness (δ) 
decreases, the factor increase in KL (i.e. DM/δ) is higher than the factor 
decrease due to the transport enhancement due to the spherical boundary (Eq. 
A5.5). Therefore, the net effect is a further increase in mass transfer. Although 
δ probably is much smaller than the range for surface water, we use a 
conservative estimate of 50 µm in the calculations. 
Particle radius r for our scenario studies were 50 nm, 0.2 mm and 0.65 mm 
respectively. The resultant kP values for PCBs are presented in Table A5.3. 
Determination of the rate limiting step 
Apparent first order constants for the release of PCBs from plastic particles 
were calculated based on a radial polymer diffusion mechanism (kD, Eq. A5.2) 
and a boundary layer resistance mechanism (kB, Eq. A5.7). This was done for 
PS and for PE particles of 100 nm, 0.4 mm and 1.3 mm.  
For PS particles with a diameter of 100 nm to 1.3 mm, BL limited mass 
transfer is calculated to be 4 to 9 orders of magnitude faster than polymer 
diffusion (Table A5.2 ; Figure A5.1A), dependent on particle size and LogKow 
of the PCB. Even with a low DOM estimate of 2.3 g/L and a higher BL 
thickness δ of 100 µm, BL mass transfer is still 3 to 7 orders of magnitude 
faster. Completely neglecting DOM transport facilitation still shows 1 to 2.5 
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orders of magnitude higher BL mass transfer rates. Consequently, we conclude 
that we can safely assume that PS polymer diffusion (Eq. A5.2) is rate limiting 
for the PS scenarios, and therefore can be used to estimate the rate of PCB 
release from PS in the gut of A. Marina.  
Similarly, for PE particles, BL limited mass transfer is calculated to be 0.4 to 
4 orders of magnitude faster than PE polymer diffusion (Table A5.3, Figure 
A5.1B), dependent on particle size and LogKow of the PCB. Although for the 
less hydrophobic PCBs the difference is not large, for PCB52 and higher, 
polymer diffusion is calculated to be at least a factor of 20 slower than BL 
limited mass transfer, which also confirms the validity of our assumption for 
the PE scenarios. The slower BL mass transfer for PE compared to PS can be 
explained from the higher KPLGUT for PE, which reduces the release rate (Eq. 
A5.3). Consequently, in contrast to PS, if DOM associated transport would 
not contribute to the total flux through the BL, polymer diffusion would not 
be rate limiting. However, the role of DOM facilitated transport in aqueous 
media and specifically gut fluids is well-established as explained 
above.229,257,261,414 
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Table A5.1. Rate constants.  
Uptake from water 
Hendriks et al. (2001): 
3
0
2
0,
10
1
1
2

















DW
K
w
k
OW
CH
OH
derm




 
Which translates to (Hendriks et al., 2001, Fig. 3, Annelida): 
kderm ≈ 3.5 (Lg-1d-1) 
Loss rate  
Following Janssen et al.218 and Hendriks et al.221 elimination, growth dilution 
and egestion were modeled using a lumped loss rate constant. The rate 
constant was approximated as (Fig. 5, ‘Annelida’, in Hendriks et al.221): 
kloss≈ -0.75LogKOW + 3.65 and 4 < LogKOW < 8 
Used factors, with standard values for benthic invertebrates 
DW lugworm dry weight fraction 
kderm dermal absorption rate constant from water (Lg-1d-1) 
kloss loss rate into water (d-1) 
0 water absorption-excretion coefficient (kg d-1; 200) 
KOW octanol-water partition ratio (-) 
 rate exponent (-; 0.25) 
H2O,j water layer diffusion resistance (dkg -; 2.810-3 if j=0; 
1.110-5 if j=1)221 
CH2 lipid layer permeation resistance (dkg -; 68) 
w  species wet weight (g) 
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Table A5.2. Calculated apparent first order release constants from polystyrene nano- and 
microplastic particles assuming rate limitation in the boundary layer (kB) and assuming rate 
limitation by polymer diffusion (kD).  
a) Calculated using Eq 2 with PS polymer diffusivities. 
b) Calculated using Eq 7 with PS partition coefficients. 
c) Log of the dimensionless ratio kB/kD. If Log(kB/kD) >0 polymer diffusion is rate limiting.  
 
Table A5.3. Calculated apparent first order release constants from polyethylene nano- and 
microplastic particles assuming rate limitation in the boundary layer (kB) and assuming rate 
limitation by polymer diffusion (kD). 
a) Calculated using Eq. A5.2 with PE polymer diffusivities. 
b) Calculated using Eq. A5.7 with PE partition coefficients. 
c) Log of the dimensionless ratio kB/kD. If Log(kB/kD) >0 polymer diffusion is rate limiting.  
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Table A5.5. Parameter ranges and optimized values. Literature citations relate to references 
in the main chapter.a) 
Parameter Calculation - Source 
 Gut content's density (g/mm3) calculated as weighted 
average of sediment and plastic densities: 
=SEDSSED+PLSPL. Sediment density calculated from OM 
(1.0 g/cm3) and mineral density (2.65 g/cm3) and OM 
weight fraction (fOM) based on measured loss on ignition). 
PS density 1.05 g/cm3. 
aSED Absorption efficiency from sediment (-) from Hendriks et 
al.221 
aSED,L Absorption efficiency per mm worm length (mm-1); aSED/Lt 
aPL Absorption efficiency from plastic (-). Time variable, 
calculated with Equation A5.5. 
CB,t PCB Concentration in biota (µg/g DW). Measured by 
Besseling et al. (Chapter 4)51 (t=0, t=28 d). Modeled with 
Equation A5.1.  
CL,t Lipid normalised concentration in biota (µg/g DW). CL0 is 
the concentration at t=0. CL,tIng is the concentration at the 
time of plastic ingestion. At any time, CL,t= CB,t/flip 
CPL Concentration in plastic (outside worm and at time of 
ingestion by worm) (µg/g). At any time calculated using 
literature equilibrium partition coefficients. PS: LogKPL ≈ 
3.188 PE: LogKPL = 1.18 LogKOW-1.26.216,217 
CPLR,t Concentration in plastic that has been absorbed by the 
worm, referenced to plastic mass (µg/g). Calculated from 
Equation A5.4. 
CSED Concentration in sediment (µg/g sediment). Measured 
using ASE solvent extraction and GC-ECD detection.  
Cw Concentration in water (µg/L). Calculated using Equation 
A5.6. 
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Table A5.5. Continued. 
D POP polymer diffusivity (m2/d). Values for PCBs from 
refs.188,234  
flip Lipid fraction (-) of A. Marina. Site-specific literature 
values from ref.233  
fOC Sediment organic carbon fraction (-). Estimated as fOM/2.5 
fOM Sediment organic matter fraction (-). Measured as loss on 
ignition (3h, 550°C).  
GRTt Gut residence time (d). Calculated using Equation A5.9. 
IRt Ingestion rate (g/g DW per day). Calculated using Equation 
A5.7, which is based on a regression of ingestion rates, 
weights and sediment organic matter contents specifically 
derived for deposit feeders and detritivores.204  
k1 Apparent first order rate constant for plastic to lipid 
transport (d-1). Assuming polymer diffusion is the rate 
limiting step in the bioavailability of plastic bound PCBs, 
k1 is estimated using a half-life based on a radial diffusion 
model; k1 ≈ 23D/ rP2.(227)  
k2 Apparent first order rate constant for lipid to plastic 
transport (d-1), estimated as k1/KPLIP. 
kderm Rate constant for uptake from water (L/g DW d-1). See 
Table A5.2.  
kloss Loss rate constant (g/g DW d-1). See Table A5.2. 
KOC Sediment organic carbon - water partition coefficient (-
).Taken from Seth et al.225 for all scenarios.  
KOW Octanol water partition coefficient (-). From Van Noort et 
al.232 
KP Sediment-water partition coefficient (-). Calculated as 
Kp=fOCKOC. 
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Table A5.5. Continued. 
KPLIP Lipid - plastic equilibrium partition coefficient; ratio 
between the lipid water partition coefficient (KLIP) and 
plastic - water partition coefficient (KPL). KLIP is 
approximated as KLIP=1000*k-derm/(flip*k-loss). 
Lt Length of the worm (mm). Measured. 
MPS Mass of plastic in bioassay system (kg DW) 
MSED Mass of sediment in bioassay system (kg DW) 
Q Volumetric flow rate ingested particles (mm3/d), calculated 
according to Equation A5.9. 
rP Radius of plastic particle (m). According to materials used 
in the bioassays (Chapter 4)51 or present in the other 
scenario studies.  
rt Radius of the worm (mm). Measured (Chapter 4). 
SSED Mass fraction of sediment particles ingested (-). Inferred 
from the physical mixture of sediment and plastic particles, 
assuming non-specific feeding. 
SPL Mass fraction of plastic particles ingested (-). Inferred from 
the physical mixture of sediment and plastic particles, 
assuming non-specific feeding. 
Vgut Lugworm gut volume (mm3), calculated according to 
Equation A5.9. 
Wt Dry weight of organism (g) in bioassay. Inferred from wet 
weight measurements and dry weight - wet weight (DW) 
ratios measured for subsample of worms.  
a) Symbols in equations for kderm, kloss are defined in Table A5.1 
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Figure A1. Schematic representation of modeled processes. Adapted from Besseling et al.51  
1. Partitioning between plastic sediment and water  
2. Dermal uptake 
3. Organic matter ingestion 
4. Plastic ingestion 
5. Absorption from plastic 
6. Absorption from organic matter 
7. Elimination 
8. Particle retention 
9. Worm growth 
10. Particle egestion (sediment and plastic) 
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Figure A5.2. Log of the dimensionless ratio kB/kD for polystyrene (A) and polyethylene (B) 
microparticles with a diameter of 100 nm, 0.4 mm and 1.3 mm. If Log(kB/kD) > 0, polymer 
diffusion is rate limiting. The ratio increases with LogKow because DOM facilitated transport 
through the stagnant boundary layer increases with LogKow. Polystyrene values are higher than 
for polyethylene because the partition coefficient for polystyrene is lower (Eq. A5.3). 
 
Figure A5.3. Measured (●) and modeled (---) PCB BSAF values for A. Marina in sediment with 
0% (A), 0.074% (B), 0.74% (C) and 7.4% (D) polystyrene microplastic, calculated from data 
of Chapter 4.51  
 
 
 
Figures 
226 
Figure A5.4: Simulated PCB105 concentration as a function of time in closed bioassay systems 
with polystyrene (A), and absorption efficiencies from sediment and polystyrene (B), for three 
polystyrene concentrations. Default exchange rate constant k1 is 10 d-1.  
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Figure A5.5. Relative contribution to total uptake of PCB105 by the exposure pathways plastic, 
sediment and water (dermal uptake) as a function of plastic concentration in the sediment, for 
polystyrene in closed bioassay systems (A), polyethylene in closed bioassay systems (B), and 
polyethylene in open marine systems (C), at a default exchange rate constant k1 of 10 d-1. 
Negative values for plastic relate to depuration of the worm by plastic (‘cleaning’). 
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Figure A5.6. Simulated PCB105 concentration as a function of time for an open marine system 
with polyethylene for three polyethylene concentrations. Default exchange rate constant k1 is 
10 d-1. 
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Figure A5.7. Steady-state bioaccumulation in the lugworm in sediment with plastic, relative to 
a scenario without plastic for open marine systems, for 0.1, 1 and 10% polyethylene. 
Simulations are for microplastic particles with diameter ~1 mm (k1= 1 d-1) (panel A), and for 
submicron-nanoplastic particles with diameter 0.1 – 1 µm, k1 > 100 d-1 (panel B). 
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Materials and methods 
Materials. Polyethylene (PE, green fluorescent UVPMS-BG, spherical, 
diameter 10 – 180 µm, density 0.94 kg/L) was purchased from Cospheric, 
Santa Barbara, USA. PE polymer identity was confirmed by FTIR 
(ThermoFisher, iN10 MX). For microscope images and particle size 
distributions of the PE the reader is referred to the publication by Velzeboer 
et al.75 Polyoxymethylene sheets (POM, 76 µm thickness) from CS Hyde Co 
(Lake Villa, IL, US) were used as passive samplers as in earlier studies.75,249,253 
PCB congeners 28, 31, 44, 52, 101, 118, 138, 153, 170 and 180 were obtained 
from Dr. Ehrenstorfer GmbH (Augsburg, Germany). Acetone and n-hexane 
(picograde) were obtained from Promochem (Wesel, Germany), diatomaceous 
earth from Dionex (Camberly, UK) and isooctane from Acros (Geel, 
Belgium). Silicia gel 63 – 200 mesh was obtained from Merck KGaA 
(Darmstadt, Germany) and activated overnight at 180 °C. Aluminium oxide 
super was obtained from ICN Biomedicals (Eschwege, Germany) and 
deactivated with 10 mass% Barnstead™ nanopure water. Before use, copper 
powder, 99.7 %, from Merck KGaA (Darmstadt, Germany) was Soxhlet-
extracted with hexane for 4 h.  
Sediment sampling and pre-treatment. The sediment was sampled from the 
Eastern Scheldt (Location ‘Oesterput’, the Netherlands, Chapter 4)51,185 and 
had an average density of 1.8 kg/L (wet weight; WW) and organic matter 
(OM) content of 1.15 % DW. It was sieved in order to remove objects >2mm 
before usage. The sediment was divided in four portions, one for each 
treatment. PE was added to the sediment, accomplishing plastic concentrations 
of 0, 0.05 and 0.5 % DW, which are within and above the range found in the 
marine environment, respectively (Chapter 4).39,51,165,254 Subsequently, the 
sediment-plastic mixture was spiked with the PCB congeners. After addition 
of PE and PCBs, the sediment was mixed for six weeks. Mixing was 
performed on a roller apparatus (Willemsen Proefinstallaties, Spijk, the 
Netherlands). During the last four weeks of mixing, three POM passive 
samplers (≈ 0.3 g each)75,172,249,253 were added to each PE-sediment mixture for 
determination of porewater PCB concentrations. Six and four weeks have been 
shown sufficient to reach chemical equilibrium between sediment porewater, 
and 10-180 µm PE particles and POM passive samplers, 
respectively.75,172,173,216,223,224,249,255–258 The mass ratio of OM to POM was 300 
to 1, which implies that passive sampling occurred under negligible chemical 
depletion conditions,172,249 that is, POM extracted less than 1.6% of each PCB 
congener present in de sediment.  
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Test organisms. A. marina were collected by a professional bait collector 
(Lugworm wholesale business Rotgans, Hippolytushoef, the Netherlands) in 
the southern Wadden Sea. The lugworms contained background 
concentrations of PCBs, representing Dutch estuarine conditions (Fig. 6.2, 
A6.8, left markers). The lugworms were acclimatized at experimental 
temperature and the ‘digging-in’ speed of the organisms in clean sediment was 
tested, to select fit, fast digging organisms. The organisms were pooled 
randomly. The n=5 pool weights averaged 18.2 ± 1.4 g. Three pools were 
directly stored at -18 °C for determination of initial PCB concentrations.  
Maintenance. Three times a week, dissolved oxygen (DO) saturation, 
temperature, pH and salinity were measured with a HACH HQd Field Case. 
Reagent kits from Aquamerck (Darmstadt, Germany) were used to monitor 
NH4+ and NO2- (kit range 0.5 - 10 mg/L and 0.025 - 0.5 mg/L respectively). 
Averages were DO 9.7 mg/L (95 % saturation), temperature 14.2 °C, pH 8.1, 
salinity 33.8 ‰, NH4+ 0.7 mg/L and NO2- 0.05 mg/L. Evaporation was 
compensated by adding demineralised water. The overlying water was 
continuously aerated and about 30 L was refreshed with Eastern Scheldt water 
three times a week, after the water quality measurements.  
 
Calculation of CPW, t=28, KOM, KPE, CPE, COM, BSAF, BPAF 
and BAF  
Concentrations of PCBs on polyoxymethylene passive samplers (CPOM) were 
used to determine porewater concentrations of PCBs (CPW,t=0), at the start of 
the experiment. This was done by using the partitioning coefficients to POM 
in Table A2 (KPOM) from Hawthorne et al.249 and Eq. A1: 
 
𝐶𝑃𝑊,𝑡=0 = 
𝐶𝑃𝑂𝑀
𝐾𝑃𝑂𝑀
                (A6.1) 
From the concentrations in the sediment and the porewater in the 0% PE 
treatments at the start of the experiment, respectively CSED,total and CPW,t=0, the 
partitioning coefficient to OM (KOM) could be calculated by using Eq. A6.2: 
 
𝐾𝑂𝑀 = 
𝐶𝑆𝐸𝐷,𝑡𝑜𝑡𝑎𝑙
𝐶𝑃𝑊
 ×  
1
𝑓𝑂𝑀
               (A6.2) 
 
in which fOM is the fraction OM in the 0% PE treatments at t=0. 
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Similarly, from the concentrations in the sediment and the porewater in the 
treatments with PE at the start of the experiment, respectively CSED,total and 
CPW,t=0 the partitioning coefficient to PE (KPE) could be calculated by using 
Eq. A6.4: 
 
𝐾𝑃𝐸 = (
𝐶𝑆𝐸𝐷 𝑡𝑜𝑡𝑎𝑙
𝐶𝑃𝑊,𝑡=0
− 𝑓𝑂𝑀 × 𝐾𝑂𝑀) ×
1
𝑓𝑃𝐸
                     (A6.3) 
 
in which fOM is the fraction OM in the treatments with PE at t=0, KOM is the 
partitioning coefficient to OM as calculated in Eq. A6.2 and fPE is the fraction 
PE in the sediment of the treatments with PE. 
The above equations show how from measured concentrations in sediment and 
porewater at t=0 d, equilibrium partition coefficients for OM (KOM) and PE 
(KPE) can be derived. Now we use the reversed calculation at t=28 d, that is, 
porewater concentrations after 28 d (CPW,t=28) are calculated using the 
measured concentration in sediment after 28 d (CSED,total) and the 
aforementioned values for KOM and KPE. This assumes that these partition 
coefficients remain constant during 28 d of exposure. The calculation is done 
following Eq. A6.4: 
 
𝐶𝑃𝑊,𝑡=28 = 
𝐶𝑆𝐸𝐷,𝑡𝑜𝑡𝑎𝑙
(𝑓𝑂𝑀×𝐾𝑂𝑀+ 𝑓𝑃𝐸× 𝐾𝑃𝐸)
              (A6.4) 
 
in which CSED,total is the concentration of PCBs in the total sediment mixture, 
including organic matter (OM) and polyethylene (PE) at t=28 d. To verify 
whether porewater concentrations were sufficiently constant during the 28 d 
assay, we compare CPW,t=28 (Eq. A4, Fig. A6.3) with CPW,t=0 (Eq. A6.1, Fig. 
6.1). The constant partitioning between sediment organic matter, PE and 
sediment porewater over 28 d was confirmed by the excellent agreement 
between CPW,t=0 and CPW,t=28 as illustrated in Fig. A6.4. 
The PCB concentration on the PE, CPE can be calculated at t=0 and t=28 with 
Eq. A6.5: 
 
𝐶𝑃𝐸 = 𝐶𝑃𝑊 × 𝐾𝑃𝐸                (A6.5) 
 
with CPW being the concentration of PCBs in the porewater at either t=0 or 
t=28 (Eq. A6.1 or A6.4) and KPE the partitioning coefficient to PE (Eq. A3). 
Similarly, the PCB concentration on the OM, COM can be calculated with Eq. 
A6.6: 
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𝐶𝑂𝑀 = 𝐶𝑃𝑊 × 𝐾𝑂𝑀                (A6.6) 
 
with CPW being the concentration of PCBs in the porewater at either t=0 or 
t=28 (Eq. A6.1 or A6.4) and KOM the partitioning coefficient to OM (Eq. 
A6.2). 
 
After the 28 days exposure assay, PCB concentrations in the tissue of the 
lugworms were determined and normalised on the lipid concentration in the 
tissue (Clip). Biota to sediment accumulation factors (BSAFs) normalised on 
lipids and sediment OM were subsequently calculated by using Eq. A6.7: 
 
𝐵𝑆𝐴𝐹𝑙𝑖𝑝,𝑂𝑀 = 
𝐶𝑙𝑖𝑝
𝐶𝑂𝑀
                (A6.7) 
 
in which COM is the PCB concentration in OM of the sediment, calculated 
before by Eq. A6.6. Likewise, the new metric; biota plastic accumulation 
factor (BPAF), was calculated by using Eq. A6.8: 
 
𝐵𝑃𝐴𝐹𝑙𝑖𝑝,𝑃𝐸 = 
𝐶𝑙𝑖𝑝
𝐶𝑃𝐸
                (A6.8) 
 
with CPE being the PCB concentration on PE, calculated by Eq. A6.5. 
Correspondingly, bioaccumulation factors were calculated from the PCB 
concentration in the lipids, Clip, and in the porewater, CPW, with Eq. A6.9: 
 
𝐵𝐴𝐹 = 
𝐶𝑙𝑖𝑝
𝐶𝑃𝑊
                 (A6.9) 
 
 
Biodynamic model for leaching of chemicals from plastic 
The model description below follows the description provided in the 
Appendix of Chapter 5.129  
 
Koelmans et al. (Chapter 5)128,129 modeled bioaccumulation of hydrophobic 
chemicals (dCB,t/dt; µgg-1d-1) from an environment containing plastic as a 
mass balance of uptake and loss processes:  
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dCB,t
dt
= kdermCPW + IR(SFOODaFOODCFOOD + SPLCPLR,t) − klossCB,t 
                (A6.10) 
 
The first term in Eq. A6.10 quantifies dermal (including gills) uptake from 
ambient water. The second term quantifies uptake from ingested food and 
exchange with plastic particles. The third term quantifies overall loss due to 
elimination and egestion. The first and third term are parameterised following 
traditional approaches with CPW (µg/L) being the concentration in the ambient 
water and kderm (Lgd-1) and kloss (d-1) are first order rate constants for dermal 
uptake and overall loss through elimination and egestion. Following Hendriks 
et al.,221 kloss is a minimum value, excluding possible biotransformation. In the 
second term, IRt (gg-1d-1) represents the mass of food ingested per unit of 
time and organism dry weight, aFOOD is the absorption efficiency from food, 
SFOOD and SPL are the mass fractions of food and plastic in ingested material 
respectively (SFOOD + SPL =1) and CFOOD is the chemical concentration in food. 
The product aFOOD×CFOOD quantifies the contaminant concentration that is 
transferred from food, i.e. prey species, to the organism during gut passage. 
Note that for species like fish, weight usually is expressed as wet weight 
(WW), in which case IRt also is based on wet weight. The transferred 
concentration from plastic during gut passage (GP), CPLR,t, (µg/g) is 
dynamically modeled using (see Chapter 5128 for detailed derivation): 
 
𝐶𝑃𝐿𝑅,𝑡 =
𝑘1𝐶𝑃𝐿−𝑘2𝐶𝐿,𝑡
𝑘1+
𝑀𝑃𝐿
𝑀𝐿
𝑘2
(1 − 𝑒
−(𝑘1+
𝑀𝑃𝐿
𝑀𝐿
𝑘2)𝐺𝑅𝑇 
)              (A6.11) 
 
In which k1 and k2 (d-1) are forward and backward first order rate constants 
describing the transport between plastic and biota lipids, GRT is gut residence 
time (d), CPL and CL,t (µg/g) are the chemical concentrations in the ingested 
plastic particle and the biota lipids at the moment of ingestion (i.e. 𝐶𝐿,𝑡 =
𝐶𝐵,𝑡/𝑓𝑙𝑖𝑝, µg/g), and MPL and ML are the mass of plastic and lipids in the 
organism respectively (g). Eq. A6.11 can be rewritten as:129 
 
CPLR,t = APLk1𝐶𝑃𝐿 − APLk2𝐶𝐿,𝑡            (A6.12) 
 
in which 
𝐴𝑃𝐿 =
1−𝑒
−(𝑘1+
𝑀𝑃𝐿
𝑀𝐿
𝑘2)𝐺𝑅𝑇𝑡 
𝑘1+
𝑀𝑃𝐿
𝑀𝐿
𝑘2
             (A6.13) 
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If GRT is constant, also APL is constant over time. Combination of equations 
A6.10, A6.12 and A6.13 and using 𝐶𝐿,𝑡 = 𝐶𝐵,𝑡/𝑓𝑙𝑖𝑝, yields the mass balance 
equation for bioaccumulation:129 
 
𝑑𝐶𝐵,𝑡
𝑑𝑡
= 𝑘𝑑𝑒𝑟𝑚𝐶𝑊 + 𝐼𝑅 × 𝑆𝐹𝑂𝑂𝐷𝑎𝐹𝑂𝑂𝐷𝐶𝐹𝑂𝑂𝐷 + 𝐼𝑅 × 𝑆𝑃𝐿𝐴𝑃𝐿𝑘1𝐶𝑃𝐿 
−(𝐼𝑅 × 𝑆𝑃𝐿𝐴𝑃𝐿𝑘2/𝑓𝑙𝑖𝑝 + 𝑘𝑙𝑜𝑠𝑠)𝐶𝐵,𝑡            (A6.14) 
 
for which the following steady-state solution (body burden at steady-state, 
CB
SS) can be calculated: 
 
𝐶𝐵
𝑆𝑆 = 
𝑘𝑑𝑒𝑟𝑚𝐶𝑊+𝐼𝑅(𝑆𝐹𝑂𝑂𝐷𝑎𝐹𝑂𝑂𝐷𝐶𝐹𝑂𝑂𝐷+𝑆𝑃𝐿𝑘1𝐶𝑃𝐿𝐴𝑃𝐿)
𝐼𝑅 𝑆𝑃𝐿𝑘2𝐴𝑃𝐿/𝑓𝑙𝑖𝑝+𝑘𝑙𝑜𝑠𝑠
          (A6.15) 
 
The steady-state concentration thus reflects the balance between rates for 
dermal uptake, uptake by food and uptake by plastic (‘carrier’) all in the 
numerator, versus ‘cleaning’ by plastic ingestion and chemical loss, which are 
covered by the denominator. The analytical solution to Eq. A6.14 is 
(Koelmans et al.):129 
 
𝐶𝐵,𝑡 = (𝐶𝐵,𝑡=0 − 𝐶𝐵
𝑆𝑆) × (𝑒−(𝐼𝑅 𝑆𝑃𝐿𝑘2𝐴𝑃𝐿/𝑓𝑙𝑖𝑝+𝑘𝑙𝑜𝑠𝑠)𝑡) + 𝐶𝐵
𝑆𝑆                (A6.16) 
 
The time required to reach 95% of steady-state (tSS) can be approximated as 
three times the time constant of the system (1-e-3): 
 
𝑡𝑆𝑆 = 3 (𝐼𝑅
𝑆𝑃𝐿𝑘2𝐴𝑃𝐿
𝑓𝑙𝑖𝑝
+ 𝑘𝑙𝑜𝑠𝑠)⁄                   (A6.17) 
 
We modeled bioaccumulation at 28d using the analytical solution of Eq. A6.10 
and measured values for CPW, CSED, CPL SSED and SPL. The relative share of an 
uptake pathway (either term 1, 2 or 3 in Eq. A6.10) was quantified as the ratio 
of the magnitude of that term, and that of the sum of all three uptake terms. 
 
Parameters 
Parameters and variables for the experimental treatments 0 % PE B, 0.05% PE 
and 0.5% PE, were taken from the experimental data and literature and are 
provided in Table A6.4. 
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Table A6.1. PCB concentration added to the sediment of the different treatments at start of the 
bioassay. PCB concentrations are on a dry weight (DW) basis. The 0% PE A treatment has 
similar background quantities spiked for all ten congeners. The 0% PE B treatment has elevated 
concentrations of five of the ten congeners spiked to the sediment. These five congeners are also 
extra spiked to the 0.05% DW PE treatment and 0.5% DW PE treatment, to compensate for the 
anticipated chemical dilution by the PE, thus representing the infinite source scenario. 
PCB 
Congener 
µg/kg DW 
Scenario 
Treatment 
0% 
PE A 
0% 
PE B 
0.05% 
PE 
0.5% 
PE 
PCB 28 Chemical dilution 0.92 3.87 1.31 3.83 
PCB 52 Chemical dilution 0.97 4.07 1.38 4.03 
PCB 101 Chemical dilution 0.92 4.90 1.41 4.86 
PCB 153 Chemical dilution 0.80 4.76 1.28 4.71 
PCB 180 Chemical dilution 0.93 5.65 1.50 5.61 
PCB 31 Infinite source 0.92 0.97 1.01 0.96 
PCB 44 Infinite source 0.94 0.99 1.03 0.98 
PCB 118 Infinite source 0.94 0.98 1.02 0.98 
PCB 138 Infinite source 0.94 0.99 1.03 0.98 
PCB 170 Infinite source 0.94 0.98 1.02 0.97 
 
Table A6.2. Partitioning coefficients used for calculations and comparisons.75,217,225,232,249 
PCB 
congener 
Log 
KOW
(232) 
Log 
KPOM 
L/kg(249) 
Log 
KOM 
L/kg(225) 
Log KPE 
L/kg(217) 
Log KPE 
L/kg(75) 
PCB 28 5.58 5.68 4.99 5.85 6.23 
PCB 31 5.58 5.51 4.96 5.81 6.05 
PCB 44 6.02 5.65 5.01 5.87 6.03 
PCB 52 6.02 5.65 5.07 5.94 6.04 
PCB 101 6.42 5.90 5.56 6.50 6.55 
PCB 118 6.51 6.32 5.85 6.83 6.30 
PCB 138 6.82 6.50 6.01 7.01 6.74 
PCB 153 6.82 6.64 6.08 7.09 7.59 
PCB 170 7.21 6.54 6.36 7.41 8.03 
PCB 180 7.21 6.67 6.49 7.56 7.94 
Tables 
238 
Table A6.3: Relative importance (%) of the various PCB uptake pathways for A. marina at a 
realistic (0.05%) and a high (0.5%) PE concentration in marine sediment.a)  
 
IS Scenario PCBs CD Scenario PCBs 
P
C
B
 2
8
 
P
C
B
 5
2
b
) 
P
C
B
 1
0
1
 
P
C
B
 1
5
3
 
P
C
B
 1
8
0
 
P
C
B
 3
1
 
P
C
B
 4
4
 
P
C
B
 1
1
8
 
P
C
B
 1
3
8
 
P
C
B
 1
7
0
 
Environmentally realistic dose of 0.05% PE 
Uptake 
from 
water 
96.2 n.a. 77.7 32.6 16.6 95.3 89.4 56.1 34.4 18.9 
Sediment 
ingestion 
3.6 n.a. 21.6 64.4 80.7 4.6 10.3 40.7 63.5 78.5 
Plastic 
ingestion 
0.1 n.a. 0.7 3.0 2.8 0.1 0.3 3.2 2.2 2.6 
 High dose of 0.5% PE 
Uptake 
from 
water 
95.8 n.a. 75.5 26.2 10.7 95.6 89.5 49.7 28.4 12.9 
Sediment 
ingestion 
1.9 n.a. 11.1 27.4 27.7 2.4 5.4 19.1 27.8 28.2 
Plastic 
ingestion 
2.3 n.a. 13.4 46.4 61.6 2.0 5.1 31.2 43.8 58.9 
 
a) Based on evaluation of the first three terms in Eq. 6.1 of the main manuscript. The model used 
variable values from the actual experiments, established default parameters for uptake from 
water and sediment (Chapter 5),128,129,221,245 and optimized parameters for ingestion rate (IR) 
and plastic-gut fluid exchange coefficient k1. 
b) Omitted due to detection problems.  
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Figure S1. Schematization of the four treatments. ∑PCB concentrations are the sum of 5 
congeners representing the respective scenario, in µg/kg DW. Concentrations per congener can 
be found in Table A6.1. 0% PE A: no plastic and a similar concentration of the PCB congeners 
representing the CD and IS scenario. 0% PE B: no plastic, a low concentration of PCB 
congeners representing the CD scenario (PCB 28, 52, 101, 153 and 180) and a higher 
concentration of PCB congeners representing the IS scenario (PCB 31, 44, 118, 138 and 170). 
0.05% PE: 0.05% polyethylene, a low concentration of PCB congeners representing the CD 
scenario and a higher concentration of PCB congeners representing the IS scenario to 
compensate for dilution by the 0.05% PE. 0.5% PE: 0.5% polyethylene, a low concentration of 
PCB congeners representing the CD scenario and a higher concentration of PCB congeners 
representing the IS scenario to compensate dilution by the 0.5% PE. The extra spike in the 0.5% 
PE IS scenario is higher than in the 0.05% PE IS scenario to compensate for the higher 
anticipated dilution effect at 0.5% PE compared to 0.05% PE. 
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  Figure A6.2. Schematic visualization of the 
compartments and metrics used in the study 
design. The main transport pathways of PCBs 
are indicated with arrows. Clip, CPW, COM, and 
CPE are the PCB concentration in respectively 
the lugworm lipids, the porewater, the organic 
matter (OM) and the plastic (PE) in the 
sediment. KOM, KOM-PE, and KPE are the 
equilibrium partitioning coefficients between 
porewater, OM and PE. The biota to sediment 
accumulation factor is calculated as: BSAF = 
Clip / COM. The bioaccumulation factor is 
calculated as: BAF = Clip / CPW. The biota to 
plastic accumulation factor is calculated as 
BPAF = Clip / CPE. Chemical transfer 
according to equilibrium partitioning theory 
(EPT) and including realistic feeding in the 
treatments are shown. The relative 
importance of feeding pathways in Panel B, D 
and E is indicated with the thickness of the 
blue arrows. Panel A – EPT 0% PE: 
Hypothetical equilibrium partitioning 
between the compartments lipids, porewater 
and OM. Panel B – 0% PE: Partitioning as in 
Panel A, but know with realistic feeding 
included. Panel C – EPT 0.05% PE: 
Hypothetical equilibrium partitioning 
between the compartments of Panel A, but 
now including 0.05% plastic. As the addition 
of plastic is the introduction of an extra 
hydrophobic sorption domain, this causes 
transport of PCBs from the porewater, OM 
and lipids towards the plastic. The resulting 
dilution of PCB concentrations in the 
compartments other than plastic, is referred to 
as the ‘chemical dilution’ (CD) scenario. In 
the ‘infinite source’ (IS) scenario, extra PCBs 
are spiked to overcome this dilution effect and 
thus represent oceanic conditions with excess 
PCB availability from surrounding sediment. 
Panel D – 0.05% PE: Partitioning as in Panel 
B, but now with realistic feeding included. 
Feeding on OM leads to higher than 
equilibrium steady state PCB concentrations 
in lipids, leading to BSAF and BPAF values 
higher than 1-2. Panel E – 0.5% PE: Feeding 
inclusive steady state partitioning as in Panel 
C, but now with a higher PE concentration 
(0.5%). Feeding on OM can lead to higher 
than equilibrium steady state PCB con-
centrations in lipids, leading to BSAF and 
BPAF values higher than 1-2.  
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Figure A6.3. Physiological endpoints. Panel A: Average fraction of lugworms surviving the 28 
day exposure assay. Panel B: Average feeding activity during the 28 day exposure assay in 
number of faeces heaps produced per organism per day. Panel C: Average total mass of faeces 
heaps produced on day 28 of the exposure assay per surviving individual. Panel D: Average 
AFDW in the faeces heaps produced on day 28 of the exposure assay. White markers: 
percentage of all material (OM+PE) that burned at 600 °C. Black markers: percentage of OM 
estimated as AFDW minus the nominal percentage of PE. Panel E: Average percentage wet 
weight loss of lugworms during the 28 days exposure assay. Panel F: Average lipid weight as 
percentage of the lugworm DW after the 28 day exposure assay. 
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Figure A6.4. CPW values ± SE 0.009 – 0.179 (not shown) at t=28 days, calculated with Eq. 
A6.2. 
 
Figure A6.5. Agreement of CPW,t=28 with CPW,t=0 (1:1 line drawn for comparison) over four 
orders of magnitude, used to support the assumption of constant aqueous exposure during the 
28 d exposure assay.  
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Figure A6.6. Sorption of PCB congeners to organic matter (Log KOM) in sediment of the 0% 
PE A (Regression line: LogKOM = 1.34 × LogKOW – 2.98, R2 = 0.97) and the 0% PE B treatment 
with elevated PCB concentration (Regression line: LogKOM = 1.29 × LogKOW – 2.94, R2 = 0.98) 
as a function of their hydrophobicity (Log KOW). For comparison KOM values according to the 
formula by Seth et al. are given.225 
 
Figure A6.7. Sorption of PCB congeners to polyethylene (Log KPE) as a function of PCB 
hydrophobicity (Log KOW)232. Regression line 0.05% PE treatment: LogKPE = 1.33 × LogKOW 
– 2.23, R2 = 0.94. Regression line 0.5% PE treatment: LogKPE = 1.51 × LogKOW – 3.34, R2 = 
0.98.
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Figure A6.8. Average PCB concentration on PE in the sediment-PE mixture. Panel A: at t=0. 
Panel B: at t=28 days. At t=0 these PCB concentrations on the PE were calculated from the 
concentration in the porewater, determined using triplicate POM passive samplers that 
equilibrated with the sediment mixture, KPOM and KPE. At t=28 d the PCB concentrations on 
the PE ± SE were calculated from the concentration in the sediment, which was for each 
treatment in quintuplicate, KOM and KPE by Eq. A6.2-5. Where error bars are invisible they are 
small and thus lie behind the markers. 
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Figure A6.9. Average PCB concentrations ± SE in lugworms (lipid normalised) after exposure 
to the different treatments and their background PCB concentrations before start of the 
exposure assay. Left panels: PCB congener spiked equally in all treatments representing the 
CD (chemical dilution) scenario. Right panels: PCB congener extra spiked in the treatments 
with PE and the 0% PE B treatment to correct for the dilution mechanism representing the IS 
(infinite source) scenario. Where error bars are invisible they are smaller than the markers.
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1. Figures A7.1-A7.2 
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Figure A7.1. Plastic fragments and sheets encountered in the intestines of a humpback whale, 
of the polymer types polypropylene (PP, R2 = 0.82), nylon (PA, R2 = 0.73), polyethylene (PE, 
R2 = 0.88), polyvinylchloride (PVC, R2 = 0.82) and polyethylene terephthalate (PET, R2 = 
0.82).
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Figure A7.2. Plastic threads encountered in the intestines of a humpback whale, of the polymer 
type nylon (PA, R2 = 0.78, 0.96).
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1. Tables A8.1-A8.4 
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Summary 
 
Although plastic has unquestionable benefits to modern society, its current use 
leads to pollution of the environment. Via direct disposal and degradation of 
larger plastic items, microplastic (≤5 mm) and nanoplastic (≤100 nm) particles 
reach the environment. Apart from these broad size ranges, micro- and 
nanoplastic exist with a variety of other characteristics of which part is 
material specific, such as polymer type, and others change in the environment, 
such as presence of a biofilm and sorbed hydrophobic chemicals. Potential 
negative effects include ecological harm to species due to particle effects of 
plastic and effects of plastic on the transfer of chemicals between organisms 
and the environment. The particle characteristics as well as many 
environmentally relevant processes affect the fate of micro- and nanoplastic 
particles, the exposure, effects and consecutive risk to organisms. This thesis 
addresses a great number of these characteristics and processes in depth in six 
separate chapters that each provide innovative concepts for a full-fledge risk 
assessment from the riverine towards the marine environment (Chapter 2-7) 
and combines these with other fate and effect studies from the literature to 
derive a provisional quantitative analysis of the ecological risk of micro- and 
nanoplastic in the aquatic environment (Chapter 8). 
Riverine transport is considered an important pathway for microplastic to the 
marine environment. In Chapter 2, for the first time, fate and transport of 
nano- and microplastic in freshwater systems are modeled. Scenario studies 
are presented on the fate and transport of nano- to millimetre sized spherical 
particles (100 nm – 10 mm) with a spatiotemporally resolved hydrological 
model. The processes included in the model are: advective transport, homo- 
and heteroaggregation, sedimentation-resuspension, polymer degradation, 
presence of biofilm and burial. The model is parameterised with the use of 
literature data and additionally the attachment efficiency for 
heteroaggregation, is determined experimentally. The attachment efficiency 
ranges from 0.004 to 0.2 for 70 nm and 1050 nm polystyrene particles 
aggregating in natural freshwater with kaolin or bentonite clay particles. 
Model scenario calculations reveal that effects of polymer density (1000 – 
1500 kg/m3) and biofilm formation on the predicted fate of the particles are 
not large. This is explained by the fact that variations in polymer density and 
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biofilm formation are overwhelmed by excess mass of suspended solids that 
form heteroaggregates with microplastic. The size of the plastic particles has 
a huge effect on the modeled fate, the retention of plastic particles within the 
river stretch and the positioning of accumulation hotspots in the sediment. 
Retention is lowest (18-25%) for intermediate sized particles of about 5 µm, 
which suggests that the smaller submicron as well as larger micro- and 
millimetre sized plastic particles are favourably retained. These results 
indicate that river hydrodynamics affect riverine microplastic size 
distributions with profound implications for emissions to the marine 
environment. 
Plastic particles with a size in the nanoscale might, like other nanoparticles, 
affect organisms via particular size related effects mechanisms. Chapter 3 
addresses the effects of 70 nm polystyrene nanoplastic on organisms in the 
freshwater environment. Effects of nanoplastic on the growth and 
photosynthesis of the green alga Scenedesmus obliquus and the growth, 
survival, neonate production and malformations of the water flea Daphnia 
magna are assessed. Population growth and chlorophyll concentrations of the 
algae become reduced during exposure to nanoplastic. Reduced body size and 
severe alterations in reproduction are observed in exposed water flea. 
Numbers and body size of newborn water flea are lower and the number of 
neonate malformations rises up to 68% of the newborn water flea. These 
effects of nanoplastic are observed at exposure concentrations from 0.22 mg/L 
onwards. Malformations occur at exposure concentrations from 30 mg/L 
onwards. These results appear to be novel in showing that direct physiological 
changes in algae and water flea populations may occur due to exposure to 
nanoplastic. 
It has been speculated that microplastic causes negative physiological effects 
and increased bioaccumulation of hydrophobic, contaminants in organisms. 
Chapter 4 presents the first controlled bioassay on effects of microplastic on 
benthic organisms including transfer of hydrophobic chemicals. The 
physiological endpoints survival, feeding activity and bodyweight as well as 
uptake of microplastic particles and transfer of hydrophobic contaminants, are 
assessed in bioassays with the marine lugworm Arenicola marina exposed to 
microplastic. Microplastic is pre-equilibrated in natively contaminated 
sediment before the start of the exposure. Uptake of plastic particles and 
weight loss by the lugworms increases with exposure to increasing 
concentrations of microplastic. Furthermore, a reduction in feeding activity is 
observed at a microplastic concentration of 7.4% sediment dry weight. A low 
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microplastic dose of 0.074% dry weight sediment increases bioaccumulation 
of hydrophobic contaminants by a factor 1.1 - 3.6, an effect that is significant 
for the sum of the 19 used hydrophobic contaminants and for several 
individual contaminants. At higher plastic doses, bioaccumulation decreases 
compared to the low dose, but this is only significant for one individual 
contaminant. This decreasing effect on bioaccumulation with increasing 
microplastic concentration might be explained by dilution of overall 
concentrations of hydrophobic contaminants as a result of the introduction of 
a large absorbing pool, namely the microplastic. Microplastic thus shows to 
have statistically significant effects on organisms' fitness and bioaccumulation 
of hydrophobic contaminants, although the magnitude of the effects is not 
high. The effect on bioaccumulation is explained from physical impacts of the 
microplastic rather than from the microplastic acting as a carrier of chemicals 
to the organism.  
Complex counteracting mechanisms play a role in the transfer of hydrophobic 
chemicals from plastic to organisms and vice versa. In Chapter 5 a conceptual 
model is developed and analyzed that simulates the effects of plastic on 
bioaccumulation of hydrophobic contaminants. The model involves the 
processes dilution of exposure concentration by sorption of hydrophobic 
contaminants to plastic (‘dilution’), increased bioaccumulation by ingestion of 
plastic containing hydrophobic contaminants (‘carrier’), and decreased 
bioaccumulation by ingestion of clean plastic (‘cleaning’). Parameterization 
of the model is based on the lugworm Arenicola marina and evaluated against 
bioaccumulation data from the bioassay in Chapter 4. Further scenarios 
include a different microplastic polymer type, nanoplastic, and  open marine 
systems. The model analysis demonstrates that plastic polymer types with low 
affinity for hydrophobic contaminants, as for example the polystyrene in 
Chapter 4, have a marginal decreasing effect on bioaccumulation in 
organisms, directed by dilution. For stronger sorbing polymers such as 
polyethylene, the dilution as well as the carrier and cleaning mechanism are 
more important in driving bioaccumulation. In closed laboratory bioassay 
systems, ‘dilution’ and ‘cleaning’ dominate, leading to decreased 
bioaccumulation. In open marine systems a decrease in bioaccumulation of 
hydrophobic contaminants as a result of exposure to plastic is predicted as 
well, due to the cleaning mechanism counteracting biomagnification.  
Chapter 4 and 5 indicate the importance of including all relevant processes 
and transport pathways in assessing the effect of microplastic on 
bioaccumulation of hydrophobic contaminants in organisms. In Chapter 6 the 
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effect of the strong sorbing polymer polyethylene microplastic on uptake of 
hydrophobic contaminants by the lugworm Arenicola marina is assessed in a 
bioassay, quantifying uptake fluxes from all natural exposure pathways. 
Concentrations of hydrophobic contaminants in sediment, biota lipids (Clip) 
and porewater are measured with passive samplers to derive lipid-normalised 
bioaccumulation Clip, the Biota - sediment accumulation factor (BSAF), the 
Bioaccumulation factor (BAF) and a new metric: the Biota - plastic 
accumulation factor (BPAF). Small effects of exposure to plastic are detected, 
suggesting either slightly increased or decreased bioaccumulation. However, 
the differences decrease in magnitude dependent on the used bioaccumulation 
metric in the order: Clip>BSAF>BPAF>BAF, and are non-significant for BAF. 
That BAF, i.e. normalization of Clip on porewater concentration, merely 
removes all effects of exposure to plastic on bioaccumulation, shows that 
polyethylene does not act as a measurable vector of hydrophobic 
contaminants. Biodynamic model analysis confirms that the ingestion of 
polyethylene, although being one of the polymers potentially affecting 
bioaccumulation most, contributes marginally to bioaccumulation. Chapter 6 
therewith empirically confirms the model-based predictions in Chapter 5 that 
under environmentally realistic conditions the relevance of microplastic for 
bioaccumulation is limited. Furthermore, Chapter 6 illustrates the importance 
of assessing exposure to hydrophobic contaminants through all media in 
microplastic bioaccumulation studies, for instance by using elaborate passive 
sampling technologies. 
Marine filter feeders are thought to be exposed to microplastic because of their 
selection of small particles as food source. In Chapter 7 the occurrence of 
microplastic in the major marine filter feeding species Megaptera 
novaeangliae, a baleen whale, is assessed. Macroplastic had been found in 
baleen whales before and as these organisms feed by filtering small particles 
from large water volumes, they potentially collect microplastic particles too. 
Chapter 7 presents the first study confirming the presence of microplastic in 
intestines of a baleen whale. Potential synthetic polymer particles from the 
intestinal content are selected based on density and appearance, and analysed 
by Fourier transform infrared (FTIR) spectroscopy. Several polymer types 
(polyethylene, polypropylene, polyvinylchloride, polyethylene terephthalate, 
nylon) are found, in varying particle shapes: sheets, fragments and threads 
with a size of 1 mm to 17 cm. This diversity in polymer types and particle 
shapes, can be interpreted as a representation of the varying characteristics of 
marine plastic and the unselective way of ingestion by filter feeding baleen 
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whales. A basic model is developed to estimate plastic concentrations in the 
water column of the region a sampled organism inhabited, based on daily 
filtered water volume, gut passage time and plastic particle numbers detected 
in the organism. The model outcomes correspond with average microplastic 
concentrations in the literature measured in surface water from the same 
oceanic region the sampled whale inhabited. This illustrates the usefulness of 
the model for estimations of internal plastic concentrations in filter feeding 
organisms from regions with known plastic concentrations in the water, and, 
the other way around, the potential utility of gut contents of filter feeding 
species by representing average environmental plastic concentrations. 
Combining knowledge on fate, exposure concentrations and effect thresholds 
and risk characterisation leads to insight in the ecological risk of a pollutant. 
In Chapter 8 such a quantitative risk assessment is performed for micro- and 
nanoplastic. The remaining uncertainties are described. Highest limits of 
reported ranges of microplastic concentrations are standardized per habitat 
type and global region, and calculated to be highest in beach sediment, 
freshwater sediment and near shore surface water. Based on microplastic 
concentrations and degradation mechanisms, potential future nanoplastic 
number concentrations are estimated to become up to 14 orders of magnitude 
higher than microplastic concentrations. Species sensitivity distributions are 
constructed for micro- and nanoplastic separately. Effect thresholds for 
aquatic organisms with potential population level consequences from the 
literature are standardized and combined in these species sensitivity 
distributions. From these species sensitivity distributions, provisional safe 
standards are derived. For micro- and nanoplastic in water these are 0.4 ng/L 
(microplastic) and 1.1 µg/L (nanoplastic) respectively. In food for aquatic 
organisms or in sediment these are 0.1 mg/kg (microplastic) and 1 mg/kg 
(nanoplastic) dry weight. A comparison of exposure concentrations with the 
hazardous concentration for 5% of the species (HC5), derived from the species 
sensitivity distributions, indicates that microplastic concentrations in the water 
are below effect thresholds for organisms in most locations but on some near 
shore hotspot locations might be hazardous for up to 10-20% of the species. 
Microplastic concentrations at the higher ends of worldwide reported ranges 
in both freshwater sediment and beach sediment are within the limited set of 
currently available microplastic particle effect thresholds for organisms 
inhabiting sediment. Whereas previous research indicated a risk of 
microplastic for sediment dwelling organisms only, the use of new effect 
threshold data and extrapolation factors to scale thresholds consistently to 
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chronic effect concentrations leads to the characterisation of a risk for 
organisms inhabiting the water column too. For both micro- and nanoplastic, 
current predictions on the development of environmental concentrations 
suggest that more species will be at risk in the future. The transfer of 
hydrophobic contaminants by microplastic seems to have a negligible 
contribution to the overall risk of exposure to microplastic. Exceptions to this 
are (a) hotspot locations, where a large fraction of an organisms’ diet consists 
of microplastic (yet still only if the chemical concentration gradient allows 
transfer of contaminants towards the organism) and (b) nanoplastic particles, 
where the risk might be considerable due to strong binding of hydrophobic 
contaminants and possible translocation to tissues beyond the intestines. 
Several uncertainties and data gaps remain, such as the environmental 
concentrations of nanoplastic, importance of food selection strategies for 
exposure and general or species dependent effect mechanisms. Additionally, 
the material plastic as a pollutant comes with different polymer types, shapes 
and sizes of particles, with concomitant variations in fate and effects. 
However, the combination of novel information and concepts provided in this 
thesis together with an extensive literature review of fate, exposure and effect 
data made a tentative yet quantitative risk assessment for micro- and 
nanoplastic possible. 
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Hoewel plastic onmiskenbare voordelen biedt voor de moderne maatschappij, 
leidt het huidige gebruik tot vervuiling van het milieu. Door rechtstreekse 
emissie en degradatie van grotere plastic items komen microplastic (≤5 mm) 
en nanoplastic (≤100 nm) deeltjes in het milieu terecht. Behalve deze ruime 
ranges van deeltjes groottes, hebben micro- en nanoplastic meer variërende 
eigenschappen waarvan sommige materiaal specifiek zijn, zoals 
polymeertype. Andere eigenschappen kunnen veranderen in het milieu, zoals 
de aanwezigheid van een biofilm en geabsorbeerde hydrofobe chemicaliën. 
Potentiële negatieve ecologische effecten worden ofwel veroorzaakt door de 
fysieke aanwezigheid van plastic deeltjes zelf, ofwel door de effecten van 
plastic op de overdracht van chemicaliën tussen organismen en het milieu. 
Zowel de eigenschappen van de deeltjes als vele milieurelevante processen 
beïnvloeden de verspreiding van micro- en nanoplastic deeltjes, de 
blootstelling, de effecten en het risico voor organismen. Dit proefschrift 
behandelt een groot aantal van deze eigenschappen en processen in detail, in 
zes hoofdstukken. Elk van deze hoofdstukken levert innovatieve concepten 
voor het maken van een volledige risico inschatting van het rivierenlandschap 
tot het marine milieu (Hoofdstuk 2-7). Vervolgens worden deze hoofdstukken 
gecombineerd met andere verspreidings- en effectstudies uit de literatuur, om 
te komen tot een voorlopige kwantitatieve analyse van het ecologische risico 
van micro- en nanoplastic in het aquatische milieu (Hoofdstuk 8). 
Rivieren worden gezien als belangrijke transportroute van microplastic naar 
het mariene milieu. In Hoofdstuk 2 wordt voor de eerste keer de verspreiding 
en het transport van nano- en microplastic in zoetwatersystemen 
gemodelleerd. Scenario studies van de verspreiding en het transport van nano- 
tot millimeter grote bolvormige deeltjes (100 nm – 10 mm) worden 
gepresenteerd door gebruik van een in ruimte en tijd expliciet model. De in 
het model opgenomen processen zijn: transport door stroming, aggregatie met 
plastic en andere deeltjes, sedimentatie, opwerveling, afbraak, aanwezigheid 
van een biofilm en opslag in de waterbodem. De modelparameters zijn 
vastgesteld op basis van gegevens uit de literatuur en daarnaast is 
experimenteel de aggregatie efficiëntie van nano- en microplastic met deeltjes 
in het water, zoals kleideeltjes, bepaald. Deze aggregatie efficiëntie varieerde 
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van 0.004 tot 0.2 voor 70 nm en 1050 nm polystyreen deeltjes aan kleideeltjes 
in natuurlijk zoetwater. Scenarioberekeningen met het model laten zien dat de 
invloed van de polymeerdichtheid (1000 – 1500 kg/m3) en van de 
aanwezigheid van een biofilm betrekkelijk weinig invloed hebben op de 
verspreiding van de plastic deeltjes. Dit wordt verklaard door het feit dat 
variaties in polymeerdichtheid en biofilmformatie worden overschaduwd door 
het effect van de overmaat aan in de waterkolom zwevende deeltjes die 
aggregeren met microplastic. De grootte van de plastic deeltjes heeft een 
enorm effect op de gemodelleerde verspreiding, de retentie van plastic deeltjes 
in de rivierloop en de locatie waar ophoping in het sediment plaatsvindt. 
Retentie is het laagst (18-25%) voor deeltjes van een middelmatige grootte 
rond de 5 µm. Dit suggereert dat zowel de kleinere sub-micrometer deeltjes 
als de grotere micro- en millimeter plastic deeltjes vooral worden vastgelegd 
in rivierlopen. Deze resultaten laten zien dat de hydrodynamiek in rivieren de 
deeltjesgrootteverdeling van plastic verandert, met gevolgen voor de emissie 
naar zee.  
Plastic deeltjes van nanometer grootte beïnvloeden mogelijk, net als andere 
nanodeeltjes, organismen via specifieke grootte-gerelateerde effect 
mechanismen. Hoofdstuk 3 gaat in op de effecten van 70 nm polystyreen 
nanoplastic op organismen in het zoetwater milieu. Effecten van nanoplastic 
op de groei en fotosynthese van de groene alg Scenedesmus obliquus en de 
groei, overleving, voortplanting en misvormingen van de watervlo Daphnia 
magna worden behandeld. Populatiegroei en chlorofyl concentraties van de 
algen zijn lager tijdens blootstelling aan nanoplastic. Blootgestelde 
watervlooien zijn kleiner en verschillende veranderingen worden 
geobserveerd in hun nakomelingen. Aantallen en grootte van pasgeboren 
watervlooien zijn kleiner en het aantal misvormingen stijgt naar 68% van de 
individuen. Deze effecten van nanoplastic worden gezien bij blootstellings-
concentraties vanaf 0.22 mg/L. Misvormingen van jonge watervlooien treden 
op bij blootstellingsconcentraties vanaf 30 mg/L. Nieuw aan deze resultaten is 
dat ze laten zien dat directe fysiologische veranderingen in algen en watervlo-
populaties kunnen optreden door blootstelling aan nanoplastic. 
Er wordt over gespeculeerd dat microplastic negatieve fysiologische effecten 
en verhoging van bioaccumulatie van hydrofobe verontreinigende stoffen in 
organismen kan veroorzaken. Hoofdstuk 4 beschrijft het eerste onder 
gecontroleerde omstandigheden uitgevoerde experiment met benthische 
organismen blootgesteld aan microplastic waarbij de overdracht van 
hydrofobe contaminanten wordt geanalyseerd. Zowel de fysiologische 
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parameters overleving, foerageeractiviteit en gewicht als de opname van 
microplastic deeltjes en de opname van hydrofobe chemicaliën zijn 
onderzocht in een experiment waarin de mariene wadpier Arenicola marina is 
blootgesteld aan microplastic. Voorafgaand aan de blootstelling is de 
concentratie contaminanten in microplastic deeltjes in evenwicht gebracht met 
die in het sediment. De wadpieren nemen meer plastic deeltjes op en verliezen 
meer gewicht bij blootstelling aan een toenemende concentratie microplastic.  
Verder is een vermindering van de activiteit geobserveerd bij een microplastic 
concentratie van 7.4% van het sediment (droog gewicht). Een lage 
microplastic dosering van 0.074% van het sediment verhoogt de 
bioaccumulatie van hydrofobe contaminanten met een factor 1.1 tot 3.6. Dit 
effect is significant voor de concentratie van de 19 gebruikte contaminanten 
samen en voor een aantal individuele contaminanten. Bij hogere plastic 
doseringen is de bioaccumulatie van hydrofobe contaminanten lager dan bij 
lage dosering, maar dit is alleen significant voor één individuele contaminant. 
Dit verminderde effect op bioaccumulatie met toenemende plastic 
concentratie kan worden verklaard door verdunning van de totale hoeveelheid 
hydrofobe chemicaliën als gevolg van de toevoeging van een grote 
hoeveelheid chemicaliën-absorberend materiaal, namelijk de microplastic 
deeltjes. Microplastic heeft dus statistisch significante effecten op de 
gezondheid van organismen en op de bioaccumulatie van hydrofobe 
contaminanten, al is de omvang van het effect op bioaccumulatie niet groot. 
Het effect op de bioaccumulatie wordt eerder verklaard door de fysieke 
aanwezigheid van het plastic dan door het voorheen vermeende optreden als 
drager van contaminanten naar organismen toe.  
Complexe tegengestelde mechanismen spelen een rol in het transport van 
chemicaliën van plastic naar organismen en omgekeerd. In Hoofdstuk 5 is een 
model ontwikkeld en geanalyseerd dat het effect van plastic op de 
bioaccumulatie van hydrofobe contaminanten simuleert. Het model bevat de 
processen verdunning van de blootstellingsconcentratie door opname van 
hydrofobe contaminanten door plastic (‘verdunning’), toenemende 
bioaccumulatie door ingestie van plastic dat hydrofobe contaminanten bevat 
(‘drager’), en verminderde bioaccumulatie door ingestie van schoon plastic 
(‘reiniging’). Parameterisatie van het model is gebaseerd op de wadpier 
Arenicola marina en geëvalueerd met de bioaccumulatie gegevens van het 
experiment uit Hoofdstuk 4. Overige scenario’s bevatten: een ander 
microplastic polymeer type, nanoplastic, en open marine systemen. De model 
analyse laat zien dat plastic polymeer typen met een lage affiniteit voor 
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hydrofobe contaminanten, zoals bijvoorbeeld het polystyreen gebruikt in 
Hoofdstuk 4, een marginale vermindering van de bioaccumulatie in 
organismen veroorzaken, gestuurd door verdunning. Bij sterker absorberende 
polymeer typen zoals polyethyleen, zijn zowel verdunning als het drager- en 
reinigingsmechanisme meer bepalend voor de mate van bioaccumulatie. In 
laboratoriumexperimenten met gesloten systemen, leidt het domineren van de 
mechanismen ‘verdunning’ en ‘reiniging’ tot verminderde bioaccumulatie in 
organismen. Voor open mariene systemen wordt ook een vermindering van de 
bioaccumulatie van hydrofobe contaminanten door blootstelling aan plastic 
voorspeld, doordat het reinigingsmechanisme een tegengestelde werking heeft 
ten opzichte van biomagnificatie. 
Hoofdstuk 4 en 5 geven het belang aan van het meenemen van alle relevante 
processen en transport routes in het beoordelen van het effect van microplastic 
op de bioaccumulatie van hydrofobe contaminanten in organismen. In 
Hoofdstuk 6 is het effect van het sterk absorberende polymeertype 
polyethyleen microplastic op de opname van hydrofobe contaminanten in de 
wadpier Arenicola marina onderzocht, in een laboratorium experiment waarin 
de opnamefluxen vanuit alle natuurlijke blootstellingsroutes zijn 
gekwantificeerd. Concentraties van hydrofobe contaminanten in sediment, 
wadpier lipiden (Clip) en poriewater zijn gemeten met ‘passive samplers’ om 
de lipiden-genormaliseerde bioaccumulatie Clip, de Biota-Sediment 
Accumulatie Factor (BSAF), de Bioaccumulatie Factor (BAF) en een nieuwe 
parameter: de Biota-Plastic Accumulatie Factor (BPAF) te bepalen. Kleine 
effecten van de blootstelling aan plastic zijn gedetecteerd, soms duidend op 
een kleine toename, en soms op een afname van de bioaccumulatie. De grootte 
van de gedetecteerde verschillen in bioaccumulatie neemt echter afhankelijk 
van de gebruikte bioaccumulatie parameter af, in de volgorde: 
Clip>BSAF>BPAF>BAF, om uiteindelijk niet meer significant te zijn voor de 
BAF. Dat de BAF, oftewel Clip genormaliseerd op de poriewaterconcentratie 
in het sediment, alle effecten van blootstelling aan plastic op bioaccumulatie 
wegneemt, laat zien dat polyethyleen niet als meetbare vector voor hydrofobe 
contaminanten fungeert. Biodynamische model analyse bevestigt dat ingestie 
van polyethyleen, hoewel dit een van de polymeertypen is met het grootste 
potentiële effect op de bioaccumulatie, nauwelijks bijdraagt aan de 
bioaccumulatie. Hiermee bevestigt Hoofdstuk 6 empirisch de model-
voorspellingen uit Hoofdstuk 5, dat wil zeggen: dat onder milieu realistische 
condities de relevantie van microplastic voor bioaccumulatie beperkt is. 
Verder illustreert Hoofdstuk 6 het belang van het meenemen van blootstelling 
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aan contaminanten via alle media in microplastic bioaccumulatie studies, 
bijvoorbeeld middels gebruik van ‘passive sampling’ technieken. 
Mariene filterfeeders worden naar verwachting blootgesteld aan microplastic 
doordat ze kleine deeltjes selecteren als voedsel. In Hoofdstuk 7 is het 
voorkomen van microplastic in de grote mariene filterfeeder Megaptera 
novaeangliae, een baleinwalvis, onderzocht. Macroplastic was voorheen al 
gevonden in baleinwalvissen en omdat deze dieren zich voeden door kleine 
deeltjes uit grote watervolumes te filteren, verzamelen ze mogelijk ook 
microplastic deeltjes. Hoofdstuk 7 presenteert de eerste studie die het 
voorkomen van microplastic in de ingewanden van een baleinwalvis 
bevestigd. Potentiële synthetische polymeer deeltjes zijn geselecteerd uit de 
inhoud van de ingewanden op basis van dichtheid en uiterlijk, en geanalyseerd 
met Fourier-Transform-Infraroodspectroscopie (FTIR). Verschillende 
polymeertypen (polyethyleen, polypropyleen, polyvinylchloride, poly-
ethyleentereftalaat, nylon) zijn gevonden, in wisselende deeltjesvorm: folie, 
brok en draad met een grootte van 1 mm tot 17 cm. Deze diversiteit aan 
polymeertypen en deeltjesvormen kan worden geïnterpreteerd als een 
afspiegeling van de variërende kenmerken van marien plastic en de niet-
selectieve manier van ingestie door filterende baleinwalvissen. Een voorlopig 
model is ontwikkeld voor het inschatten van plastic concentraties in de 
waterkolom van de regio waar een bemonsterd dier vandaan komt, gebaseerd 
op het dagelijks gefilterde watervolume, de verblijftijd van voedsel in de 
ingewanden en het in het dier gedetecteerde aantal plastic deeltjes. De 
modeluitkomsten komen overeen met de gemiddelde in de literatuur 
vermeldde microplastic concentratie in oppervlaktewater in de oceaanregio 
waar de bemonsterde walvis vandaan komt. Dit illustreert de bruikbaarheid 
van het model voor inschatting van interne plastic concentraties in filterende 
organismen uit regio’s waarvan de plastic concentraties in het water bekend 
zijn en, andersom, de potentiële bruikbaarheid van de inhoud van ingewanden 
van filterende diersoorten voor het vertegenwoordigen van gemiddelde plastic 
concentraties in het milieu. 
Het combineren van kennis over verspreiding, blootstellingsconcentraties en 
effectdrempels en risicokarakterisering leidt tot inzicht in het ecologische 
risico van een verontreiniging. In Hoofdstuk 8 is zo’n risicobeoordeling 
uitgevoerd voor micro- en nanoplastic. De resterende onzekerheden zijn 
beschreven. De bovengrenzen van gerapporteerde microplastic concentraties 
zijn gestandaardiseerd per habitat type en mondiale regio. Vergelijking geeft 
aan dat zij het hoogst te zijn in strandzand, zoetwater sediment en 
Samenvatting 
300 
oppervlaktewater dicht bij de kust. Gebaseerd op microplastic concentraties 
en afbraakmechanismen zijn potentiële toekomstige nanoplastic concentraties 
in deeltjes aantallen ingeschat tot 14 grootteorders hoger te worden dan 
microplastic concentraties. ‘Species sensitivity distributions’ (SSDs) zijn 
geconstrueerd voor micro- en nanoplastic afzonderlijk. Uit de literatuur zijn 
voor aquatische organismen effectdrempels met potentiële consequenties op 
het populatieniveau gestandaardiseerd en gecombineerd in deze SSDs. Uit de 
SSDs zijn voorlopige veilige plastic concentraties afgeleid. Voor micro- en 
nanoplastic in water zijn dit respectievelijk 0.4 ng/L (microplastic) en 1.1 µg/L 
(nanoplastic). In voedsel van aquatische organismen en in sediment zijn dit 
0.1 mg/kg (microplastic) en 1 mg/kg (nanoplastic) droog gewicht. Een 
vergelijking van blootstellingsconcentraties met de schadelijke concentratie 
voor 5% van de soorten organismen (HC5), afgeleid uit de SSDs, wijst uit dat 
microplastic concentraties in de waterkolom op de meeste locaties onder de 
effectdrempel voor organismen liggen maar op sommige hotspot locaties nabij 
de kust gevaarlijk kunnen zijn voor 10-20% van de soorten. De bovengrenzen 
van wereldwijd gerapporteerde microplastic concentraties in zowel zoetwater 
sediment als strandzand vallen binnen de beperkte set momenteel beschikbare 
effectdrempels van microplastic deeltjes voor sedimentbewonende 
organismen. Voorgaand onderzoek duidde op een risico van microplastic voor 
alleen sedimentbewonende organismen. Het gebruik van nieuwe effect-
drempel data en het gebruik van extrapolatie factoren voor het consistent 
schalen van effectdrempels naar chronische effectconcentraties leidt ertoe dat 
ook een risico voor organismen in de waterkolom kenbaar wordt in dit 
proefschrift. Voor zowel micro- als nanoplastic suggereren actuele 
voorspellingen van de ontwikkeling van milieuconcentraties dat er in de 
toekomst voor meer soorten een risico zal zijn. Het transport van hydrofobe 
contaminanten door microplastic lijkt een verwaarloosbare bijdrage te leveren 
aan het totale risico door blootstelling aan microplastic. Uitzonderingen hierop 
zijn (a) hotspot locaties, waar een groot aandeel van het dieet van een 
organisme bestaat uit plastic (hoewel alleen als de chemische concentratie-
gradiënt transport naar het organisme toe mogelijk maakt) en (b) nanoplastic 
deeltjes, waarvoor het risico aanzienlijk kan zijn door de sterke binding van 
hydrofobe contaminanten en mogelijk translocatie naar weefsels buiten de 
ingewanden. Meerdere onzekerheden en datalacunes resteren, zoals de 
nanoplastic concentraties in het milieu, het belang van voedselselectie 
strategieën voor de blootstelling en generieke of soortafhankelijke 
effectmechanismen. Bovendien komt het materiaal plastic als vervuiling voor 
in een verscheidenheid aan polymeertypen, deeltjesvormen en –groottes, met 
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bijbehorende variaties in verspreiding en effecten. Desondanks maakt de 
combinatie van nieuwe informatie en concepten in dit proefschrift samen met 
een uitgebreide literatuurevaluatie van verspreiding, blootstelling en effect 
data, een voorlopige kwantitatieve risicobeoordeling voor micro- en 
nanoplastic mogelijk. 
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Als kind al was Ellen verwonderd over de ondergrond, het water en alles wat 
er op en in leeft. Zodra de eerste stapjes werden gezet had haar moeder de 
schone taak zonder steel geplukte bloemen op vaas te zetten. Ze werd door 
haar ouders aangestoken met het enthousiasme voor de tuin en plantte al jong 
bloemen en groenten, maar ook eikels en kastanjes. In de winter groef zij in 
de moestuin van haar ouders op de hoge enkgrond van Vorden kuilen om het 
grondwater te vinden. De verwachtte ondergrondse rivier bleef uit maar dat de 
metersdiepe kuil toch langzaam vol sijpelde met water, was des te mysterieus. 
De kuil ging op een paar bodemschatten, scherven van oud servies, na weer 
dicht om in het voorjaar op een andere plek opnieuw gegraven te worden. Eerst 
als kleine vijver, met een vuilniszak als bodembedekking. In de zomer namen 
de mooie dikke kikkers daar genoegen mee, maar voor de herfst moest er een 
vijver komen voldoende diep om de geliefde amfibieën de vorst te laten 
overleven. Die kwam er, op een onbestemd stuk grond tussen de schuur en een 
paar hoge coniferen. Misschien iets te vaak naar smaak van de kikkers werden 
zij onder de flappen van het vijverfolie weggepakt en geteld. De omgeving 
werd afgestruind en gele lis en dotterbloem naar de vijver gehaald. Het welig 
tieren van planten en dieren maakte dat haar ouders de vijver op een plek beter 
in het zicht, in de bloementuin wilden hebben. Die kwam er, en is er nog steeds 
met al z’n padden en salamanders. Het was daar dat het niet willen groeien 
van waterviolier en niet willen bloeien van zwanenbloem deden realiseren hoe 
afhankelijk al dat leven van omgevingsfactoren is. 
Ook buiten de eigen tuin werden groene kikkers gevangen en boomkikkers 
gezocht met haar vader bij kasteel De Wildenborch en in het bos waar ze op 
scouting zat. Eerst zelf en later als leidster liet zij kinderen de natuur 
ontdekken, en in het bijzonder het deel dat je met een schepnet tegenkomt. In 
de vijvers en het rabattenbos bij een vriendinnetje werden de eerste 
indrukwekkende kamsalamanders gevangen en daarop volgden er nog vele 
tijdens tellingen met reptielen- en amfibieën vereniging RAVON. Als 
bijbaantje onderhield ze de bloemen- en moestuinen van tuinliefhebbers op 
leeftijd. Op school ging haar interesse uit naar de bèta kant, waarna ze naar de 
universiteit van Wageningen ging om te studeren. Eerst landschapsinrichting 
en -planning, later milieuwetenschappen met als specialisatie, het kon 
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eigenlijk niet missen, aquatische ecologie en waterkwaliteit. In Wageningen 
ontmoette ze haar vriend, een geboren bioloog waarmee ze een volkstuin 
begon, de excursies van zijn studie tijdens vakanties nog eens overdeed en nu 
een zoon van twee heeft wiens eerste woorden 'bij' en 'vogel' waren. Ze liep 
stage bij Waterschap Zuiderzeeland waar ze in afstemming met verschillende 
partijen de optimalisatie van het gebruik van fosfor, een eindige grondstof, 
afstemde. Vanuit haar afstudeeronderzoek over de effecten van micro- en 
nanoplastic rolde ze door in haar promotieonderzoek bij de leerstoelgroep 
aquatische ecologie en waterkwaliteit in Wageningen en onderzoeksinstituut 
IMARES. Dat er relatief weinig bekend was over dit nieuwe onderwerp 
maakte dat er zowel vanuit beleid als wetenschappelijk veel interesse was voor 
het onderzoek en de groep zich in korte tijd ontwikkelde tot een internationale 
autoriteit op het gebied van verspreiding en effecten van micro- en 
nanoplastic. Naast haar promotieonderzoek werd Ellen docent bij de 
leerstoelgroep waar ze met veel plezier les gaf in een aantal aquatische 
ecologie en waterkwaliteitsvakken en afstudeeronderzoeken begeleidde. Het 
willen opdoen van meer beleidservaring en werken dichter bij de praktijk 
maakt dat ze weer terug is in de Achterhoek waar ze bij Waterschap Rijn en 
IJssel werkt aan het samengaan van een prachtig landschap, een 
verscheidenheid aan functies en een goede waterkwaliteit.
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